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Abstract 
Organotin compounds still present a high risk to biota in the aquatic 
environment. Measuring the behaviour of the freely dissolved fractions of 
these compounds in sediment compartments is challenging, with costly and 
sensitive analytical techniques required for their measurement. Diffusive 
gradients in thin-films (DGT) allow for the uptake and pre-concentration of 
analytes in a binding gel and is used to measure dissolved metals and some 
organic compounds. The utility of novel silica-bound sorbents (C8, C18, mixed 
phases) as DGT binding gels for the sequestration of organotins in the marine 
environment was the primary focus of work in this project. The C8 sorbent 
showed the optimum performance in the uptake and recovery of organotins 
across pH, ionic strength and in filtered sea water. It was used subsequently 
as the binding layer in DGT sediment devices (160 mm × 34 mm) overlaid with 
a mixed-cellulose ester membrane (0.45 µm) as the single diffusion layer. 
These were used to investigate pore water mobilisation and concentrations of 
organotins in coastal sediment cores collected from a contaminated site. 
Organotins demonstrated a non-sustained uptake scenario, with DGT flux and 
freely dissolved concentrations in pore water measured to decline at 1 cm 
depth intervals over deployments of 2-28 days.  Using time series, 
concentrations in pore water at t = 0 were calculated providing empirical pore 
water depletion curves for sediment cores. Using standard laboratory 
instrumentation (i.e. gas chromatography-mass spectrometry) low limits of 
detection were achieved (TBT = 0.4 ng L-1 after 2 weeks of sampling).  
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 Introduction 
1.1. Organotin compounds in the environment 
1.1.1. Chemistry and application of organotin compounds 
Organotins are organometallic compounds, consisting of a central tin ion 
(Sn(IV)) covalently bound to alkyl/aryl organic moieties (Omae, 2003; The 
World Health Organisation, 2006; Oliveira & Santelli, 2010). Organotin 
compounds are not considered to be synthesised via natural processes; 
although the bio-methylation of tin is a fate process in anoxic sediments 
(Amouroux, Tessier, & Donard, 2000; Vella & Adami, 2001). The industrial 
synthesis of organotin compounds can be done by a number of processes 
(including Grignard, Wurtz, alkyl aluminium and direct synthesis), followed by 
the redistribution of the Sn-C bond to mono-, di- or tri-alkyl/aryl moieties (Cima, 
Craig, & Harrington, 2003, p. 103). The tin organometallic structure is often 
represented as; R = alkyl/aryl organic group, X = anionic species/ligand and n 
= number of functional groups (Oliveira & Santelli, 2010) (R(4-n)SnX(4-n)). Table 
1.1 shows the chemical structure and the physiochemical properties of mono-
, di- and tri-substituted butyl and phenyl tin compounds. The solubility of 
organotin compounds is dependent upon the organic moiety (e.g. butyl, propyl, 
phenyl) and the respective number of organic groups attached to the tin atom 
(having influence on their adsorption to the solid-phase and partitioning 
behaviour within the environment (section 1.1.2)). The anionic group(s)(X) 
associated with organotin compounds are considered as having almost no 
influence over their toxicity (unless X is independently toxic); however, does 
influence overall solubility, environmental partitioning behaviour and the rate 
of biological uptake by marine organisms of organotins (Looser, Bertschi, & 
Fent, 1998; Oliveira & Santelli, 2010).  
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Table 1.1 Physiochemical properties of butyltin and phenyltin 
compounds  
Compound 
 
Structural 
formula 
Molecular 
weight 
(Da) 
Melting 
Point 
(˚C) 
Boiling 
Point 
(˚C) 
Solubility
* (mg L-1) 
Log Kow Ref 
Monobutyltin 
trichloride 
(MBTCl3) 
(RSnX
3
) 
 
282.8 -63 
93 (1.3 
kPa) 
na 0.18 
(Hoch, 2001; 
Ayanda, Fatoki, 
Asekola, & 
Ximba, 2012;)  
Dibutyltin dichloride 
(DBTCl2) 
(R2SnX2)  
303.8 40 
135  (1.3 
kPa) 
4-50 1.89 
(Hoch, 2001; 
Ayanda et al., 
2012)  
Tributyltin chloride 
(TBTCl) 
(R3SnX)  
325.5 -16 
172  3.3 
(kPa) 
50 
4.76 
 
(Arnold et al., 
1997; Hoch, 2001 
Ayanda et al., 
2012)  
Monophenyltin 
trichloride 
(MPhTCl3) 
(RSnX3) 
 
302.2 na na na   
Diphenyltin 
dichloride 
(DPhTCl2) 
(R2SnX2)  
343.8 42 333-337 50  na 
(Radke, 
Staniszewska, 
Wasik, 
Namieśnik, & 
Bolałek, 2008) 
Triphenyltin chloride 
(TPhTCl) 
(R3SnX) 
 
385.5 106 na 1-5 4.19 
(Arnold et al., 
1997; The World 
Health 
Organisation, 
1999; Radke et 
al., 2008; Ayanda 
et al., 2012;) 
na = not available *speciation in sea water 
 
Pollution by organotins in the environment is synonymous with tributyltin 
(TBT), the major organotin compound of concern in water. Historically (1950–
2001) TBT (and to a lesser extent TPhT) were incorporated as the active 
biocide in antifouling paint; with the earliest systems consisting of concentrated 
tributyltin fluoride (TBTF) and tributyltin oxide (TBTO), marketed as a blending 
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ingredient for paints. The use of these blended coatings was superseded by 
the development of contact leaching paints; where the release of the biocide 
occurred via the hydrolysis of TBT methacrylate at the paint surface-layer 
(Omae, 2003). By 1974, the first “self-polishing” paint came into the coatings 
market, allowing for the controlled release of TBT, whilst providing a gradual 
and continual renewal of the biocide surface layer (Yebra, Kiil, & Dam-
Johansen, 2004). At this time, self-polishing paints were perceived to provide 
large economic benefits to the maritime sector; with intervals between ship dry 
docking increased and the reduced necessity for the re-application of 
antifoulant paint (providing greater long term fuel efficiency through increased 
performance of reduced fouling on the hulls of ships (Champ & Seligman, 
1996, pp. 13-14; Yebra et al., 2004)). The wide-spread use of TBT and TPhT 
remained unrestricted until the early 1980’s, when French and English oyster 
fisheries began reporting malformations with Pacific oyster (Crassostrea 
gigas) stocks (with increased mortality of spat and the thickening/balling of 
oyster shells). Primary studies by Waldock & Thain (1983) and Alzieu, 
Sanjuan, Deltreil, & Borel (1986) identified that the frequency of oyster shell 
thickening was most apparent in locations nearerst to harbours/marinas and 
that TBT water concentration correlated to oyster shell malformation. Other 
key studies responsible for highlighting the causal effect of TBT to aquatic 
biota includes work by Gibbs & Bryan (1986) who first identified organotin 
induced imposex and endocrine disruption within dog-whelk (Nucella lapillus) 
populations at very low concentrations (< 1 ng L-1).   
In response, the use of organotin compounds in antifoulant systems is now 
banned under the International Convention on the Control of Harmful Anti-
fouling Systems on Ships (AFS Convention Annex 1, 2001) after their gradual 
phasing out from 1st January 2001; with the application of organotin based 
antifoulants prohibited globally by the International Maritime Organisation 
(IMO), followed by its complete prohibition in January 1st 2008, with a ban on 
the presence of organotin antifoulants that act as a biocide.  
Despite the ban, sediments in ports, docks, maintenance facilities, offshore 
shipping routes and anchorages are a major sink for TBT, TPhT and their 
degradation products (dibutyltin = DBT, diphenyltin = DPhT, monobutyltin = 
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MBT, monophenyltin = MPhT) and can be found at ng g-1 to µg g-1 
concentrations (section 1.1.5). Figure 1.1 shows a summary of the number of 
publications relating to TBT research from 1954-2014 and highlights 
publication trends in conjunction to organotin legislation.  
Although TBT is the primary organotin compound of concern in the aquatic 
environment; other inputs contribute to the presence of organotin compounds 
in the environment. Globally, organotins are the most heavily used 
organometallic compound (~ 50,000 t yr-1) (Cima et al., 2003, p. 101), with 
applications in PVC stabilisation, precursors in glass coating and as antifungal 
agents in textiles and other household commodities (Table 1.2). Organotin 
compounds used within the plastics and glass industry account for the largest 
consumption of tin globally (The World Health Organisation, 2006)  and are  
predominantly in the form of di-substituted and mono-substituted tin 
compounds, used as HCl scavengers within the plastic polymer production (M 
Hoch, 2001). The disposal of PVC products and organotin containing 
commodities to landfill also remain a contributing factor, with leachate 
emissions and volatisation of methylated organotin compounds from landfill 
sites acting as a source for organotins (Björn, Hörsing, Karlsson, Mersiowsky, 
& Ejlertsson, 2007; Bjorn, Horsing, Ejlertsson, & Svensson, 2011). Other 
recorded emissions to the environment include leaching from newly installed 
PVC water pipes (Wu, Roberts, Chung, Ernst, & Havlicek, 1989; Quevauviller, 
Donard, & Bruchet, 1991; Sadiki & Williams, 1999) and via sludge waste from 
sewage treatment facilities. Organotins are still used as agricultural pesticides 
within certain regions of the world, notably from the use of triphenyltin (TPhT) 
(and to a lesser extent, tripropyltin) in regions of South East Asia (Cima et al., 
2003, p. 103). Phenyltin (fentin) is applied in the form of TPhT acetate and 
TPhT chloride as a contact pesticide for crop protection against fungal 
diseases. TPhT was introduced on to the international agricultural pesticides 
market in 1960, but has now been excluded from Annex 1 of the EC Directive 
1107/2009 (IUPAC, 2011).  
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Table 1.2 Industrial applications of organotin compounds 
Application  Function 
Organotin 
compound 
Ref  
Agrochemicals Fungicide, insecticide (R = Ph) R₃SnX 
(Antes, Krupp, 
Flores, Dressler, & 
Feldmann, 2011) 
Antifoulant paint 
Biocide application for 
control of a broad 
spectrum of organisms 
(R = Me, Bu, Oct) 
R₃SnX 
(Hoch, 2001; Omae, 
2003) 
Glass treatment 
Precursor for Sn(IV) 
oxide films on glass 
(R = Me, Bu) 
R₂SnX₂, RSnX₃ 
 (Buchanan & 
McKown, 1997)  
Impregnation of 
goods and 
application within 
sanitary products 
Fungicide, biocide 
(R = Bu, Ph) 
R₂SnX₂, R₃SnX,  
(Yamada et al., 
1993) 
Industrial water 
Biocide in refrigeration 
and cooling systems 
(R = Bu, Oct) 
R₃SnX, RSnX3 
(Okoro, Fatoki, 
Adekola, Ximba, & 
Snyman, 2010) 
Materials 
protection 
Acaracide, fungicide, 
insecticide,  
(R = Bu) R₃SnX (Omae, 2003) 
Poultry farming Dewormer (R = Bu) R₂SnX 
(Epstein, Phillippo, 
Harr, Koscinski, & 
Vasco, 1991) 
PVC stabiliser 
Stabilisation/protection 
from/by heat and light 
(R = Bu, Me,) 
RSnX₃, R₂SnX₂  
(Quevauviller et al., 
1991; Sadiki & 
Williams, 1999)  
Wood 
preservation 
Acaracide, fungicide, 
insecticide  
(R = Bu, Ph,) 
R₃SnX 
(Fargasova, 
Reinprecht, & 
Kizlink, 1997) 
Bu = butyl, Me = methyl, Ph = phenyl, Oct = octyl 
6 
 
 
Figure 1.1 Scientific publications citing TBT in the environment (1957–
2015) – data obtained from Scopus 
1.1.2. Behaviour, fate and degradation  
The behaviour of organotin compounds within the aquatic environment can be 
described as a function of equilibrium between solid and aqueous phases; 
subject to a number of chemical and physical influences.  
Figure 1.2 shows the biogeochemical fate of organotin compounds in the 
aquatic environment. Current or “new” inputs typically source from the 
contamination of municipal water occurring from the leaching of organotins in 
sewage sludge, landfill sites and PVC pipes and plastics. TBT and TPhT (as 
historical contamination) is present as sediment bound concentrations or as 
paint chip fragments still existent within benthic sediments. The highest 
concentrations of organotin compounds within the water column are found at 
the surface microlayer (Cleary & Stebbing, 1987; Huang, Chen & Dai, 1998), 
where photolysis exhibits a degradative role (section 1.1.3). Within the water 
column, organotin compounds adsorb rapidly to suspended particulate matter 
(SPM) (with ~ 86 % TBT adsorbed to sediments in 2 h; (Langston & Pope, 
1995)). Subsequently, fractions accumulate and sink, causing much higher 
concentrations of organotins in sediment than in the water column (Ruiz, 
Barreiro, Couceiro & Quintela, 2008) (Section 1.1.5). Desorption from 
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sediments occurs and is considered to be driven by a number of 
physiochemical mechanisms (e.g. passive diffusion, the mineralisation/ageing 
of sediments and the hydrolysis of cationic binding ligands on the sediment 
surface (Stuer-Lauridsen & Dahl, 1995; Burton, Phillips & Hawker, 2006). The 
stabilisation of TBT with sulphides (to less labile fractions) has also recently 
been attributed to the stabilisation of TBT in pore water (Briant, Bancon-
Montigny, Freydier, Delpoux & Elbaz-Poulichet, 2016). The biomethylation of 
organotins in sediment is also an important fate mechanism (Amouroux et al., 
2000) (with methylated organotins having a lower affinity for the solid-phase in 
comparison to non-methylated species, therefore having a higher propensity 
to desorb (Vella & Adami, 2001). Losses of methylated TBT from dredged 
sediments to the air have been investigated (Vella & Vassallo, 2002) with the 
volatisation of organotin compounds from air-exposed material accounted for 
as a removal process from the aquatic environment (although it is not 
considered to be a major mechanism, with the half-life for volatisation of TBT 
from water reported as 11 months by the World Health Organisation (1990)).   
Figure 1.2 Biogeochemical cycle of organotin compounds in the aquatic 
environment (Cole et al., 2015); adapted from Amouroux et al., (2000) 
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1.1.3. Partitioning behaviour  
Fates studies have predominantly focussed on TBT, with contradictions 
between findings attributed to many parameters that effect TBT behaviour in 
the environment; including TBT spatial heterogeneity and the biological and 
chemical variables occurring in samples. This section aims to present the 
overall consensus of TBT partitioning amongst authors and introduces some 
of the methods and findings from these studies.  
TBT and TPhT has a high affinity to the solid-phase, with adsorption being a 
dualistic function of hydrophobic partitioning and electrostatic interaction 
(Arnold et al., 1997). The aquatic chemistry and consequent organotin-ligand 
speciation have an important role in bioavailability and bioaccumulation of 
each organotin analyte; with changes to their hydrophobicity (Kow, often 
expressed as log Kow) occurring over ranges of aquatic chemistries (Arnold et 
al., 1997; Bangkedphol, Keenan, Davidson, Sakultantimetha & Songsasen, 
2009).  
The chemical and environmental factors that influence the partitioning 
behaviour of organotin compounds on to the solid-phase include: 
1) The concentration of the organotin analyte in the aqueous phase (Langston 
& Pope, 1995) where, in general, overall partitioning on to the solid-phase is 
reduced via the increased concentration of organotins in the aqueous phase. 
2) The composition, concentration and situation of the solid-phase, i.e. SPM 
(as suspended particulate matter), the respective organic carbon content (%), 
particle grain size (µm) and the availability of deprotonated anionic binding 
sites (or the net negative charge of the solid-phase) (Langston & Pope, 1995; 
Hoch, Alonso-Azcarate & Lischick, 2002; Burton, Phillips & Hawker, 2004). 
3) The number and nature of organic groups (R) covalently bound to the tin 
atom; e.g. mono-, di- and tri–moieties (where for butyltin compounds, the log 
Kow is MBT < DBT < TBT; section 1.1.1, Table 1.1). 
 4) Organotin-ligand speciation (as X in RnSnX), being a function of aquatic 
pH, salinity and the presence/nature of anionic inorganic and humic, ligands 
within the system (Langston & Pope, 1995; Arnold et al., 1998). For example, 
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TBT ionic speciation (TBT+) occurs below its acidic constants (pKa) of 6.25 
(Arnold et al., 1997; Hoch et al., 2002). In marine environments, TBT is largely 
speciated as neutrally charged complexes (e.g. TBTOH and TBTCl) (Langston 
& Pope, 1995; Brandli, Breedveld, & Cornelissen, 2009). A simplified TBT-
ligand speciation model for TBT (where for illustrative purposes, Cl- is the only 
ligand species) is shown in Figure 1.3, (Burton et al., (2004).  At low salinities 
(5 psu) (a), TBT+ expression expressed the highest fraction in the system, 
when the pH of water is below the TBT acidic constant (pKa < 6.25). Due to 
the reduced availability of anionic ligands present in the system, neutrally 
charged TBT (TBTCl0) complexes are less abundant. At higher salinities (b), 
these neutrally charged TBT complexes are the most abundant fractions, 
resultant of the increased availability of anionic ligands present in the system. 
In both high and low salinities at pH values > 6.25, TBTOH is the dominant 
species, resulting from the more basic aquatic conditions (OH-). Across pH 3-
9, the log Kow of TBT decreases at pH ranges above the pKa of TBT, with the 
log Kow of TBT marginally greater at higher salinities (Figure 1.3c). At pH 
ranges above the pKa of TBT, association of TBT to TBTOH occurs; with 
partitioning behaviour subsequently more like that of a hydrophobic 
contaminant (Burton et al., 2004; Bangkedphol et al., 2009).  
  
Figure 1.3 TBT-ligand expression at (a) low salinity (b) high salinity and 
at (c) low and high salinity influence on log Kow, over pH ranges 3-9 (with 
NaCl as the only anion) (Burton et al., 2004)  
A small number of studies have investigated the complexation of TBT and 
TPhT to dissolved fractions of negatively charged humic acids, with Arnold et 
al., (1998) investigating the complexation of TBT and TPhT compounds to 
associated carboxylate and phenolate compounds. In their study, the 
speciation behaviour of TBT and TPhT to humic acids was found to be dictated 
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pH, with the type of complexed humic group associated to the organotin cation. 
Arnold et al., (1998) found that carboxylate had the greatest change in 
association behaviour with TBT; with the highest abundance of TBT-
carboxylate speciation observed just below the pKa of TBT (60 % of TBT 
species at pH 6). Similarly, carboxylate speciation TPhT demonstrated the 
largest dependence influence to pH, with the largest abundance of TPhT-
carboxylate measured just below its pKa (at pH 5). Consequently, the 
abundance and nature of organic carbon constituents in the aquatic 
environment will also influence the partitioning behaviour and fate of these 
compounds to particulate organic matter.   
For TBT fate studies in the aquatic environment, the solid-water distribution 
coefficients (Kd, L kg-1) is often used to quantify contaminant fractions between 
the solid-phase and aqueous phase at equilibration (Burton et al., 2004). As 
field samples can typically contain organotins, 14C-labelled organotin 
compounds or deuterated compounds (e.g. TBT-d27) can be used to positively 
identify the behaviour and degradation rates of organotins over time in field 
samples (Langston & Pope, 1995; Berg, Arnold, Müller, Mühlemann & 
Schwarzenbach, 2001). Alternatively, pre-determined concentrations of 
organotins in samples are used (Burton et al., 2006; Bangkedphol et al., 2009), 
however, this requires preliminary work to determine concentration(s) in the 
sample and its homogeneity. Due to the many factors that influence organotin 
fate, determinations of sediment characteristics’ (TOC %, particle grain size 
and sand/silt composition) are determined in conjunction with organotins. 
From studies incorporating these parameters, the Kd of TBT to sediment is 
generally determined to be highest at intermediate pH ranges (pH 6-8) 
(Langston & Pope, 1995; Hoch et al., 2002; Burton, Phillips & Hawker, 2005; 
Bangkedphol et al., 2009), where fractions of TBT+ and neutrally charged 
complexes (TBTCl0 and TBTOH) are more equally proportionate to each other, 
providing both hydrophobic adsorption and electrostatic interaction. Extremes 
in salinity have also been found to increase TBT adsorption to sediment. At 
low salinities, reduced cationic competition for charged binding sites allow for 
the increased adsorption of TBT on to the solid-phase (Burton et al., 2005). At 
higher salinities, hydrophobic compounds reportedly undergo “salting out” and 
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is often attributed as a mechanism for the higher Kd of TBT at high salinities 
(> 80 psu) (Bangkedphol et al., 2009). 
The concentration and nature of the organic carbon content of sediment and 
suspended particulate matter (SPM) has a significant influence on the 
adsorption of organotin compounds to the solid-phase. Berg et al. (2001) 
introduces a sorption/desorption kinetic model (as the organic carbon-
normalised-sediment water distribution ratio = Doc) which incorporates organic 
carbon into the solid-water partition coefficient (foc), where; Doc = Kd/foc. 
Langston & Pope (1995) Hoch et al., (2002) and Bangkedphol et al., (2009) 
found that sediments of higher organic carbon concentration increased the Kd 
of TBT over sediment of a more silt/sand composition. Burton, Phillips, & 
Hawker (2006) investigated the partitioning behaviour of TBT in sediments of 
contrasting physical/chemical properties and subjected them to “ageing”, over 
1-84 days under sterile conditions. Aged sediments were spiked to 10 mg kg-
1 and desorbed into 20-40 mL artificial sea water. The authors found that 
sediments containing large amounts of organic carbon (2.8 % and 4.8 % w/w), 
sediment age provided a substantial increase in the partitioning of TBT and 
was postulated that it would retain TBT more effectively.  
1.1.4. Sediment profiling and the mobilisation of organotins to sediment 
pore waters 
A few authors have undertaken vertical profiling of organotins in sediment. By 
understanding the concentrations and the remobilisation behaviour of these 
compounds to pore-water, data can provide an indication on the bioavailability 
and redistribution risk posed by these contaminants. Consequently, a very 
small number of studies have also aimed to develop systems to measure the 
flux of organotins to the overlying water column. One approach in quantifying 
and predicting organotin behaviour is to determine butyltin Kd and Doc near, or 
at the sediment water interface (SWI). Burton et al., (2005) investigated the 
partitioning of butyltin contaminated sediment cores from an estuarine marina 
in Queensland, Australia. Burton et al., (2005) reported that within the first 0-
6 cm of the sediment profile, a higher variability of Doc was observed; with an 
increasing concentration gradient of butyltins determined at depth (cm). Burton 
et al., (2005) hypothesised that the higher Doc variances in this upper region 
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of the core were not at equilibrium, indicating that there may be 1) the potential 
upward diffusion of butyltins from > 6 cm depth to the sediment-water interface 
and 2) A potential resupply of butyltin compounds from the sediment-water 
interface. Using the butyltin degradation index (BDI); (section 1.1.5.1), Burton 
et al., (2005) report values < 1 within the first 0–2 cm of the core; indicating a 
“new” input of TBT at these depths. Concentrations of degradation products 
(DBT and MBT) were greater in sediments > 10 cm depth; with a BDI of 2.53, 
suggesting no recent inputs of TBT.  
Briant et al., (2016) used Peeper sampling devices to determine 
concentrations of butyltin compounds in sediment pore-waters from Carmague 
Port, France, during summer and winter (section 1.4.2 describes details of 
sampling further). For this study, peepers were deployed in-situ, along with the 
collection of surface sediment samples to determine the behaviour of 
organotins under anaerobic oxidation. The authors found from after incubation 
experiments (15 days), the release of TBT occurred from the mineralisation of 
particulate organic matter. For sediment profiles, concentrations of MBT in 
pore-waters were found to be highest (Table 1.4) with TBT released at the SWI 
in Fe-reducing conditions (winter) and in sulphate-reducing conditions 
(summer). The authors concluded that slower degradation in anoxic sediments 
occurred and that TBT accumulation in deeper pore waters could be favoured 
due to the formation and stabilisation of TBT-sulphide (TBTS). Methylated Sn 
species were also identified in summer deployments, indicative of different 
biological mechanisms occurring between seasons.  
Point et al., (2007) describes the application of in situ, incubated benthic 
chambers to measure the flux of trace metals, methylmercury and butyltins 
from sediments to the overlying water column at the Thau Lagoon, France.  By 
using manganese as a proxy for redox at the SWI, the authors were able to 
discriminate between microscale and macroscale processes and found that 
organism density (macrofauna and macroalgae) played a key role in the 
temporal and spatial variability of contaminants at the sampling sites. For TBT, 
the mean flux calculated from sediment (April-May 2002) ranged between -
0.05-1.2 µg TBT m-2 y-1.  
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1.1.5. Degradation of organotin compounds 
The reported half-lives of organotin compounds within the aquatic environment 
are highly variable, with half-lives of TBT reported as; freshwater = 6–26 days, 
estuarine water = 1–2 weeks, sea water = 6–127 days, estuarine sediment = 
~ 3.8 years and marine sediment = ~ 1.85–8.7 years (Cima et al., 2003, p. 
109). Degradation of organotin compounds occur by loss of the organic group, 
successively degrading to inorganic tin, although other identified routes are 
emerging (Furdek et al., 2015). The organotin degradation route can be 
simplified as; 
R3SnX  R2SnX2  RSnX3  SnX4 
So for TBT degradation: 
TBT  DBT  MBT   Sn (IV)  (Blunden & Chapman, 
1982) 
Abiotic degradation is governed by water pH, salinity, temperature, exposure 
to light and the solubility of organotin compounds (Dubey & Roy, 2003).  The 
thermal degradation of organotin compounds is often discounted, due to the 
Sn-C bond having stability at temperatures > 200˚C (Seligman et al., 1996). 
Gamma irradiation also has a negligible effect on organotin degradation rates 
(with the radiation energies required for cleaving the Sn-C bond reduced via 
the attenuation of the Earth’s atmosphere (Seligman et al., 1996)). 
Degradation by hydrolysis is an abiotic mechanism, however, is only achieved 
under extreme pH conditions, rarely encountered within the natural 
environment (World Health Organisation, 1990). Sunlight in the UV spectrum 
has energy of 600 kJ mol-1 and has a slight influence over the cleaving of Sn-
C bonds (with disassociation energies ~ 210 kJ mol-1) (Blunden & Chapman, 
1982), therefore, photodegradation processes such as oxidation and 
hydrolysis can also be considered a degradation route for organotins in the 
water column. Biological degradation is the most important degradation 
process, with algal and microbial activity in the oxygenated, photic zone 
allowing for more rapid degradation of organotin compounds (Gadd, 2000; 
Radke et al., 2008). More recently, degradation mechanisms of butyl- and 
phenyltin compounds have been investigated from collected sediment cores 
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using isotopic Sn tracers and separate laboratory incubations (over 3 days) 
(Furdek et al., 2015). The authors found the organic matter content of 
sediment had an important influence on organotin degradation efficiency; 
where organotin degradation was limited by their desorption into the pore-
water phase (with degradation occurring faster in  oxic pore-waters as a 
consequence of the higher proportion of aerobic microorganisms occurring in 
these zones. The reduced degradation rate of organotins by anaerobic 
bacteria subsequently limited by their release from the solid-phase,  with 
sediments rich in organic matter also increasing its persistence in anoxic 
compartments.  
1.1.5.1. Butyltin degradation index (BDI) and phenyltin degradation 
index (PhDI) 
The BDI and PhDI are used to assess whether recent inputs of TBT or TPhT 
into environmental compartments is occurring. Importantly, the BDI and PhDI 
do not account for additional inputs of degradation products into the system, 
with DBT and MBT released via other sources other than TBT degradation. 
None the less, these indices can useful as an additional measure to help 
determine the overall status of TBT pollution. By calculating concentration 
ratios of the degradation products against the concentrations of TBT or TPhT, 
the (1) butyltin degradation index (BDI) or (2) phenyltin degradation index 
(PhDI) value is obtained. Values < 1 are indicative of ‘recent’ inputs of TBT 
and TPhT; whereas values which have a ratio > 1 are representative of 
organotin degradation, with no ‘recent’ inputs of TBT or TPhT.  
 
1) BDI = 
[MBT]+[DBT]
[TBT]
 
1) PhDI = 
[MPhT]+[DPhT]
[TPhT]
 
      (Dıéz, Ábalos & Bayona, 2002) 
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1.1.6. Toxicity 
The overall toxicity of TBT and TPhT to aquatic biota is generally reduced with 
the successive removal of each organic moiety (Paton, Cheewasedtham, Marr 
& Dawson, 2006); although the toxicology of organotin compounds is 
complicated by differences in environmental concentration, exposure time, 
aquatic chemistry and the independent biotic species sensitivity to organotin 
compounds (Graceli et al., 2013).  
Organotins target a large range of organisms, with the biological effects on 
species at different locations presented in numerous studies. Notoriously, 
effects relate to organotin induced mortality, shell thickening of oysters, the 
imposex of gastropods and the decline in the recruitment of marine juvenile 
stages. Since the initial studies of  Waldock & Thain, (1983), Alzieu et al., 
(1986) and Gibbs & Bryan (1986) (section 1.1.1), more recent studies have 
focussed upon the intra-cellular biochemistry of organotins within biota and 
bacteria. Enzyme behavioural response to TBT  has been investigated using 
Crassostrea gigas, in which electrophoresis of enzyme allozymes from oyster 
tissue were measured (Tanguy, Fernandez Castro, Marhic & Moraga, 1999). 
The authors’ found that aspartate-amino-transferase (AAT-2), adenylate 
kinase and phosphoglucomutase were involved in the main physiological 
processes affected by TBT and were indicative of pollution within Pacific 
Oysters. Bivalve imposex, commonly in dog-whelks (Nucella lapillus) is 
probably the most studied organotin toxicological mechanism; owing to its 
occurrence at very low concentrations (ng L-1) (section 1.3.2 discusses their 
use as a biological indicator species). The sub-cellular mechanism of 
endocrine disruption is unclear; however, organotins are now known to induce 
the inhibition of one aromatase P450, a cytochrome that converts testosterone 
to estradiol (Graceli et al., 2013). Organotin compounds have demonstrable 
effects to the reproductive function in mammals and have also been identified 
as endocrine disruptors, hepatoxins, immunotoxins, neurotoxins and 
obeseogens (Junzo, Hiroaki & Yuko, 1993; Zuo et al., 2011 Graceli et al., 
2013; Alasonati et al., 2015). Microbial responses to organotin compounds 
vary, with some bacterial strains demonstrating no resistance and increased 
mortality with exposure, whilst others interacting with tin compounds and 
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acting as important vectors for organotin degradation (Dubey & Roy, 2003). 
Microbial biofilms consist of complex exopolysaccharides which are frequently 
anionic in nature and therefore have a high propensity for the bioaccumulation 
of metals and other cations. The bioconcentration factors of biofilms can range 
over several orders of magnitude (10-1–10-4) and will be dependent on the 
metal/cation, salinity, temperature, and other environmental conditions. 
Biofilms act as a sink for nutrients and attract an increasing diversity of 
planktonic and benthic invertebrates. The bioconcentration of TBT within these 
exopolysaccharide structures has been found to inhibit the natural attachment 
and metamorphosis of oyster larvae and reef-building corals (Labare, Coon, 
Matthias & Weiner, 1997; Negri & Heyward, 2001). The bioaccumulation of 
TBT also increases the biomagnification risk to grazing invertebrates. TBT and 
TPhT are rapidly adsorbed into the lipid structures of marine biota by branchial 
and dietary uptake. Metabolism rates of organotins within marine invertebrates 
are generally regarded as being slow; therefore, they are easily transported 
throughout trophic levels (Cima et al., 2003, pp 102). A study on TBT uptake, 
tissue distribution and breakdown in Nucella lapillus, was done using 14C-
labelled TBT chloride, in which radiographic measurements of 14C were made 
on tissue extracts containing labelled 14C TBT + DBT and natural TBT (Bryan, 
Bright, Hummerstone & Burt, 1993). The uptake of butyltin compounds into 
animals was undertaken by 1) exposure to seawater, 2) ingestion from a diet 
of labelled mussels (Mytilus edulis) and 3) injection into target regions of the 
organism. Bryan et al., (1993) examined the digestive gland, kidney, mantle, 
foot, viscera, gonads and blood of the dog-whelks and found that absorption 
of dissolved TBT primarily occurred via tissues associated with the mantle. 
Autoradiography data showed that the ctenidium (gill) and osphradium were 
likely to be of most importance in TBT uptake within Nucella lapillus. Of the 
non-reproductive tissues, the mantle demonstrated the lowest TBT 
metabolism rate, whereas kidney and digestive glands contained the lowest 
proportions of 14C as TBT than other tissues (60% of proportions found in other 
tissues).  
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1.1.7. Concentrations of organotin compounds in aquatic compartments 
Since the restriction on organotin antifoulants in 2001 followed by their 
complete prohibition in 2008; concentrations of TBT within the aquatic 
environment have shown a decline. Tables 1.3-1.5 present the most recently 
reported concentrations of organotin compounds in sediments, sediment pore-
waters and in the water column (between 2004-2016; with concentrations 
converted to organotin cation for comparative purposes, (expressed as ng g-1 
and ng L-1). The review of environmental concentrations aims to bring together 
the most recent environmental data and act as a record of measured 
concentrations in the coastal environment over the last 10 years. The review 
aims to serve as a tool for individuals undertaking organotin monitoring, by 
providing a comparison against other polluted regions of the world so as to 
allow a benchmark for their own assessments. The review also aims to 
compare some of the less reported studies in organotin pollution studies, 
notably, concentrations measured in sediment pore-waters (Table 1.4). Total 
sediment concentrations can vary between measurements below method 
detection limits, to highly contaminated (µg g-1) (Table 1.5). Concentrations 
are reportedly higher during warmer seasons and are attributed to an increase 
in boating activity and biological activity (with increased degradation of 
butyltins and desorption from remineralisation of organic matter) (Radke et al., 
2012). When comparing sediment concentrations (Table 1.5) with OSPAR 
EAC sediment guideline values (10 ng TBT kg-1 = 0.01 ng TBT g-1 d.w.) 
(section 1.5.1), the majority of TBT concentrations still fall above these 
guideline values.  
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Table 1.3 Concentrations of butyl and phenyltin compounds in coastal and estuarine waters (as ng L-1) 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
* = 2010 values, N.D. = not detected/below limit of detection, GC = gas chromatography, MS = mass spectrometry, FPD = flame photometric detector, GFAAS = Graphite furnace atomic adsorption 
spectrometry, ICP-MS = inductively coupled plasma mass spectrometry, PLE = pressurised liquid extraction, ID = isotope dilution, FD= fluorescence detector, HS = headspace.  
Location of 
study 
Details of 
sampling 
Analytical 
method 
TBT DBT MBT TPhT DPhT MPhT Ref 
Monitoring 
survey (42 
sites), France 
2012 GC-ICP-MS < 0.2-1 < 0.2-1.6 0.5-102 ND ND ND (Cavalheiro et al., 2016) 
Southampton 
Water, UK 
2010-2012 GC-GFAAS 0.5-24*      (Langston et al., 2015) 
Galacian, Spain - 
HS-SPME-GC-
MS/MS (Sodium 
tetrapropylborate) 
0.8-3.3 N.D-5.1     
(Moscoso-Pérez et al., 
2015) 
Jinghae Bay, 
South Korea 
2008/09; 
temporal 
assessment of 
TBT 
GC-FPD 
(Grignard’s 
reagent) 
N.D-1.2 N.D-2.3 N.D-2.2    
(Kim, Hong, Yim, Shin, & 
Shim, 2014) 
Kaohsiung 
Harbour and 
Kaoping River 
estuary, Taiwan. 
April, June and 
August (wet 
and dry 
seasons) 
HPLC-FD N.D-82      
(Shue, Chen, Bellotindos, 
& Lu, 2014) 
Port Gdyina, 
Baltic Sea 
2009 (February 
and June) 
PLE-GC-FPD 
(sodium 
tetraethylborate) 
13-191 8.2-85 2.6-56    (Radke et al., 2012) 
Harbours and 
Bays (15 sites) 
in South Korea 
2009 (August -
September)  
2010 
(September) 
GC-FPD 
(Grignard’s 
reagent) 
N.D-56 N.D-54 N.D-26    (Kim, Shim, et al., 2014) 
Ijmuiden, The 
Netherlands 
2010 (August – 
September) 
GC-MS (sodium 
tetraethylborate) 
3.4-4.6 2.5-3.1 0.2-0.4    (Smedes & Beeltje, 2011) 
Alicante 
Harbour, Spain 
2005 
(November) 
GC-ICP-MS 
(sodium 
tetraethylborate) 
14-48 26-36 4.1-12    
(Aguilar-Martinez et al., 
2008) 
Xiamen coast, 
China 
2006 (March) 
GC-FPD (sodium 
tetraethylborate) 
2.9-145 1-14 3.2-98    
(Wang, Hong, Zhao, & 
Hong, 2008) 
Suruga Bay, 
Japan 
2003 
(December)  
and 2004 
(February) 
GC-ICP-MS 
(sodium 
tetraethylborate) 
0.4-33 0.2-7.2 0.06-5.4    
(Kurihara, Rajendran, Tao, 
Yamamoto, & Hashimoto, 
2007) 
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Table 1.4 Total sediment concentrations (ng g-1) and sediment pore-water concentrations of butyltins (as ng L-1) 
 
N.D. = Not detected/below limit of detection, MS = mass spectrometry, AAS = atomic adsorption spectrometry, MIP = microwave induced plasma, AES = atomic emission spectroscopy PTV-LVI = 
programme temperature vaporisation-large volume injection. 
 
 
 
 
 
 
Location of study Details of sampling Analytical method TBT DBT MBT Ref 
   pore-water sediment (total) pore-water sediment (total) pore-water sediment (total)  
Port of 
Carmargue. 
France 
Sediment cores, 
summer and winter 
sampling 
GC-ICP-MS-SPME 
(sodium 
tetraethylborate) 
0.24-168 198 1.9-113 908 28-205 2179 
(Nicolas Briant 
et al., 2016) 
Gold Coast, 
Queensland, 
Australia 
- 
GC-MS (sodium 
tetraethylborate 
< 109-2,492 220-8,719 < 107-3,285 149-5,425 < 103-497 129-4,225 
(Burton et al., 
2004) 
Baie des Ha! Ha!, 
Saguenay fjord, 
Canada 
Sediment cores, 
May 2001 and 2002 
GC/MS (sodium 
tetraethylborate) 
15-17 10-498 7.0-74 2-84 ND 1.0-57 
(Viglino, 
Pelletier, & St-
Louis, 2004) 
Lake Zurich and 
Lake Constance, 
Switzerland 
Freshwater; 
concentrations as 
mean values 
GC-MS using 
perdeuterated 
standards (sodium 
tetraethylborate) 
17 348 9.3 110 36 51 
(Berg et al., 
2001) 
Haihe Estuary, 
Tianjin Harbour, 
China 
- 
GC-AAS (Grignard’s 
reagent) 
6.8-53 27-759 13-32 32-412 3.5-32 N.D. 
(Ma, Dai, & 
Huang, 2000) 
Pandu and Ganda 
River, India 
Freshwater; Pre and 
post monsoon, 1995 
GC-MIP-AES 
(sodium 
tetraethylborate) 
7.0-79  3.3-196  3.1-103  
(Ansari, Singh, & 
Tobschall, 1998) 
Lake Zurich and 
Lake Lucerne, 
Switzerland 
Freshwater; 
concentrations as 
mean values 
PTV-LVI GC-MS 
using perdeuterated 
standards (sodium 
tetraethylborate) 
23  8.7  16  
(Arnold, Berg, 
Muller, 
Dommann, & 
Schwarzenbach, 
1998) 
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Table 1.5 Concentration of butyl- and phenyltin compounds in coastal and estuarine sediments (ng g-1) 
Location of study Details of sampling Analytical method TBT DBT MBT TPhT DPhT MPhT Ref 
Southampton Water, 
UK 
(2012) July-August GF-AAS 65-1,200      (Langston et al., 2015) 
Masan, Haengam and 
Gohyun, South Korea 
(2009) August to 
(2010) September 
GC-FPD (Grignard’s 
reagent) 
7.3->133,000 N.D-16,984 35-9111    
(Nam Sook Kim, Hong, An, 
Shin, & Shim, 2015) 
Kaohsiung Harbour, 
Taiwan 
(2009) May 
GC-FPD (Sodium 
tetraethylborate) 
11-68 4.7-16 3.5-44    (Dong, Chen, & Chen, 2015) 
Busan region, South 
Korea 
- 
GC-FPD (Grignard’s 
reagent) 
N.D- >128,000 N.D-16,310 N.D-10,560    
(Choi, Hong, Ra, Kim, & 
Kim, 2014) 
Kaohsiung 
Harbor and Kaoping 
River estuary, Taiwan 
April, June and 
August (wet and dry 
seasons) 
HPLC-FD 5.9-72      (Shue et al., 2014) 
Toulon Bay, France 
(2008) November to 
(2009) June 
ID-GC-ICP-MS < 0.5-2,700 < 0.5-1,800 0.5-1,000    (Pougnet et al., 2014) 
Santa Catarina, São 
Paulo, Rio de Janeiro, 
Espírito Santo, Brazil 
October 2008 and 
February 2010 
GC-PFPD (Grignard’s 
reagent) 
N.D-1,365 N.D-307 N.D-1,913    
(Sant'Anna, Santos, Marchi, 
Zara, & Turra, 2014) 
Jinhae Bay, South 
Korea 
Samples in 2010 
reported; temporal 
assessment of TBT 
GC-FPD (Grignard’s 
reagent) 
9-469 14-196 31-248    (Kim, Hong, et al., 2014) 
Gulf of Gdansk and 
Vistula and Szczecin 
Lagoons, Southern 
Baltic Coast 
2008-2009 
GC-MS. (Grignard’s 
reagents). 
0.5-278 < 2.3-76 < 1.5-50 N.D. N.D. N.D. 
(Filipkowska, Kowalewska, 
& Pavoni, 2014) 
Port Camargue 
2009 (February) - 
surface sediments. 
GC-ICP-MS (sodium 
tetraethylborate) 
0.5-25,950 1.2-9,836 7.3-1,041    (Briant et al., 2013) 
Elbe Estuary, 
Germany 
2011 (May) - Surface 
sediments (0-20 cm) 
GC-FPD 
(natriumtetraethyl-
borate) 
< 1-99 < 1-19 < 1-31    
(Wetzel, Winterscheid, & 
Wahrendorf, 2013) 
Elbe Estuary, 
Germany 
 
 
2006 (October) GC-MS < 1-631 2.3-449 12-497 < 1-7.9   
(Wetzel, Wahrendorf, & von 
der Ohe, 2013) 
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Table 1.5 continued 
Location of study Sampling Analytical method TBT DBT MBT TPhT DPhT MPhT Ref 
Nine fishing ports, 
Chinese coast 
2007 
SPME-GC-FPD 
(sodium tetraethylborate) 
< 1.7-208 < 4.5-82 < 5.3-285   < 8.3-108 (Zhang et al., 2013) 
Bitung, Gangga, 
Island, Manado, and 
Jakarta Bay in 
Indonesia 
2004 
GC-MS (sodium 
tetraethylborate) 
0.4-348 0.89-78 1.5-169 < 0.3-7.0 < 0.2-39 0.2-21 (Harino et al., 2012) 
Port Gdyina, Baltic 
Sea 
2009 (February 
and June) 
PLE-GC-FPD (sodium 
tetraethylborate) 
1,138-6,834 249-2,705 133-962    (Radke et al., 2012) 
Suez Gulf, Egypt  GC-ECD 276-2,767 109-1,315   1,053-2,683  
(Shreadah, Said, Abd El Ghani, & 
M. Ahmed, 2011) 
Port of Gdinya and 
Port of Gdansk) 
2008 
(November) 
GC-MS (Grignard’s 
reagents) 
< 0.7-13,968 1.8-4,000 < 0.7-1,003 < 1.5-989 N.D. < 1.6 
(Anna Filipkowska, Kowalewska, 
Pavoni et al., 2011) 
San Vincentes Bay, 
Chile 
 ID-GC-MS (sodium 
tetraethylborate). 
2475 868 441    
(Flores, Bravo, Pinochet, Maxwell, 
& Mester, 2011) 
Hsiao Liouciou 
Island, Taiwan 
 GC-FPD (sodium 
tetraethylborate) 
9.7-1,849 4.7-421 19-260 N.D. N.D. N.D. 
(Liu, Wang, Chung, Leu, & Meng, 
2011) 
Dunmore East, 
Ireland 
 GC-PFPD (sodium 
tetraethylborate) 
5,135 1,533 893    (Giltrap et al., 2011) 
São Vicente Estuary, 
at Pescadores 
Beach, Brazil 
2008 (February) 
GC-FPD (Grignard’s 
reagents) 
N.D.-160 N.D. – 118 35-236    (dos Santos et al., 2010) 
Port of Bilbao, Spain 2007-2008 
GC-ICP-MS (sodium 
tetraethylborate) 
0.2-7,596 0.6-5,580 < 0.2-183    (Rodríguez et al., 2010) 
Zuari Estuary, India 2006 (August) 
GC-MS (Grignard’s 
reagents). 
16-10,520 3.5-2,000 2.9-3,282 < 0.6-50 < 0.5-39 < 0.3-4.1 
(Jadhav, Bhosle, Massanisso, & 
Morabito, 2009) 
Various 
port/harbours, 
France 
2004 
(September) 
GC-FPD (sodium 
tetraethylborate) 
89-10,638 66-5,873 95-5,400 7.6-1044 < 4.6-282  (Cassi, Tolosa, & de Mora, 2008) 
Venice Lagoon, Italy 
2003 (Late 
spring/summer) 
GC-MS-MS (Grignard 
reagents) 
51-94,975 3.9-24,510     (Berto et al., 2007) 
N.D = not detected/below limit of detection DPhT= diphenyltin, MPhT= monophenyltin, GC = gas chromatography, GF = graphite furnace, AAS = atomic adsorption spectrometry MS = mass spectrometry, 
ICP-MS = inductively coupled plasma mass spectrometry, ID = isotope dilution, SPME = solid-phase microextraction, FPD = flame photometric detector, PFPD = pulse flame photometric detector, ECD = 
electron capture detector, PLE = pressurised liquid extraction.  
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1.2. The analysis of organotin compounds 
Due to the high toxicity and long-term persistence of organotin compounds in the 
aquatic environment, very low environmental quality standards are set for tributyltin 
(section 1.5.1, Table 1.9,). The fulfilment of these regulatory demands has 
necessitated the development of highly sensitive and selective analytical techniques 
for the measurement of these compounds. These developments have been coupled 
with novel extraction and pre-concentration methods that have the potential to be 
used with automated on-line procedures. Most methods are multi-step, and for gas 
chromatographic (GC) applications, involve a derivatisation stage (section 1.2.2). 
Because of this, recent trends have focussed on eliminating potential sources of 
error, reducing the number of procedural steps as well as decreasing the manual 
handling involved with samples. Modern methods used for the analysis of organotins 
in biota, sediment and water have LODs at the ng g-1 or ng L-1 range, with only a 
few reported at sub ng L-1 concentrations. Table 1.6 provides a summary of 
extraction and analytical procedures for the analysis of organotin compounds in 
water, sediment and biota (years 2004-2016).  
1.2.1. Extraction 
1.2.1.1. Reagents 
Extraction of organotins is complicated by the dualistic binding mechanism 
associated with hydrophobic partitioning and the possession of counter ions to 
associated bound ligands (Oliveira & Santelli, 2010). From the studies presented in 
Table 1.6, extraction can be broadly categorised under: 1) co-solvent (leaching with 
a medium-polar solvent and weak acid (e.g. methanol:acetic acid)), 2) leaching 
under acidic conditions exclusively (often acetic acid or HCl only) (Smedes, de Jong, 
& Davies, 2000; OSPAR Commision, 2013). Due to their lipophilic nature, TBT and 
TPhT require extractions using medium-to-low polarity solvents (e.g. 
dichloromethane, n-hexane, pentane, or tetrahydrofuran). For less organically 
substituted compounds, such as MBT, the binding influence is more typical of a 
trace metal (Smedes et al., 2000), therefore extraction is often done with an acidic 
constituent (acetic acid, HCl) followed by pre-concentration into a non-polar solvent 
(e.g. dichloromethane, n-hexane, toluene). Complexing agents (commonly 
carbamates or tropolone) can be added to the organic solvent to increase the 
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extraction yields for more polar, lesser substituted compounds (e.g. MBT); although 
these cannot be applied in low pH conditions (OSPAR Commision, 2013). Alkaline 
digestion with hydroxide solutions (Bolam et al., 2014), or by the addition of 
enzymes, can be used for the decomposition and extraction of organotins within 
biological materials (Oliveira & Santelli, 2010).  
1.2.1.2. Techniques  
The extraction methods used for organotin compounds have undergone a significant 
evolution from the conventional liquid-liquid extraction (LLE), Soxhlet and solid-
liquid extraction (SLE) procedures; where extraction can be time consuming, 
expensive and use high volumes of toxic solvents. Recent development to organotin 
techniques aim to maximise the preconcentration capacity of the method in 
conjunction with detection using high-end, sensitive instrumentation. Consequently, 
the control of blanks in samples undergoing low-level quantification is crucial to the 
overall analytical method development and can cause disparity in the LODs 
achieved amongst similar analytical techniques (Table 1.6). Achieving the 
laboratory conditions to reduce and control blanks is challenging for organotin 
analysis (section 1.3.1). When comparing the use of various methods, microwave 
assisted extraction (MAE) and accelerated sample extraction (ASE) (also known as 
pressurised liquid extraction) are more prevalent methods, providing benefits of 
autonomous rapid extraction times, high sample throughput and often reduced 
solvent consumption (Konieczka, Sejerøe-Olsen, Linsinger & Schimmel, 2007). 
SPE is widely used owing to its general availability, often yielding a higher pre-
concentration factor relative to the other conventional techniques (Muñoz, Baena, 
Gallego, & Valcárcel, 2004). Due to its hydrophobic properties, octadecylsilyl (C18) 
(either as cartridges, columns or bound disks) is the most commonly used sorbent 
for interaction with organotin compounds (Table 1.6). Due to the differences in 
hydrophobic properties of other sorbents, such as Carbopack, C2, C8, C60-fullerenes 
and cation-exchange phases, these are used to a lesser extent owing to reduced 
hydrophobic interaction with the organotin phase (Dietz, Sanz, Sanz, Muñoz-Olivas 
& Cámara, 2007; Muñoz et al., 2004; Oliveira & Santelli, 2010; Sun, Chen, Yuan, 
Megharaj & Naidu, 2009). On-line SPE coupled to LC is an attractive option, offering 
benefits in the reduction of analysis time, labour costs and a reduction in matrix 
effects. LODs of 20 ng L-1 in water (3.0 mL sample) using a C18 pre-column and LC-
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MS have been reported (Sun et al., 2009). Off-line SPE applications have also 
received attention. Methods include the in-situ extraction of organotins from water 
samples using dispersive molecularly imprinted polymers (MIPs), with isolation of 
TBT from water samples achieved using Fe3O4 and molecularly imprinted templates 
(Gallego-Gallegos, Muñoz-Olivas, & Cámara, 2009). SPME and liquid-phase 
microextraction (LPME) have received much interest (Rutkowska, Dubalska, 
Konieczka, & Namieśnik, 2014), owing to their sensitivity, the reduction/elimination 
of harmful solvents and incorporation of simultaneous in-situ on-line extraction and 
derivatisation. SPME can be used either with direct immersion (DI-SPME) or 
headspace sampling (HS-SPME), typically using polydimethylsiloxane (PDMS) as 
the pre-concentration phase (although alternative phases are emerging) (Rastkari, 
Ahmadkhaniha, Samadi, Shafiee & Yunesian, 2010). pH, temperature and 
stirring/agitation of the extractant need to be optimised for efficient adsorption of 
organotin compounds on to the SPME fibre; which with investment into auto-
sampling equipment, can be undertaken autonomously (with on-line extraction, 
derivatisation and desorption of analytes into the GC injector). For LC, a special 
desorption chamber is required to allow mobile phase access to the SPME fibre 
(Ugarte et al., 2009). SPME can suffer from sample matrix interferences (reduced 
using HS-SPME), increased sample carry over as well as significant costs 
associated with PDMS fibres. Despite these relative disadvantages, low LODs 
(0.025 ng L-1 for TBT) have been reported (Segovia-Martínez, Bouzas-Blanco, 
Campíns-Falcó & Seco-Torrecillas, 2010). LPME is an adaption of liquid-liquid 
extraction (LLE) and is receiving attention owing to benefits in solvent reduction and 
the subsequent high pre-concentration factors from a decreased volumetric ratio of 
the solvent acceptor-donor phase (Rutkowska et al., 2014). LPME can achieve high 
sample throughputs with rapid extraction times, as well as increased selectivity 
using either a single solvent (α, α, α-trifluorotoluene) (Shioji, Tsunoi, Harino & 
Tanaka, 2004) or a mixture of solvents (e.g. methanol/tetrachloromethane) 
(Šmitienė, Baškirova & Vičkačkaitė, 2013). Analysis of the resultant extracted 
organotins is by conventional GC injection. The most recent LPME procedures used 
with organotins include dispersive liquid-liquid microextraction (DLLME) (Smitiene, 
Semasko, & Vickackaite, 2014), headspace-single drop micro-extraction (HS-
SDME) (Xiao, Hu & He, 2008) and direct immersion-single drop microextraction (DI-
SDME) (Shioji et al., 2004); with LODs using tandem mass spectrometry (MS-MS) 
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and inductively coupled plasma-mass spectrometry (ICP-MS) ranging between 0.4–
3.0 ng L-1 (Shioji et al., 2004; Xiao et al., 2008). Stir-bar sorptive extraction (SBSE) 
is similar to SPME with both solvent-less direct immersion and headspace sampling 
applications (Devos, David, & Sandra, 2012; Cacho, Campillo, Vinas & Hernandez-
Cordoba, 2013;; Mao, Fan, He, Chen, & Hu, 2014). SBSE provides an increased 
pre-concentration capacity of 50–250 times over SPME (Xiao et al., 2008), however, 
uptake and elution conditions (e.g. sample pH, stirring speed, and temperature) 
must also be optimised for the target analytes. Recovery of extracted organotins is 
by liquid desorption (Mao et al., 2014) or on-line thermal desorption (Cacho et al., 
2013) (using a specialised unit). Using PDMS stir bars and 2D gas chromatography-
tandem mass-spectrometry (GC-GC-MS-MS) or LC-MS-MS, LODs of 0.01–0.8 ng 
L-1 for butyltins in sea water have been reported (Camino-Sanchez et al., 2012; 
Christophe Devos et al., 2012). Commercially available SBSE sorbent coatings 
were previously limited to PDMS; however, bespoke adaptations (e.g. C18) are 
emerging (Mao et al., 2014).  
In summary, organotin analytical methods aim to maximise the preconcentration 
factor of the method and improve the overall sensitivity of a technique to reduce 
LODs/LOQs to those required by international regulators. Significant advancements 
have been made in the analysis of water samples, however, determination of 
organotins in more complex matrices are still an issue, particliarly when limited 
sample volumes are available for analysis (e.g. pore water). There is currently 
demand for a technique to measure concentrations in sediment pore water at 
discreet intervals, so as to assess the bioavailable fraction of analytes in sediment 
more effectively.  
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Table 1.6 Summary of extraction and analytical procedures for the analysis of organotin compounds (2004-2016) 
Extraction 
method 
Matrix Method  Extraction and derivatisation Instrument 
Method detection limits (MDL)  
Unit 
 
Ref 
TBT DBT MBT TPhT DPhT MPhT 
Accelerated 
solvent extraction 
(ASE) 
Marine 
sedimenta 
artificial sea  
waterb 
ASE at 100°C at 1,500 psi 1:1 (v/v) MeOH:0.5 M acetic acid LC-MS-MS 
3.7a 
244b 
     
ng g-1a 
ng L-1b 
(Nichols, T. 
Jordan, & N. 
Kerr, 2014) 
 Marine 
sediment 
ASE at 50˚C at 13,790 kPa 
750 mL MeOH,  250 mL of H20, 1 
mol of acetic acid, 1 mol 
anhydrous sodium acetate and 
0.6 g tropolone. Derivatised using 
NaBEt4.  
GC-FPD        
(Radke, Wasik, 
Jewell, Paczek, 
& Namiesnik, 
2013) 
 Marine 
sediment 
ASE at 100°C at 1,500 psi 
1 M sodium acetate, 1 M acetic 
acid:MeOH (1:1). Derivatised 
using 5 % NaBEt4. 
GC-MS 1.0 1.0 1.0    ng g-1 
(Antizar-
Ladislao et al., 
2011) 
 Marine 
sediment 
ASE at 125˚C at 14 MPa 
0.01 M HCl Grignard reagents 
(pentyl magnesium bromide). 
Extracted into hexane/tropolone 
GC-MS 3.7      ng g-1 
(Konieczka et 
al., 2007) 
 Marine 
sediment 
ASE at 50˚C at 13,790 kPa 
750 mL MeOH, 250 mL of H20, 1 
mol of acetic acid, 1 mol 
anhydrous sodium acetate and 0.6 
g tropolone. Derivatised using 
NaBEt4. 
GC-FPD 19 3.7 10 14 18 13 ng g-1 
(Wasik, Radke, 
Bolałek, & 
Namieśnik, 
2007) 
 Mammalian 
liver 
ASE at 125°C at 800 psi 
1 M acetic acid and 1 dm-3 of 
MeOH–water. Derivatised using 2 
% NaBEt4. Extracted into n-
hexane. 
GC-FPD 15 14 15 38 17 28 ng g-1 
(Wasik & 
Ciesielski, 
2004) 
Liquid phase 
microextraction 
(LPME) 
River water DLLME 
480 μl of ethanol (disperser 
solvent) and 20 μl of CCl4 
(as an extraction solvent). 
Derivatised using 4 % NaBEt4. 
GC-MS    46 58 14 ng L-1 
(Šmitienė, 
Bugelytė, & 
Vičkačkaitė, 
2015) 
 Estuarine 
water 
DLLME 
780 µL of MeOH and 20 µL of 
CCl4.  Derivatised using 2 % 
NaBEt4. 
GC-MS 1.7 2.5 5.9    ng L-1 
(Šmitienė et al., 
2013) 
 Sea water HS-SDME 
Sample pH adjusted to 5. NaBEt4
a 
and NaBH4
b derivatisation. 
Extracted into n-decane. 
GC-ICP-MS 0.80a, 20b 1.8a, 60b 1.4a, 480b    ng L-1 
(Xiao et al., 
2008) 
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Table 1.6 continued 
Extraction 
method 
Matrix Method  Extraction and derivatisation Instrument 
Method detection limits (MDL)  
Unit  
 
Ref 
TBT DBT MBT TPhT DPhT MPhT 
 
Mussel 
tissue,   
PACS-2 
sediment 
HS-SDME and UAE 
5 mL HCl : MeOH (0.12 mol L-1). 
Optimal derivatisation with 
NaBEt4. 
GC-ICP-MS        
(Xiao et al., 
2008) 
 Sea water 
DI-SDME into α, α, α-
trifluorotoluene 
pH adjusted to 3. Tetrakis(4-
fluorophenyl)boratea and  NaBEt4
b 
derivatisation. 
GC-MS-MS 0.36a. 6.3b   2.9a. 0.85b   ng  L-1 
(Shioji et al., 
2004) 
Solid-phase 
microextraction 
(SPME) 
Sea water 
HS-SPME with PDMS/DVB 
fibre 
100 μL of solution and acetate 
buffer solution (pH 5) Derivatised 
using  1% NaBPr4 
HS-SPME-
GC–MS-MS 
0.45 0.44 0.29    ng  L-1 
(Moscoso-
Pérez et al., 
2015a) 
 Mussel tissue 
UAE HS-SPME with PDMS 
fibre 
10 % NaOH: MeOH). 
Derivatised using 2 % NaBEt4. 
GC-MS-MS 7.3 5.9 4.4    ng g-1 
(Noventa et al., 
2015 ) 
 Fresh water HS-SPME with PDMS fibre 
Sodium acetate to buffer to pH 
4.0. Derivatised using 4 % NaBEt4. 
GC-MS 4.1 2.4 1.4 6.7 5.0 3.6 ng g-1 
(Gao, Zhang, 
Guo, Jin, & 
Zhang, 2013) 
 
 
 
 
 
 
Marine 
sediment 
UAE and HS-SPME with 
PDMS fibre 
HCl : MeOH (1:20 v/v). 
Derivatised using 2% NaBEt4. 
GC-FPD 1.7 4.5 5.3 20 17 8.4 ng g-1 
(Zhang et al., 
2013) 
 Sea water, 
effluents 
HS-SPME PDMS fibre 
investigated 
NaCl added to sample, sodium 
acetate buffer to pH 5. Derivatised 
using 2 % NaBEt4. 
GC-FIDa 
GC-MSb 
100a 
0.025b 
  1000
a 
0.5b 
100a 
0.025b 
 ng L-1 
(Segovia-
Martínez et al., 
2010) 
 
Fresh water 
and sea 
water 
HS-SPME with 
DVB/CAR/PDMS  
1 mL buffer solution 5 mL sample. 
200 µL of 2 % NaBEt4 added. 
SPME for 15 min-1 at 40˚C. 
GC-MSa 
GC-MS-
MSb 
27a 
9.0b 
17a 
33b 
28a 
4.0b 
   ng L-1 
(Beceiro-
Gonzalez, 
Guimaraes, & 
Alpendurada, 
2009) 
 Sea water SWCN using HS-SPME 
Sodium acetate buffer to pH 5.3. 
Solution magnetically stirred at 
45˚C and derivatised with NaBEt4. 
GC-MS 2–5 for butyltins    ng L-1 
(Rastkari et al., 
2010) 
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Table 1.6 continued 
Extraction 
method 
Matrix Method  Extraction and derivatisation Instrument 
Method detection limits (MDL)  
Unit  
 
Ref 
TBT DBT MBT TPhT DPhT MPhT 
 
Fresh water 
and sea 
water 
(DI-SPME). PDMS/DVBa 
and CW/TPRb investigated. 
TMT and TPrT included in 
study 
NaCl added to 75 g L-1. Sample 
magnetically stirred during SPME 
immersion. 
LC-ICP-MS 449a   32a   ng L-1 
(Ugarte et al., 
2009) 
Microwave 
assisted extraction 
(MAE) 
Planaria 
(tube worms) 
tissue 
MAE at 40 W for 3 minutes.  
Acetic acid; Adjusted to pH 4.5 
using acetate buffer. Derivatised 
using 1 % NaBEt4. Extracted into 
iso-octane 
GC-ICP-MS        
(Ofoegbu et al., 
2016) 
 
Marine 
sediment 
ID spiking.  Samples 
microwaved at 100˚C for 4 
minutes at 200 W 
Acetic acid a and tartaric acidb. pH 
adjusted to pH 5. Derivatised 
using 2 % NaBEt4. Extracted into 
iso-octane. 
GC-MS 126a,133b 82a, 70b 63a, 32b    ng g-1 
(Flores et al., 
2011) 
 
NMIJ CRM 
7306-a  
marine 
sediment 
MAE at 120°C in 10 min 
then held for 10 min. ID 
spiking used for 
quantification 
Toluene with 0.1% tropolone, 
10 mL 1 mol L−1 acetic acid: 
MeOH. Derivatised with NaBEt4. 
Extracted into toluene.  
GC-ICP-MS        
(Inagaki et al., 
2007) 
Solid-phase 
extraction (SPE) 
Mollusc 
tissue 
Post extraction purification 
undertaken on Florisil and 
sodium sulphate columns, 
concentrated to 0.5 mL 
Ultrasonicated 15 mL of 0.05% 
tropolone/methanol solution and 1 
mL of concentrated HCl. Samples 
were centrifuged for 10 min then 
extracted in 10 mL of NaCl added 
to enhance the extraction yield. 
Derivatised using Grignard’s 
reagents. 
GC-MS-MS 4.0 8.0 6.0    ng g-1 
(Cacciatore et 
al., 2015) 
 
Sea water 
and municipal 
water 
ID spiking. Water: 250 mL 
extracted on to C18 Bond 
Elut cartridge.  
Eluted using 4 mL acetonitrile: 
acetic acid (4:1 v/v) and 0.0625 % 
tropolone, reconstituted into 
acetonitrile:acetic acid:H20 (7:2:1) 
and 0.1 % trimethylamine and 
0.0625% tropolone . Sediment 
method included. 
LC-ICP-MS 1.2 1.1 0.5     
(Bishop, Hare, 
de Grazia, 
Fryer, & Doble, 
2015) 
 Mineral water 
Strata C18-E
a, SCX, and 
Chromabond® aminopropyl 
phases (NH2/C18). ID spiking 
for quantification 
Adjusted to pH 5. Derivatisation 
using 0.5 % NaBEt4 (H2O) and 10 
% NaBEt4 in THF.  DCM, ethyl 
acetate, THF, MeOH investigated 
for C18 elution.  
GC-ICP-MS 0.50a      ng L-1 
(Alasonati, 
Fabbri, Fettig, 
Yardin, Busto, 
et al., 2015) 
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Table 1.6 continued 
Extraction 
method 
Matrix Method  Extraction and derivatisation Instrument 
Method detection limits (MDL)  
Unit  
 
Ref 
TBT DBT MBT TPhT DPhT MPhT 
 Marine 
sediment 
Post extraction purification 
undertaken on Florisil and 
silica columns 
10 mL tetrahydrofuran solution 
(containing 0.6 M HCl). Extracted 
into 20 mL of 0.01% tropolone–
hexane (m/v). Derivatisation using 
Grignard’s reagent. 
GC-MS-MS 0.4–1.5      ng g-1 
(Cui et al., 
2014) 
 
 
 
 
 
Sea water C18 cartridges 
C18 pre-treated with 5 mL MeOH 
and 10 mL of 10-2 M HCl.  Eluted 
using 2 mL MeOH. 
LC-MS 20-80 ng L-1 
(Atrachea, 
Tortajada, & 
Dachraoui, 
2011) 
 
Fresh water 
and sea 
water 
Online SPE (C18) coupled 
with LC electrospray 
ionisation mass 
spectrometry 
Adjusted to pH 2.7. 3 mL of 
sample introduced on to C18 pre-
column. Elution by 0.1 % (v/v) 
formic acid and 5 mM ammonium 
formate. 
LC-MS 20   20   ng L-1 
(Sun et al., 
2009) 
 
Marine 
sediment and 
water assays 
Development of a multi-
method on-line 
derivatisation sequence 
incorporating SPE EnviTM 18 
cartridges 
SPE conditioned using 3 mL ethyl 
acetate, 3 mL MeOH, 3 mL H2O 
and 3 mL 5 % HCl. Elution by 3 x 
0.5 mL ethyl acetate. 
Derivatisation using NaBH4. 
GC-MS        
(Serra & 
Nogueira, 2005) 
SPE -  Molecularly 
imprinted polymer 
solid-phase 
extraction (MISPE) 
Mussel tissue 
Fe3O4 nanospheres with 
MIP poly(ethyleneglycol 
dimethacrylate) layer with a 
TBT template. 
Supplemented with UAE. 
MeOH:  acetic acid (1:1 v/v). 
Washed with 6 mL of 4:1 MeOH: 
CH2Cl2. Final elution 6 mL of 0.1 
M formic acid in MeOH; 
reconstituted in formic acid and 
H2O (1:9 v/v). 
LC-MS-MS 1.0-2.8      ng g-1 
(Zhu et al., 
2013) 
Soxhlet extraction Sea water 
Passive sampling. 
Deployment (7 weeks) of 
silicone rubber sheets within 
sea water 
200 mL acetonitrile: 3 mL acetic 
acid. 20 % NaBEt4 in ethanol. LLE 
= n-hexane. 
GC-MS 
0.04-0.1 *FDC 
 
ng L-1 
(Smedes & 
Beeltje, 2011) 
Stir-bar sorptive  
extraction (SBSE) 
Fresh water, 
sea water, 
fresh water 
sediments 
and marine 
sediment 
100 µm silica C18 particles, 
fixed with PDMS. Stir bar 
pre-treated with methanol. 
Optimised to pH 4 for 30 
minutes at 600 rpm  
Desorption undertaken with formic 
acid (10% v/v) triethylamine (5%) 
oxalic acid (10 mmol L-1) and 40 % 
(v/v) methanol. 
LC-ICP-MS 16 ng L-1 
(Mao et al., 
2014)
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Table 1.6 continued 
Extraction 
method 
Matrix Method Extraction and derivatisation Instrument 
Method detection limits (MDL)  
Unit 
 
Ref 
TBT DBT MBT TPhT DPhT MPhT 
 Sea water, 
tap water 
HSSE-TD. PDMS stir bar. 
pH adjusted to 4.8. Derivatisation 
using 2 % NaBEt4. 
GC-MS  3.9 4.4    ng L-1 
(Cacho et al., 
2013) 
 Sea water 
Method for SBSE (PDMS) 
using in-situ derivatisation 
and LVI 
MeOH added to 40 % in 30 mL 
sample. Extracted into n-pentane 
Derivatisation using NaBH4.  
GC-MS 23      ng L-1 
(Neng, Santalla, 
& Nogueira, 
2014) 
 Sea water 
Method development of 
SBSE with PDMS stir bar 
Sample adjusted to pH 2. Elution 
by ultrasonication with acetonitrile 
and formic acid (0.1 % v/v). 
LC-MS-MS 0.8      ng L-1 
(Camino-
Sanchez et al., 
2012) 
 
LC-MS, sea, 
industrial 
effluent, tap 
and mineral 
water 
SBSE with PDMS stir bar. 
Use of deuterated (TBT-d27) 
internal standard. 2 h stirring 
at 750 rpm 
1% NaBEt4 solution. 
GC-GC-
MS-MS 
0.01      ng L-1 
(Devos, David, 
& Sandra, 
2012) 
 
Estuarine 
watera, 
marine 
sedimentb 
and biotac 
(HSSE-TD) PDMS stir bar 
Sediments extract = 2 mol L-1 HCl 
with anion exchange resin and 
ultrasonication. Biota samples = 
10 % KOH-MeOH. Derivatised 
using 0.1-2 %NaBEt4. 
GC-MS 
0.8a,  
0.04b, 
0.03c 
0.4a, 
0.04b,0.0
1c 
2.0a, 
0.03b, 
0.02c 
   
ng L-1 a,  
ng g-1 
b,c 1 
(Prieto et al., 
2008) 
Supercritical fluid 
extraction (SFE) 
Clam tissue 
SFE and SPME. SFE  = 
45˚C at 30 MPa, 1.2 L min-1 
CO2 modified with 5 % MeOH. 
Derivatised using 2 % NaBEt4. 
GC-MS        
(Liu et al., 
2011) 
CCl4 = tetrachloromethane, CW/TPR = Carbowax/templated resin, DCM = dichloromethane, DI-SDME = direct immersion-single drop microextraction, DLLME = dispersive liquid-liquid 
microextraction, DVB = divinylbenzene, DVB/CAR/PDMS = divinylbenzene/Carboxen/polydimethylsiloxane, *FDC = Freely dissolved concentration, FPD = flame photometric detector, GC = 
gas chromatography, GFAAS = graphite furnace atomic absorption spectrometry, HS-SDME = headspace-single drop microextraction, HSSE-TD = headspace sorptive extraction-thermal 
desorption, HS-SPME = headspace-solid-phase microextraction, ICP-MS = inductively coupled plasma-mass spectrometry, ID = isotope dilution, LC = liquid chromatography, LLE = liquid-
liquid extraction, LVI = large volume injection, MAE = microwave assisted extraction, MIP = molecularly imprinted polymer, MQL = method quantification limit, MS = mass spectrometry, MS-
MS = tandem mass spectrometry, NaBEt4 = sodium tetraethylborate, NaBH4 = sodium borohydride, NaBPr4 = Sodium tetrapropylborate, PDMS = polydimethylsiloxane, PFPD = pulse flame 
photometric detector, SWCN = single walled carbon nanotubes, THF = tetrahydrofuran, UAE = ultrasonic assisted extraction, a,b,c = experimental variables. 
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1.2.2. Derivatisation 
Derivatisation is fundamental to the analysis of organometallics using GC as 
it substitutes the anionic groups associated to the metal ion with an organic 
group, allowing for interaction with the active phase of the GC column. A recent 
review of in-situ borate methods has been undertaken by Zachariadis (2013). 
For organotins, derivatisation strategies for organotin compounds include 
alkylation using Grignard reagents or alkylborates (commonly NaBEt4) or 
conversion using borohydride species (e.g. sodium borohydride, NaBH4). 
NaBEt4 is the most popular reagent (Table 1.6), due to its application in 
aqueous matrices, its functionality in on-line and off-line simultaneous 
derivatisation/extraction and its extended range to phenyltin compounds (Xiao 
et al., 2008). Grignard’s reagents (e.g. ethyl-, pentyl- or hexyl-magnesium 
bromides) are used post extraction within a non-polar phase and can be used 
to manipulate GC retention times for organotin derivatives. For Grignard’s 
reagents, high derivatisation yields are possible with most sample matrices 
(Morabito, Massanisso & Quevauviller, 2000), although it  is less favoured due 
to the requirement of expert handling techniques together with dry conditions 
to avoid reactions with water, acids ketones and alcohols (Morabito et al., 
2000). Derivatisation with NaBEt4 is simpler; undertaken in the aqueous phase 
converting organotins into their ethyl derivatives. The pH must be regulated 
(pH 4-6 – commonly with an acetate buffer) to allow for nucleophilic 
substitution of ethyl groups to the organotin cation. NaBEt4 is made-up at 
concentrations 1–5 % in deionised water or methanol, having a short shelf life 
(~ 3-4 days at 4˚C). Reagent life-times can be extended by freezing, although 
most methods use a fresh solution for each batch of extractions (Smedes et 
al., 2000). NaBH4 can be used with aqueous matrices for simultaneous 
derivatisation and extraction, however, due to the volatility of these organotin 
derivatives losses can occur. NaBH4 can also suffer from interferences with 
complex matrices (e.g. biota and sediments); mainly from interactions with 
metals and the subsequent production of metal borides (inhibiting the 
formation Sn-H bonds on organotin compounds) (Morabito et al., 2000). Due 
to the robustness of the procedures above, investigations for alternative 
reagents have received little attention, however, there is interest in developing 
automated on-line methods to promote consistency and reduce labour costs.   
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1.2.3. Separation  
1.2.3.1. Gas chromatography 
Capillary GC is the most common technique used for the separation of 
organotin compounds, owing to its high resolving power and the variety of 
sensitive and selective detectors available. Modern methods can separate 
differing organic moieties (butyl, phenyl, propyl) in one run (Oliveira & Santelli, 
2010) using a non-polar column (e.g. 5% phenyl-methylpolysiloxane stationary 
phase). Typically, columns are 25-30 m long, with inner diameters of 0.25 mm 
and stationary phase film thicknesses of 0.1-0.3 µm (OSPAR Commision, 
2013). Analysis is undertaken using splitless injection (1–5 µL, 250–280˚C) 
initially with the oven temperature held just below the boiling point of the 
extractant solvent, then increased from ~ 40 to 280˚C over a cycle). Other 
injection techniques such as on-column and programmed temperature 
vaporisation-large volume injection (PTV-LVI) can be used to improve LODs 
(Neng et al., 2014). PTV-LVI is an on-line solvent evaporation technique, 
where larger injection volumes (10–100 µL) are evaporated within the inlet 
(Cole et al., 2016). Loss of early eluting compounds (e.g. ethylated MBT and 
TPrT) can be problematic and the method needs careful optimisation. Cryo-
apparatus for cooling the inlet < 20˚C can improve the retention of early eluting 
compounds. Sample run times range from 10–40 min, and are dependent on 
the mass range of analytes separated and the type of organic species 
produced in the derivatisation step.  
1.2.3.2. Liquid chromatography 
Derivatisation is not required for LC, allowing faster analytical procedures and 
eliminating a potential source of cross-contamination. Limitations include 
sensitivity, less detectors available for coupling with LC, as well a limited range 
of organic moieties separated with one analytical sequence. Commonly used 
detectors are MS, MS-MS, ICP-MS (González-Toledo, Compañó, Granados, 
& Dolors Prat, 2003), with fluorimetry now reported less. A variety of mobile 
and stationary phase combinations are used. The latter include ion-exchange, 
reversed phase, normal phase, ion-pair, size exclusion, micelle and vesicle-
mediated and supercritical fluid systems (Oliveira & Santelli, 2010). Stationary 
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phases can be broadly categorised by either ion-exchange or reversed phase 
chromatography (Harrington, Eigendorf, & Cullen, 1996). Ion-exchange 
stationary phases are typically based on styrene divinylbenzene resin or silica, 
where cationic organotin species compete with the mobile phase counter ions 
for ionic sites (Harrington et al., 1996). Styrene divinylbenzene resins swell 
causing compression effects. Cross-linking overcomes this but causes a 
decrease in the mass transfer process (Harrington et al., 1996). Silica groups 
are more stable allowing faster elution and use of high column pressures. 
Silica columns are pH sensitive and stable at pH 2–8, therefore, buffer 
solutions are used to reduce peak tailing (Harrington et al., 1996). With ion-
exchange chromatography, strong retention of mono-substituted organotins is 
problematic, and complexing agents and pH gradient elution are often needed 
(González-Toledo et al., 2003). For silica-based columns, mobile phases use 
methanol (50–90% v/v) with an added salt (e.g. ammonium acetate or citrate 
at 0.005–0.2 mol L-1) (Harrington et al., 1996). With reversed phase 
chromatography, the mobile phase is typically water with an organic modifier 
where the elution strength is increased over time (Huang et al., 1998; Oliveira 
& Santelli, 2010).  
1.2.4. Detection  
The most sensitive detection methods are coupled with GC, where tin-specific 
element detection (ICP-MS, PFPD, and microwave induced plasma-atomic 
emission detection (MIP-AED)) provide instrument detection limits (IDL) at 
sub-pg range (Table 1.7). Method detection limits (MDLs) are dependent on 
the sample concentration in the analytical procedure, as well as the capacity 
of the chromatographic procedure (OSPAR Commision, 2013). In terms of 
meeting the analytical compliance for the European Union (EU); the limit of 
detection (LOD) for TBT by compliant laboratories is 50 pg L-1 (under 
2009/90/EC in Technical Specifications for Chemical Analysis and Monitoring 
of Water Status). IDLs of detectors achieving sub pg detection (ICP-MS, 
PFPD, MS-MS) can theoretically attain this required sensitivity, when using 
large sample volumes (~ 1 L), and a pre-concentration stage. Consideration 
must be given to achieving very low procedural blanks. In routine laboratories 
these optimal procedures are rarely found, being impaired by day-to-day 
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changes in the instrument sensitivity, high procedural blanks and 
complications related to field sampling (section 1.3.1).  
 Hyphenation of sensitive detection systems (e.g. ICP-MS) to GC and LC is 
complex to set-up and expensive to operate. For example, LC-ICP-MS 
requires additional oxygen to the nebuliser argon gas flow (for higher 
temperature combustion of organic solvents), increased power to the plasma, 
de-solvating equipment and a refrigerated spray chamber to avoid blockages 
of the interface (Mao et al., 2014). LC applications can suffer reduced 
sensitivity (Table 1.7); typically being two orders of magnitude higher than GC-
ICP-MS. The sensitivity of GC-ICP-MS is enhanced by using 
oxygen/nitrogen/argon plasma gas mixtures, that give an efficient breakdown 
and transmission of ethylated tin compounds (Wahlen, 2002) and permit 
higher tolerances to impurities in the sample matrix (Smedes et al., 2000). With 
ICP-MS detection, additional cleaning and maintenance of interface cones is 
required due to carbon deposition from solvents used in GC and LC 
applications. Conventional MS detection is more widely used, with IDLs (in 
selected ion monitoring (SIM) mode) being adequate for measuring organotins 
in biota and sediment samples (typically µg g-1 to ng g-1 ranges) (Smedes et 
al., 2000). MS-MS methods using ion trap (Devos et al., 2012) and triple 
quadrupole techniques (Cui et al., 2014) have been described recently; 
allowing for greater sensitivity and selectivity over single MS detection 
methods at sub pg concentrations. Flame photometric detectors (FPD) (and 
the more recent pulsed flame photometric detector) have a slightly reduced 
selectivity in comparison to mass selective detectors and can suffer matrix 
interferences (in particular from sulphur compounds sometimes found in 
sediment samples) (Wasik et al., 2007). Despite the requirement for increased 
sample clean-up, photometric methods have LODs in the sub-pg range 
(Leermakers, Nuyttens, & Baeyens, 2005).  
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Table 1.7 Instrumental detection limits (IDL) of butyl- and phenyl-tin 
compounds using gas chromatographic and liquid chromatographic 
separation with various detection systems 
Instrument IDL (pg) Ref 
GC-AAS 40-95 (Imran & Aboul-Enein, 2006, p. 150) 
GC-FPD 0.2-18 (Imran & Aboul-Enein, 2006, p. 150) 
GC-PFPD 0.07-0.48 (Leermakers et al., 2005) 
GC-QF-AAS 10-100 (Imran & Aboul-Enein, 2006, p. 150) 
GC-MS 1-10 (Imran & Aboul-Enein, 2006, p. 150) 
GC-MS-MS 0.20-0.35 (as Sn) (Tsunoi et al., 2002) 
GC-ICP-MS 0.0125-0.17 (Imran & Aboul-Enein, 2006, p. 150) 
GC-MIP-AED 0.01-0.03 (Imran & Aboul-Enein, 2006, p. 150) 
   
LC-MS (ESIa, 
APCIb) 
12-700a, 30-1800b (as Sn) (González-Toledo et al., 2003) 
LC-MS-MS 10  (as Sn) (Nichols, Jordan, & Kerr, 2014) 
LCMS-IT-TOF 13-45 (as Sn) 
(Tzollas, Zachariadis, & Rosenberg, 
2013) 
LC-ICP-MS 3.0 (as Sn using TBT) (Wilbur, Wahlen, & Morton, 2004) 
AAS = atomic adsorption spectrometry, APCI = atmospheric pressure chemical ionisation, ESI = electrospray 
ionisation, IT-TOF = Ion trap-time of flight, MIP-AED = microwave-induced plasma atomic emission detector, a,b 
= detector configuration. 
1.2.5. Quantification  
Quantification can be done by external calibration or using isotopically 
enriched organotin compounds in ID procedures. When using derivatisation, 
the use of internal standards (typically tripropyltin) is important to correct for 
the efficiency of this step and the extraction yield. Pre-derivatised standards 
(as ethylated tin compounds) are available commercially, but are expensive to 
purchase in comparison to their non-derivatised analogues. Non-derivatised 
standards can be obtained either as pre-made stock solutions (within a 
miscible solvent for ethylation), or as alkyl-tin liquids and salts. Non-derivatised 
standards should be made up as matrix-matched equivalents to the sample(s) 
being analysed. Quantification using ID is the main technique for measuring 
butyltins. ID uses 119Sn enriched MBT, DBT and TBT spiked into the sample. 
The concentration of each organotin in the sample is then calculated as a ratio 
from the known isotopic abundances of both the spike and sample (Centineo, 
Rodriguez-Gonzaqlez, & Alonso, 2007). ID reduces sample and standard 
processing and accounts for interactions and conversions by the different 
organotin species in the sample (Rodriguez-Gonzalez, Encinar, Garcia 
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Alonso, & Sanz-Medel, 2003). High sensitivity can be achieved, with LODs ~ 
0.18–0.25 ng L-1 in 100 mL of water using GC/MS (Centineo et al., 2006). 
Commercially available isotopically enriched standards are expensive, but this 
can be offset from the reduction of analysis time compared with external 
quantification methods.  
1.3. Monitoring techniques for organotin compounds in water 
1.3.1. Discrete sampling  
Sampling of organotins in water is typically undertaken in amber shaded glass 
vessels (with foil lined caps), although polycarbonate, PTFE and aluminium 
can be used (OSPAR Commision, 2013). PVC materials should be avoided as 
they can potentially leach di-substituted butyltins (Quevauviller et al., 1991). 
Sampling of organotin compounds in water is problematic as normally large 
volume samples are needed in order to achieve the sub ng concentrations 
necessary to fulfil the current EQS requirements for TBT in the WFD (50 pg L-
1). Ultra-clean sampling containers and laboratories are necessary to achieve 
low background blanks. Once collected, samples must be kept cool during 
transportation and should be stored at 4˚C in the dark and analysed within 14 
days of sampling. Some authors suggest acidifying samples prior to storage 
to reduce the adsorption of lesser substituted compounds to the sampling 
vessel wall. The long-term stability of butyltins has been reported to be 
effected with samples containing high concentrations of suspended matter, 
specifically due to interactions with particulates and microbial communities 
contained within the sample (Leroy et al., 1998). As the EU WFD stipulates 
that reported concentrations should be representative of the “whole” water 
sample; filtering before analysis should be avoided (due to organotins having 
a high affinity to the solid-phase). This may however be impractical with 
samples of high SPM concentration.  
1.3.2. Biological monitoring 
Biomonitoring techniques can demonstrate a direct link between a 
contaminant and the response of an ecosystem to its presence. Using 
measurements in biota predominantly allows for the measurement of the 
dissolved fractions in water from the adsorption into lipid tissue; although, 
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ingested fractions from sediment will also contribute to the concentrations 
detected in organisms and can give an indicative total bioaccumalative 
concentration. Ideally the organism should accumulate contaminants at a 
sufficiently slow rate to allow the tissue concentrations to reflect mean 
environmental concentrations occurring over a short period of time.  Mollusc 
sensitivity to TBT and TPhT is particularly high, with the imposition of male 
characteristics in female snails occurring at low concentrations (ng L-1) 
(Graceli et al., 2013) (section 1.1.6). The severity of endocrine disruption 
occurs in a dose-dependent manner making imposex of molluscs a good long-
term bioindicator for TBT and TPhT (Graceli et al., 2013). Imposex indices 
have been used for a wide range of aquatic biota in organotin biomonitoring 
studies and include; the Relative Penis Length Index (RPLI), Relative Penis 
Size Index (RPSI) and the vas deferens sequence index (VDSI) (Horiguchi et 
al., 2012). Biomonitoring techniques cannot determine the current 
concentrations of a pollutant; however, data from integrated studies of TBT 
sediment contamination and imposex of gastropods have determined that TBT 
concentrations can be estimated using these indices values. Variations in 
specimen age and the season of sampling is an important consideration when 
undertaking biomonitoring surveys. OSPAR and the International Council for 
the Exploration of the Sea (ICES) have developed a number of Ecological 
Quality Objectives (EcoQOs) as part of a North Sea pilot project, in which ten 
biological indicators are used to assess management activities and 
environmental health of the North Sea region.  
Imposex in dog-whelks (Nucella lapillus) is one EcoQO and is included as a 
mandatory component of the OSPAR Co-ordinated Environmental Monitoring 
Programme (CEMP) (CEMP Assessment Report., 2009) in which the spatial 
distribution and imposex data of gastropod species populations in the North 
Sea are collated. CEMP guidelines use the VDSI to assess imposex levels 
and categorise the degree of imposex within 6 assessment classes (A–F; with 
F representing the highest degree of imposex). Trends from the CEMP 
Assessment Report (2009) present time series data from the coastline of 
continental Europe (with the majority of study sites along the coastline from 
Norway, through to Spain, as well as around the UK) (CEMP Assessment 
Report., 2009). VDSI values have demonstrated a downward trend of imposex 
38 
 
levels (from 1997–2008), with the majority of imposex categorised within B 
and C indices levels (which are not considered to affect the reproductive 
function of gastropods) (CEMP Assessment Report., 2009).  
Higher imposex values were found within sediments previously identified as 
contamination hotspots. The reduction observed from the most recent CEMP 
programme indicates that since the legislative restriction of TBT, a 
demonstrable recovery of gastropod species within the North Sea region and 
the UK coastline can be observed (for example, in 2011 the substantial 
recovery of dog-whelk populations has recently been reported on the south 
coast of England, between Poole and Selsey) (Matthiessen, 2013). None the 
less, regions of imposex are still reported in the OSPAR region with 
contamination in benthic sediments still prevalent. Subsequently, the 
development of methods to determine the behaviour and remobilisation fluxes 
of organotins in situ are now required to efficiently manage contaminated 
sediments and to better understand their biogeochemical behaviour between 
aquatic compartments.   
1.3.3. Electrochemical  
Use of electrochemical techniques for the detection of organotin compounds 
has received some interest. The development of a low-cost, portable, easy to 
use detection device can potentially provide benefits to environmental 
regulators and port authorities for their monitoring and enforcement activities. 
For TBT, electrochemical techniques, (in particular voltammetric methods) 
have been widely used for the detection of free metals, and in some cases 
organometallic complexes in environmental samples. Difficulties with this 
detection approach concern the relatively low concentrations of organotin 
compounds in the marine environment, together with the existence of several 
organotin species and the interferences from other metals (Ferri et al., 1994).  
Adsorptive cathodic stripping voltammetry techniques for inorganic tin utilise 
hanging mercury drop electrode along with complexing ligands such as 
tropolone, cathecol, oxine and chloranilic acid (van den Berg, Khan, & Riley, 
1989; Adeloju, 1991; Z. Gao & Siow, 1996; Heppeler, Sander, & Henze, 1996). 
Differential pulse polarography methods have been used to measure butyltin 
species at ng L-1 or ng g-1 concentrations. This approach, however, requires 
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extensive sample pre-treatment and pre-concentration (Weber, 1986; Ferri et 
al., 1994).  
1.3.4. Passive sampling techniques for monitoring organotin 
compounds in water 
Passive sampling devices sequester bioavailable fractions of analytes in water 
and depending on their mode of operation, allow for estimation of time-
weighted average (TWA) concentrations of pollutants over deployment time 
(Smedes & Beeltje, 2011). The uptake kinetics of passive sampling devices 
are by diffusion and allow for the controlled partitioning of target species 
between the receiving phase and the external environment (Johnson, 1991). 
The uptake kinetics of a chemical into a device can be described as an 
exponential approach to a maximum capacity of the sampling receiving phase, 
and can be divided into three individual stages: 1) linear, 2) curvilinear and 
finally 3) steady state (Peijnenburg et al., 2014) (Figure 1.4). After deployment, 
conventional extraction methods are used to determine analyte concentrations 
within the receiving phase (Smedes & Beeltje, 2011). Although passive 
samplers can provide lower levels of detection through extended sampling 
times and the subsequent larger volumes of water sampled, their performance 
can be limited by biofouling and the influence of reduced diffusion efficiency 
from the diffusive boundary layer at the water-sampler interface (as a function 
of flow rate). These interferences need to be assessed as part of the passive 
sampler validation and monitoring procedure.  The use of passive sampling 
techniques for the measurement of organotin compounds has received 
increased attention over the last decade (Table 1.8).  This is primarily due to 
organotin compounds being present in water at low environmental 
concentrations (~ ng L-1) along with the low EQS set by the EU WFD (0.2 ng 
L-1) and other international regulators (Table 1.9). Tri-substituted butyl- and 
phenyl-tin compounds have log Kow values in the order of 4.10 (for TBTOH) 
and 5.20 (for TPhTOH) (Arnold et al., 1997) and, therefore, have potential for 
accumulation within apolar passive sampling devices (Smedes & Beeltje, 
2011). Passive sampling devices only sequester the “freely dissolved” 
fractions of analytes; therefore their direct use can be problematic within 
statutory regulation (where the determination of ‘total’ water concentrations is 
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often mandated). Because of this, their use for quantitative data collection by 
regulatory authorities is not permitted, although on-going discussion and 
research is being undertaken between regulatory bodies and the scientific 
community. Despite current restrictions in their use, passive samplers serve 
as a supplementary tool that can be used under different scenarios. For this 
project, the scope of sampling is aimed towards pore water concentrations and 
the determination of organotin behaviour in this compartment.  
 
Figure 1.4 Illustration of kinetic uptake and sampler equilibrium for  
passive sampling methods (PSM) (adapted from Peijnenburg et al., 2014)  
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Table 1.8 Passive sampling devices used to monitor organotin 
compounds in water  
Passive 
sampling 
device 
Deployment 
and 
location 
Compounds 
detected 
Receiving phase, 
extraction techniques 
and  analytical 
procedure 
LODs (as 
cation) 
Ref 
Dialysis 
peepers 
Port of 
Carmargue, 
France 
MBT, DBT, TBT 
None - equilibration of 
pore-water in 4.6 mL 
peeper wells (1 cm 
resolution). Derivatised 
using NaBEt4. Analysis by 
SPME-GC-ICP-MS.  
pg L-1 
(Briant et al., 
2016) 
Silicone rubber 
(30 mm x 30 
mm x 0.5 mm) 
Bottle 
exposure on 
deionised and 
saline water; 6 
weeks 
shaking. Field 
trials in 
Ijmuiden 
Harbour, The 
Netherlands 
TeBT, TBT, 
DBT, MBT, 
TPhT, DPhT, 
MPhT, TeOT, 
TOT, DOT, 
MOT, TeOT 
Silicone rubber sheet. 
Dosing of organotins on to 
sheets investigated along 
with 26 extraction 
techniques. Soxhlet 
extraction with acetonitrile: 
1 % acetic acid and a polar 
solvent (followed by n-
hexane preconcentration). 
Analysed by  GC-MS. 
< 0.1 ng L-1 
(Smedes & 
Beeltje, 2011) 
Chemcatcher® 
Municipal 
water and sea 
water; 14 days 
- Alicante 
Harbour, 
Spain 
MBT, DBT, TBT, 
TPhT 
C18 47 mm 3M Empore® 
disk (overlain with a 
cellulose acetate diffusive 
layer). Methanol:acetic acid 
(1:3 v/v) into 1 mL n-
hexane. Derivatised using 
NaBEt4. Analysed by GC-
ICP-MS/ GC-FPD. 
0.2-7.5 ng L-1 
(Aguilar-
Martinez et 
al., 2008; 
Aguilar-
Martinez, 
Gomez-
Gomez, & 
Palacios-
Corvillo, 
2011) 
SPMD 
 
Municipal 
water supply 
(flow through 
tank 
experiment) 
with other 
organic 
pollutants, 28 
days 
 
DBT, TBT, TPhT 
 
Triolein. 
25 mL of acetate buffer (pH 
4.5) added along with 25 
mL of n-hexane. 0.5 mL of 
NaBEt4 added for 
derivatisation. Extracts 
analysed using GC-MS. 
 
- 
(Harman, 
Boyum, 
Tollefsen, 
Thomas, & 
Grung, 2008) 
SPMD 
Sea water; 3 
month total 
deployment in 
Oslo Fjord 
Harbour, 
Norway 
MBT, DBT, TBT 
Triolein 
1st: Cyclohexane-DCM. 2nd: 
Concentrated to 0.5 mL 
then extracted into 10 mL 
methanol. 3rd: Extracted 
into 10 mL n-hexane with 
simultaneous derivatisation 
using NaBEt4. Analysed by 
GC-AED. 
- 
(Folsvik, 
Brevik, & 
Berge, 2002) 
SPMD 
Sea water; 15 
days - 4 week 
deployment in 
Oslo Fjord 
Harbour, 
Norway 
DBT, TBT 
Triolein 
1st: Cyclohexane-DCM. 2nd: 
Concentrated to 0.5 mL 
then extracted into 10 mL 
methanol. 3rd: Extracted 
into 10 mL n-hexane with 
simultaneous derivatisation 
using NaBEt4. Analysed by 
GC-AED. 
- 
(Folsvik, 
Brevik, & 
Berge, 2000) 
Hexane filled 
dialysis bags 
Sea water and 
sediment 
Fiskebäckskil 
harbour, 
Sweden 
TBT 
n-hexane (8 mL) deployed 
in dialysis bags.   
- 
(Soedergren, 
1987) 
MOT = Monooctyltin, TcHT = Tetracyclohexyltin, TCN = Tetrachloronaphthalene, TeBT = Tetrabutyltin, TeOT = Tetraoctyltin, 
TOT = Trioctyltin, DOT = dioctyltin, MOT = monoocytltin, LDPE = low density polyethylene, SPMD = semi-permeable membrane 
device. 
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1.3.4.1. Chemcatcher® 
The Chemcatcher® was developed at the University of Portsmouth (Kingston, 
2000) and has applications for measuring the TWA concentrations of polar 
and non-polar analytes in the water column. The organotin Chemcatcher® is a 
modified version of the non-polar Chemcatcher® (Vrana, Mills, Dominiak, & 
Greenwood, 2006) in which the n-octanol phase between the diffusive 
membrane and the receiving phase is discounted (due to organotin 
compounds having a wide range of log Kow values (MBT and DBT = log Kow < 
3.0). The organotin Chemcatcher® comprises of a silica-bound C18 3M 
Empore® disk conventionally used in SPE applications. The C18 Empore® disk 
is overlain with a cellulose acetate diffusion-limiting membrane (of 0.45 µm 
pore-size) with both receiving phase and diffusion membrane housed within a 
PTFE body (Figure 1.5). Unlike other water samplers, the organotin 
Chemcatcher® quantifies analytes during the kinetic (or linear uptake) phase 
of sampling (Figure 1.4), with the sampling rate of an analyte into the 
Chemcatcher® determined prior to field deployments. To achieve this, the use 
of laboratory tank calibrations replicating variables of temperature, salinity and 
water turbulence are required, and allow for the determination of variances 
that will influence the thermodynamic exchange of analytes in to the sampler 
(Vrana et al., 2006).  To calculate the linear uptake rate of the device, the 
sampling rate (Rs = L day-1) can be determined by rearranging the following; 
(1) MD = M0 + CwRst      (Vrana et al., 2006) 
Where MD = mass of analyte accumulated on the receiving phase over 
deployment, M0 = the initial mass of analyte in the receiving phase, Cw = the 
fixed exposure concentration in the calibration tank and t = deployment time.  
Using equation (1) the time-weighted concentration can then be calculated 
(when uptake of the sampler is in the linear phase only): 
(2) Cw =
MD-M0
Rst
         
        (Vrana et al., 2006) 
For the organotin Chemcatcher®, Aguilar-Martinez et al., (2008) determined 
the diffusive linear uptake rate of TBT, DBT, MBT and TPhT using flow-through 
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calibration tank experiments, as well as assessing organotin offloading using 
organotin performance reference compound spiking. Aguilar-Martinez et al., 
(2008) determined organotin Chemcatcher® sampling rates of; MBT = 6–18  
mL day-1, DBT = 41-204  mL day-1, TBT = 29-202 mL day-1, and 26-173 mL 
day-1 for TPhT and that a 14 day deployment allowed for the linear uptake of 
organotin compounds  to the device. Field deployments of the Chemcatcher® 
sampler were undertaken at Alicante harbour over a 14-day sampling period. 
TWA concentrations for field samples were; MBT = 12 ng L-1, DBT = 27 ng L-
1 and TBT = 28 ng L-1, along with a BDI of 1.4; indicating no recent input of 
TBT to the locations monitored. A summary of the analytical protocol and 
LODs are presented in Table 1.8.  
Figure 1.5 (i) 3M Empore® Chemcatcher® and (ii) Chemcatcher® 
deployment manifold with cage (University of Portsmouth, 2012) 
1.3.4.2. Silicone rubber sheets 
The sampling rate and LODs for organotin passive sampling have been 
improved using silicone rubber sheets (Figure 1.6), notably due to the larger 
exposure surface area of the sampler® (300 cm2) in comparison to the 
Chemcatcher® sampler, with sampling rates of 50-1000 L of water over a six-
week period (Smedes & Beeltje, 2011). Subsequently, silicone rubber sheets 
accumulate a larger mass of organotins on the receiving phase and can be 
used to measure concentrations over extended deployment times (in 
comparison to the Chemcatcher®), with sampling undertaken using an 
equilibrium regime (Figure 1.4). Silicone rubber sheets also provide benefits 
in reduced cost in comparison to the Chemcatcher®, with the use of SPE disks 
and membranes are negated from the application of a single sheet receiving 
(i) (ii) 
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phase. The study by Smedes & Beeltje (2011) assessed the overall 
performance of silicone rubber sheets within the laboratory to determine the 
kinetic performance of the sampler, the optimal extraction technique for 
organotin compounds from silicone rubber and to assess field performance 
within IJumuiden Harbour, the Netherlands. The emphasis of the study was 
on determining sample uptake rates and diffusion rates (into the membrane); 
in which dosing of sheets was undertaken using performance reference 
compounds, or with the exposure of samplers to fixed concentrations of 
organotin compounds (2000 ng) in deionised water solutions. For butyltin 
compounds, diffusion coefficients through the sampler were found to be higher 
for neutrally associated compounds (e.g. TBTCl) in comparison to ionically 
substituted compounds (e.g. TBT+). The more hydrophobic compounds with 
the highest log Kow demonstrated the fastest sampling rates with MBT = ~ 1.0 
L day-1, DBT = ~ 1.8 L day-1 and TBT = ~ 2 L day-1 with LODs for TBT in the 
order of 0.04-0.1ng L-1 (Smedes et al., 2011). Smedes et al. (2011) found that 
diffusion through the silicone membrane for organotin compounds was 
relatively slow (in comparison to other non-polar organic analytes), with DBT 
having the lowest diffusion coefficients. Freely dissolved TBT concentrations 
within IJumuiden Harbour were reported as ~ 4 ng L-1. Biofouling of the silicone 
rubber sheets was found to be the most significant limitation within this study.  
 
Figure 1.6 Field deployment rig with silicone passive samplers attached 
(Yates et al., 2007) 
1.3.4.3. SPMDs 
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Developed by Huckins, Tubergen, & Manuweera (1990); semi-permeable 
membrane devices (SPMD) consist of a low density polythene membrane 
(LDPE) in which the passive diffusion of non-polar analytes pass through the 
LDPE membrane into a high purity triolein reservoir (Kingston, 2002). The 
diffusive rate of LDPE and the overall design of the SPMD is said to replicate 
the diffusion of analytes through the gill epithelium in fish; (where triolein acts 
as the main constituent found in neutral lipids for many aquatic organisms 
(Folsvik et al., 2000)). For organotin compounds, three main studies have 
incorporated the use of SPMDs for their determination in water (Folsvik et al., 
2000a, 2002b; Harman et al., 2008). Folsvik et al., (2000) deployed SPMDs at 
the inner Oslofjord, Norway to determine if organotin compounds could be 
detected using SPMDs. Both TBT and DBT were detected within the SPMD 
after deployment (4 weeks), however MBT was not found. Water 
concentrations measured for these compounds ranged between 0.4-10 ng Sn 
L-1, with an absolute detection limit of 1 ng Sn SPMD-1. Further work was 
undertaken at the same site by Folsvik et al., (2002) who compared the 
concentrations of butyltin compounds accumulated in SPMD against those of 
caged blue mussels (Mytilus edulis) situated along-side passive samplers. 
Concentrations of butyltins were also measured in whole water samples. From 
the 6 monitoring stations investigated, data for the mussels and SPMDs 
provided similar concentrations over their differing uptake gradients, with the 
highest concentrations found in the station nearest to Oslo city. Blue mussels 
accumulated organotin compounds more rapidly, with equilibrium of TBT for 
mussels = 14-30 days; whereas SPMDs linear uptake continued through to 2-
3 months. Of all butyltins, TBT was found at the highest concentrations, with 
uptake found to be most rapid in the first 2 weeks of sampling for both mussels 
and SPMDs. Biological concentration factors (BCF) for TBT-mussels = 12-
14,000 (wet weight) and TBT-SPMD (12 weeks) = 10-12,000.  
1.4. Monitoring techniques for organotin compounds in sediments and 
in sediment pore-waters 
1.4.1. Discrete sampling 
Sampling of organotin compounds in sediment is undertaken using amber 
shaded glass containers (with foil lined lids), although polycarbonate, PTFE 
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and aluminium can also be used (OSPAR Commision, 2013), PVC materials 
should be avoided as they can potentially leach di-substituted butyltins 
(Quevauviller et al., 1991). When sampling in coastal sediments; consideration 
of depth is important so as to account for concentrations in “new” or older 
sediment. Once collected, samples must be kept cool during transportation, 
optimally at 4˚C. Samples should then be stored at 4˚C in the dark or if kept 
for long term storage at -20˚C (for 1 year).  
1.4.2. Passive sampling techniques for monitoring organotin 
compounds in sediment 
Various sampling phases are used to measure freely dissolved concentrations 
of hydrophobic organic compound (HOC) analytes in sediments (Cfree) 
including polyethylene (PE) polyoxymethylene (POM) and 
polydimethylsiloxane (PDMS) (Ghosh et al., 2014). Solid-phase 
microextraction (matrix-SPME) is also used to measure organic compounds in 
sediment pore waters (Mayer et al., 2000) with adaptations to protect the 
SPME fibre. The majority of measurements using these technologies are done 
when the sampler is at equilibrium (Figure 1.4) as it can provide a better 
definition of partitioning behaviour between sampling devices and the pore 
water phase; with longer deployments reducing the standard deviations 
between measurements (Mayer et al., 2014). Calibration of HOC samplers is 
most commonly done using the polymer-water partition coefficient (Kpw) and is 
extrapolated from analyte physiochemical data (in most cases, with Kpw 
positively correlated with Kow) (Ghosh et al., 2014). Freely dissolved 
concentrations of the analyte in sediment (Cfree) is calculated by the mass in 
on the passive sampler receiving phase (M) over the Kpw (Cfree = M/Kpw). Due 
to the inherently low concentrations in pore water, equilibrium sampling of 
organotins in pore water requires the use of expensive instrument and 
apparatus to detect their concentrations (e.g. SPME-GC-ICP-MS). Briant et 
al., (2016) deployed dialysis peepers (65 x 18 x 1.8 cm) in-situ in sediments at 
the Port of Camargue, France. Peepers consisted of 50 x 4.6 mL wells at 1 cm 
resolution in a methacrylate casing. Pore-water concentrations were 
determined at equilibrium (4 weeks, 1 week after the establishment of 
equilibrium) using a Millipore filtration membrane (0.22 µm) and analysed 
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using SPME-GC-ICP-MS, allowing for very low LODs (in pg L-1 range). 
Concentrations in pore waters were at: TBT = 0.2-168 ng L-1, DBT = 1.9-113 
ng L-1, MBT= 28-205 ng L-1, with the highest concentrations found during the 
summer at -6-12 cm below the SWI (as a function of increased biological 
activity in the oxic zone during summer).  In order to measure organotins using 
more common instrumentation (e.g. GC/MS) the preconcentration of analytes 
is necessary.   A small number of publications have discussed passive 
sampling of organotins in sediment, where the pre-concentration of the analyte 
is undertaken. Stuer-Lauridsen & Dahl., (1995) undertook a study within 
Fiskebäckskil harbour, three years after the prohibition of TBT in Sweden 
(banned in January 1989). Hexane-filled (8 mL) dialysis bags were placed in-
situ just below the sediment-water interface at intervals of 5, 10, 50, 100, 200 
and 1000 mm above the sediment within the water column. Discrete sediment 
top layer samples and water samples were also taken within the vicinity of the 
dialysis bag experiments, with the experiments repeated over 4 different times 
of the year (May-September).  Concentrations from discrete sediment and 
water samples demonstrated seasonal fluctuations (maximum in water = 96 
ng TBT L -1 in June and for maximum in sediment = 1.48 µg TBT g-1 in 
September). Total organotin and DBT concentrations were reported for 
dialysis bag experiments (2.4-7 µg L-1); in which the authors found that 
concentrations within dialysis bags was significantly lower in the sediment 
bags in comparison to those situated within the water column (with a near 3-
fold increased observed from the 5-1000 mm) column (Stuer-Lauridsen & 
Dahl, 1995) with inputs of TBT considered to be sourced from illegal antifouling 
use and entry of paint chips from marinas (and not from sediment). During the 
time of this study (1992), water concentrations were several orders of 
magnitude higher than those now measured within contemporary water 
column measurements (Table 1.3).  
Contemporary sediment passive sampling devices typically operate at 
equilibrium (for estimating the concentrations in pore water). A limited number 
of technologies are available for measuring organic pollutants during the 
kinetic uptake stage of sampling, however, do not have applications for in situ 
field sampling (Ghosh et al., 2014). This project aims to develop a device to 
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that is able to preconcentrate organic analytes in situ and allow for estimations 
of freely dissolved concentrations in sediment.   
1.5. Regulation and management of organotin compounds in the 
aquatic environment 
1.5.1. International regulations and quality guideline standards 
Table 1.9 is a summary of regulatory limits and quality guideline standards for 
TBT within different environmental compartments. For TBT (cation) in 
unfiltered water; the EU Water Framework Directive (WFD) EQS is 0.2 ng L-1 
(allowable annual average) and 1.5 ng L-1 (maximum allowable concentration) 
(WFD, 2000/60/EC, 2008/105/EC) for 2015. Within the United States, acute 
and chronic Ambient Water Quality Criteria are set for both fresh water and 
salt water; incorporating TBT-ligand complexation and subsequent toxicity in 
freshwater and marine environments (although the limits imposed are 
significantly higher than those imposed by the EU WFD). The concentration of 
organotin compounds in coastal sediments is largely dependent on local 
history and situation, therefore, the European Union (EU) has no 
environmental quality standard (EQS) set for TBT in sediments; although 
OSPAR provides TBT EQS for open water sediment of 0.01 ng TBT g-1. For 
coastal/estuarine regions, EU member states are permitted to set their own 
sediment guideline standards values (Table 1.9). One approach uses the 
classification of TBT pollution in sediments as biological “trigger values” or as 
measured categories of TBT pollution severity and is adopted by Italian 
parliament, Spanish Port authorities and Norway (e.g. for Norway, TBT 
sediment status fall under classifications of “good, moderately polluted and 
severely polluted” (Table1.9)). Within England and Wales, TBT pollution in 
sediment falls within statutory legislation controlling dredging activities and the 
disposal of dredged material at sea. TBT contaminated sediment is therefore 
managed as a hazardous waste material; with disposal strictly regulated by 
licensing under section 42 of the Marine and Coastal Access Act, 2009 (with 
disposal licensing dependent on sediment parameter testing and compliance 
to Centre of Environment, Fisheries and Aquaculture Sciences (Cefas) action 
limits for dredged material assessment, Table 1.12).   
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Table 1.9 International limits and guideline quality standards for TBT 
Country 
/Region 
Guideline 
publication/ 
legislation Matrix Ref 
   Salt  water Fresh water Sediment Biota   
European 
Union 
WFD surface 
water limits for 
TBT 
0.2 ng L-1 annual average and 1.5 ng L-1 
maximum allowable concentration  
- - (Commision, 2015) 
OSPAR 
Region 
CEMP 
assessment 
/EACs 
0.1 ng L-1 water concentration 
0.01 ng g-1 
sediment dry 
weight 
12 ng g-1 
mussels 
dry weight 
(Commission, 
2015) 
United 
States of 
America 
US EPA 
One-hour average 
concentration not 
exceeding 0.42 µg L-1 
more than once every 
three years (acute 
criterion). Four-day 
average 
concentration does 
not exceed 0.0074 µg 
L-1 more than once 
every three years 
(chronic criterion) 
One-hour average 
concentration does not 
exceed 0.46 µg L-1 
more than once every 
three years (acute 
criterion). Four-day 
average does not 
exceed 0.072 µg L-1 
more than once every 
three years (chronic 
criterion) 
- - (Agency, 2012) 
Australia 
Toxicant 
Guidelines for 
the Protection 
of Aquaculture 
Species 
(under 
review). 
Australian 
Sediment 
Quality 
Guidelines for 
TBT 
Salt water 
production: 
 < 0.01 µg L-1 
Fresh water 
production:  
< 0.026 µg L-1  
Low trigger 
value:  
5 ng g-1 , 
High trigger 
value: 
 70 ng g-1  
- 
(Environment, 
2000) 
Canada 
Canadian 
Water Quality 
Guidelines of 
Organotins for 
the Protection 
of Aquatic Life 
0.001 µg L-1  
0.008 µg L-1  
(and 0.022 µg L-1  for 
triphenyltin) 
- - ((CCME), 2015) 
Italy 
Italian 
Parliament 
(Legislative 
Decree 
219/2010) for 
Priority and 
Priority 
Hazardous 
Substances in 
Sediments 
- - 0.5 µg kg-1  - 
(Maggi et al., 2012; 
Arp et al., 2014) 
Norway 
Norwegian 
Sediment and 
Marine Water 
Quality 
Guideline 
Values for TBT 
Group 1 - 
Background (0 ng L-1) 
Group 2 - Good (0 ng 
L-1) Group 3 - 
Moderate (0.2 ng L-1) 
Group 4 - Polluted 
(1.5 ng L-1) Group 5 - 
Severely polluted  
(3 ng L-1) 
- 
Group 1 - 
Background (0 
µg kg-1), Group 
2 - Good (1 µg 
kg-1), Group 3 - 
Moderate (5 µg 
kg-1), Group 4 - 
Polluted (20 µg 
kg-1), Group 5 - 
Severely 
polluted (100 
µg kg -1) 
- (Arp et al., 2014) 
Spain 
Spanish port 
authorities 
SQGs trigger 
values 
- - 
Low trigger 
value: 10 ng 
(Sn) g-1. High 
trigger value: 
200 ng (Sn) g-1 
- 
(German 
Rodriguez et al., 
2010) 
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1.5.2. Management of contaminated dredged sediments within England 
and Wales 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
Figure 1.7  Overview of  legislation and regulatory authorites in England 
and Wales for the licensing of dredging and dredged material disposal 
activities at sea  
The licensing of dredging and disposal at sea within England and Wales is 
subject to extensive control and is assembled under a broad regulatory 
framework (Figure 1.7). Within the top-tier of this framework are the 
(i) London Protocol 
(superseding The 
London Convention)  
(ii) OSPAR 
Convention 
(iii) Waste 
Framework 
Directive (WaFD) 
(iv) Water 
Framework 
Directive (WFD) 
(v) Marine and Coastal Access Act 
2009 (MCAA) 
Regulatory authorities 
(vi) Marine Management 
Organisation (MMO) 
(vii) National Resources 
Wales (NRW) 
(viii) Centre for Environment, 
Fisheries and Aquaculture 
Science (Cefas) 
(ix) Licensing of dredging and disposal 
activities 
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international conventions and directives that contribute to the governance of 
dredging and dredged material disposal activities internationally.   
(i)The London Convention, its 1996 Protocol, and the OSPAR Convention are 
treaties concerned with protecting the marine environment from human 
activities, notably the pollution arising from those activities (in which the 
London Convention covers the marine waters of the world and focuses on the 
dumping of waste at sea). The London Protocol was adopted in 1996 and 
supersedes the London Convention.  
(ii) The OSPAR Convention is a regional sea convention covering the North 
East Atlantic region that addresses pollution issues, including those covered 
by the London Convention/Protocol, at a regional level. 
(iii) The Waste Framework Directive (WaFD) provides the EU legislative 
framework for the collection, transport, recovery and disposal of waste. The 
Waste (England and Wales) Regulations 2011 (SI 2011/988) (the Waste 
Regulations) transpose the WaFD into English law. The Environment Agency 
is the competent authority responsible for the implementation of the WaFD in 
England and Wales. The MMO and NRW are authorities under regulation 
22(b) of the Waste Regulations and therefore are required to apply the WaFD 
and, in particular, the waste hierarchy in exercising their 'offshore licensing 
functions'.  
(iv) The Water Framework Directive (WFD) is enacted in EU law by Directive 
2000/60/EC. The WFD is transposed into the law of England and Wales by the 
Water Environment (Water Framework Directive) (England and Wales) 
Regulations 2003 (SI 2003/3242) (WFD Regulations).  
(v) The MCAA provides the principal statutory means by which the UK 
complies with these international treaties and EU Directives in relation to 
disposals at sea. Section 71(6) of the MCAA 2009 imposes the legal 
obligations of all treaties and directives to the licensing authorities. 
The licensing authorities of dredging and dredged material wastes include (vi) 
the Marine Management Organisation (MMO) and (vii) Natural Resources 
Wales (NRW) who regulate the licensing of dredging and dredged material 
wastes (ix).  
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(viii) Cefas provide advice to the MMO and NRW on the suitability of the 
dredged material for disposal at sea. The chemical analyses undertaken by 
Cefas relate to the contaminant loading of the material and this is assessed 
against Cefas Action Levels (ALs) and geological background levels. Current 
Cefas ALs are provided in Table 1.12 and are specific to a suite of 
contaminants broadly grouped under metals, polycyclic aromatic 
hydrocarbons (PAHs), polychlorinated biphenyls (PCBs) and organotin 
compounds. (ix) Licenses for dredging and the disposal of dredged material 
are issued by the MMO and NRW, under the MCAA 2009, which came into 
force on the 1st April 2010. The MMO and NRW must ensure that the dredged 
material is or is not suitable to be disposed of at sea or for alternative use. In 
order for this determination to be made an assessment is undertaken of the 
physical and chemical characterisation of the dredged material. This process 
assesses the potential impacts of the disposal of the proposed material to sea 
and is undertaken in accordance with the OSPAR Guidelines for the 
Management of Dredged Material (OSPAR, 2009). 
Table 1.10 Cefas action limits for dredged material assessment 
Contaminant Action level 1 Action level 2 
   mg kg-1 dry weight   mg kg-1 dry weight 
As 20 100 
Hg  0.3 3 
Cd  0.4 5 
Cr  40 400 
Cu  40 400 
Ni  20 200 
Pb  50 500 
Zn  130 800 
TBT DBT MBT  0.1 1 
PCB's, sum of ICES 7   0.01 None 
PCB's, sum of 25 
congeners 0.02 0.2 
*DDT  *0.001   
*Dieldrin *0.005   
*levels  set in 1994    
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Concentrations below action level 1 are regarded as low and not enough to 
effect the licensing decision for sea disposal. Concentrations of contaminants 
exceeding action level 2 are typically deemed unsuitable for sea disposal, and 
as such, alternative disposal options would need to be considered. Further 
assessments of sediments are undertaken on concentrations that fall between 
the action levels 1 and 2. Action Levels are used as part of a ‘weight of 
evidence’ approach to assessing dredged material and its suitability for 
disposal to sea. These values will be used in conjunction with a range of other 
assessment methods as well as historical data and knowledge regarding the 
dredging site, the material's physical characteristics, the disposal site 
characteristics and other relevant data, to make management decisions 
regarding the fate of dredged material (Bolam et al., 2011). Marine licenses 
for dredging and disposal at sea are conditions of compliance that are issued 
by the MMO and NRW to operators. 
1.5.2.1. Sea disposal 
Approximately 40 million tonnes of wet sediment are disposed of annually 
within sub-tidal dredged material disposal sites around the UK, varying from 
26–57 million tonnes (Bolam et al., 2006). The majority of disposal sites within 
the UK are located several miles off the coast and are strategically situated 
within a few miles from major ports or estuary openings, as well as a number 
located within estuaries themselves (Bolam et al., 2011). England has 
approximately 150 designated sites for the disposal of dredged sediment, 
however, not all are used in any one year (Bolam et al., 2011). Dredging and 
disposal of waste material can have an effect on the water column and the 
physical and chemical nature of the sea bed (Bolam et al., 2011). This can 
subsequently have impact to marine ecosystems in both the short- and long-
term (MEMG, 2003; Bolam et al., 2006). Due to the increasing costs 
associated with inland disposal and encapsulation; alternative sea disposal 
techniques for contaminated dredged material are currently being considered 
within England and Wales. A summary of sea disposal techniques used for 
disposal and encapsulation of contaminated dredged material, collected from 
the DEFRA Research and Support for Developing a UK Strategy for Managing 
Contaminated Marine Sediments (Entec UK limited, 2010, p 37-90).  
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Table 1.11 Summary of sea disposal techniques for contaminated dredged 
material 
Technique 
Method of 
containment/ 
disposal 
Benefits 
Potential risks / 
constraints 
Undertaken 
in UK 
Approximate 
Cost 
Contained 
Aquatic 
Disposal 
(CAD) 
Normally 
undertaken in low 
energy 
environments. 
Dredged material 
is disposed of 
within a 
designated 
excavated basin 
on the sea bed.  
Basin capped 
using inert marine 
or terrestrial muds 
once capacity is 
reached. 
Geosynthetic 
layers can be 
introduced to 
reduce 
contaminant 
emission.  
 Excavated 
near to 
dredging 
area.  
 Excavated 
area can 
offset cost 
through 
aggregate 
extraction.  
 Less 
handling/ 
transportation 
of 
contaminant 
 Requires monitoring 
and potential 
reestablishment of the 
capping layer.  
 Disturbance from other 
sea users (e.g. 
trawlers) can present a 
disturbance risk.  
 Bioturbation from 
burrowing organisms 
highlighted as another 
potential route for 
contaminant 
remobilisation.  
 Implication of 
inclusion/exclusion 
zones on sea bed.  
 Until capped, long term 
exposure risk to 
surrounding 
environment.  
  Loss of CDM during 
placement in deep 
waters (> 20 m). 
Limited by 
license 
£4-26/m3 
Island CDF 
facility 
Constructed off 
shore repository 
for dredged 
material in which 
dredged wastes 
are placed within. 
CDF walls are 
constructed higher 
than surrounding 
water level and 
are capped once 
at capacity.  
 Constructed 
near to 
dredging 
area.  
 Easier to 
monitor than 
sea bed CAD 
sites.  
 Isolated at 
base and top.  
 Potential risk of 
emissions to air and 
surrounding water.  
 Slower biological 
reduction of 
contaminant.  
 Potential of spill during 
CDM deposition in CDF 
facility.   
 Subject to 
hydrodynamic 
influences.  
No - 
Open sea 
disposal 
with 
capping 
CDM deposited 
within a low 
energy 
environment and 
capped using inert 
silt/sand 
substrate. 
Potentially viable 
for the retention of 
CDM at lower 
contamination 
levels. Reduced 
transport costs 
and simple 
disposal 
technique.  
 Simple 
disposal 
technique 
located close 
to 
port/harbour.  
 Reduction in 
energy use, 
transport and 
use of space.  
 Capping layer 
can be 
replenished 
by ongoing 
maintenance 
dredging 
operations.  
 CDM is exposed until 
the time of capping, 
having implications of 
persistent pollutant 
release to surrounding 
environment.  
 Capping layer requires 
constant monitoring 
and potential re-
establishment with 
fresh material.  
 Implications of 
inclusion/exclusion 
zones on sea bed.  
No - Trial in 
progress at 
North Tyne 
£33/m3 + 
monitoring costs 
Geotextile 
bags 
CDM placed within 
flexible tube units 
and disposed of 
out to sea. CDM 
separates 
contaminants from 
surrounding 
environment 
 Placed in 
close 
proximity to 
dredging 
operations.  
 Reduction in 
transport 
costs. Used 
to construct 
underwater 
structures.  
 Potential damage to 
bags causing 
emissions to 
surrounding 
environment.  
 Implications of 
inclusion / exclusion 
zones to sea bed.  
 Additional handling of 
CDM 
Limited by 
license 
£80/m3 
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1.5.2.2. Inland disposal 
Inland disposal is reserved for CDM which cannot be disposed of at sea and 
is more costly than sea disposal. The inland disposal techniques used for the 
management of contaminated dredged material is summarised in Table 1.12 
and is collected from the DEFRA Research and Support for Developing a UK 
Strategy for Managing Contaminated Marine Sediments (Entec UK limited, 
2010, p 37-90).  
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Table 1.12 Summary of inland disposal techniques for contaminated 
dredged material 
Technique Management Benefits Risks/constraints 
UK 
status 
Cost 
Landfill site 
CDM pre-
treated, 
dewatered and 
transported to 
landfill site.  
 Used for high 
level 
contaminants 
 Easier access 
for monitoring.  
 CDM can be 
mixed with 
cement matrix 
to increase 
stability (see 
stabilisation / 
chemical 
immobilisation).   
 Potential risk of 
emissions to air and 
groundwater.  
 Pre-treatment and 
dewatering required 
before disposal.  
 Potential 
transportation risks 
associated with 
waste.  
 Typically hazardous 
waste landfill 
required for CDM 
disposal. 
  Landfill space 
already at premium. 
Yes 
Not easily 
defined. 
£1-205/t. 
Port of 
Bremmen 
dredged 
material = 
approxima
tely 
300,000 
m3 per 
year with 
cost 
estimated 
at £7–10 
m per 
year. 
Confined 
disposal facility 
(CDF) - upland 
Used for high 
level 
contaminants. 
CDM is stored 
inland and 
housed within 
a purpose built 
facility. Inland 
CDFs can be 
lined to 
prevent 
leaching of 
CDM. 
 Applicable to 
for high level 
contaminants.  
 Easily 
accessible for 
monitoring.  
 No exposure to 
hydrodynamic 
forces.  
 Potential risk of 
emissions to air and 
groundwater.  
 Potential 
transportation risks 
associated with 
waste.  
  Limitations over 
sediment type - not 
all CDM can be 
placed in one 
repository.  
 Potential viable site 
limitations 
Limited 
by 
license 
£8-59/m3 + 
de-
watering + 
transport+ 
monitoring 
costs 
CDF-Near-
shore 
Impermeable 
walls (dykes) 
at shoreline 
used for the 
deposition of 
CDM.  
 Disposal facility 
can be placed 
in close 
proximity to 
dredging 
operations.  
 In some 
circumstances 
can be utilised 
as recreational 
/wildlife 
reserves.  
 Potential risk of 
emission to air and 
groundwater.  
 Limitations over 
sediment type - not 
all CDM can be 
placed in one 
repository.  
 Possible negative 
impacts to coastline 
and navigation 
routes. 
No - 
CDF - Silt  
Lagoons 
On-site inland 
lagoons 
excavated for 
the deposition 
of CDM in the 
vicinity of 
dredged 
material 
removal. Can 
be lined with 
clay or plastic.  
 Potential 
development of 
nature reserves 
and/or 
recreational 
facilities after 
backfilling 
complete.  
 Potential risk of 
emission to air and 
groundwater.  
 Limitations over 
sediment type - not 
all CDM can be 
placed in one 
repository.  
Limited 
by 
license 
- 
Stabilisation 
and chemical 
immobilisation 
CDM is 
chemically 
mixed with 
cement, lime, 
calcium, 
aluminates or 
fly ash to 
immobilise 
pollutants.  
 Makes CDM 
more inert.  
 Production of 
secondary 
construction 
materials 
(bricks, gravel, 
artificial basalt).   
 
 High energy through 
thermal stabilisation.  
 Implementation and 
management of 
erosion control to 
reduce dust and 
nutrient emissions.  
Yes- if 
deemed 
suitable 
Reliant on 
production 
material; 
Costs 
range £11-
52/m3.  
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1.5.2.3. Monitoring by Cefas 
Cefas conducts an annual programme of sea disposal site monitoring in 
England and Wales on behalf of the MMO (under the SLAB5 programme). 
SLAB5 provides the MMO with supporting information to facilitate licensing 
decisions, re-evaluate previous decisions and where necessary, amend 
licence conditions (Bolam et al., 2011). Within this monitoring programme, field 
evaluations of targeted sea disposal sites are undertaken to assess potential 
limitations of established sites, change of environmental conditions at new and 
existing sites and the conformity of disposal licenses at surveyed sites. Cefas 
use a tier based system to identify sites for monitoring and is based upon the 
perceived environmental risked posed by the site.  Concerns raised by 
stakeholders are also considered in that process (Bolam et al., 2011). 
Monitoring of these sub-tidal sites are undertaken by sampling sediments from 
stations situated within and outside the disposal site (Bolam et al., 2014). 
Samples are analysed for a range of parameters including particle size, 
contaminants and biota on a site specific basis. Other techniques are also 
applied in disposal site monitoring, including sediment profile imaging, side 
scan sonar and multi-beam bathymetry (Birchenough et al., 2006) allowing 
high resolution, in-situ assessment of biota and seafloor topography.   
The temporal and spatial assessment of TBT from 26 disposal sites along the 
coast of England and Wales has recently been published (Bolam et al., 2014) 
with data collected and collated from previous Cefas SLAB5 assessment. 
Sampling was undertaken from stations within (IN) and in near proximity (OUT) 
to the disposal sites. The collection of data used in the study ranges from the 
year 1998 through to 2010. A selection of 4 sites (Rame Head, Tyne, Souter 
Point and Tees) for detailed assessment of the concentration TBT was also 
included for the study. The proportion of samples found to be below the 
detection limit (below limit of detection (ND) = < 0.002 mg kg-1) were 
statistically compared across the 26 study sites, with the percentage ND 
changes plotted at the sampling time intervals. Bolam et al., (2014) reported 
that the proportion of TBT and DBT concentrations at ND significantly 
increased over the study period (from around 40% in 1998 to nearly 100% in 
2010) with the overall large scale decrease in organotin concentration 
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observed for samples both IN and OUT of the disposal sites. For the 4 selected 
sites, 3 of the 4 showed a similar decreasing trend for TBT and DBT in 
concentrations, with one of the sites showing no significant decrease in levels 
of TBT and DBT. Statistical comparisons of temporal data from IN and OUT 
sites were undertaken to observe any differences in contamination levels. The 
percentage of NDs were found to be higher for sites outside of the disposal 
sites, however from calculating mean concentration changes no significant 
difference in concentrations within or outside disposal sites was obtained. 
Results from this recent study show an overall encouraging reduction of 
butyltins within disposal sites during the study period. Results are therefore 
indicative that from the recent material inputs to disposal sites, an overall 
reduction of total butyltin inputs to England and Wales disposal sites is 
apparent and may be attributable to a number of factors, including reduced 
environmental concentrations found within dredged regions of the UK. 
Presently, other factors for ND (other than degradation) are poorly understood, 
with losses of TBT and DBT from dredged sediment potentially occurring by 
volatisation, bioaccumulation, leaching and diffusion. Understanding these 
mechanisms and the behaviour of organotins at these sites is now a priority 
for Cefas and is the drive behind research in this thesis (Section 1.6).    
Figure 1.8 Proportions of NDs for all TBT and DBT data, both within and 
outside of disposal sites. Fitted curves from a logistic Generalised Linear 
Model. All plots indicate increases in the proportion of NDs (Bolam et al., 
2014) 
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1.6. Aims and objectives of research project 
Capital and maintenance dredging by port authorities is an essential utility in 
the UK maritime sector. Despite the legislative interventions imposed since the 
early 1980s, concentrations of organotins in sediments still impose restrictions 
on dredged material disposal in the UK (Bolam et al., 2014). Dredging and 
dredged material disposal licensing has demonstrated an overall reduction in 
TBT detected at dredged material disposal sites (with an increase in the 
number of samples found below Cefas detection limits between 1998-2010) 
(Bolam et al., 2014). In order to continue the reduction of TBT disposal at sea 
and to meet the demands of regulations imposed by international 
treaties/directives; cost-effective alternative disposal techniques are now 
required. Currently, Cefas are trialling alternative disposal strategies for CDM. 
One strategy is open sea capping; where CDM is encapsulated by an inert 
layer of sand/silt on the sea bed, retaining pollutants until fully degraded 
(currently being undertaken at Souter point, Port of Tyne, UK).  
Monitoring techniques undertaken by Cefas only allow for total sediment 
concentrations and there is a paucity of data on the behaviour and 
remobilisation of organotin compounds at “capped” sites.  
In order to assess the viability of open sea capping as an organotin repository, 
an understanding of organotin flux and remobilisation potential in the capping 
layer and at the sediment water interface is required. Passive sampling 
techniques, principally diffusive gradients in thin-films (DGT), have been used 
for the determination of metals within sediment pore-waters (Fones, Davison, 
Holby, Jorgensen, & Thamdrup, 2001; Davison, Zhang, & Warnken, 2007) and 
has been used to measure DGT flux at dredged material disposal sites (Teal, 
Parker, Fones, & Solan, 2009). DGT has therefore been identified as a tool to 
aid in the understanding of the behaviour and remobilisation of organotin 
compounds in-situ. Work within this aimed to develop an organotin DGT 
sampling technique for the measurement of monobutyltin (MBT), dibutyltin 
(DBT), tributyltin (TBT), monophenyltin (MPhT), diphenyltin (DPhT) and 
triphenyltin (TPhT) with the aim of measuring:  
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1) DGT organotin flux in sediment pore water.  
2) DGT interfacial concentrations in sediment pore water 
3) Profiles of sediment, providing resolutions capable of identifying 
changes with depth.  
Work within this thesis details development of an in-house GC/MS method for 
organotin compounds at the University of Portsmouth and details adaptations 
to the injection technique to maximise the preconcentration of analytes during 
analysis, so as to meet environmental concentrations in Langstone Harbour. 
Work also describes the production and validation of a DGT binding gel for the 
organotin DGT sediment probe. The development of a DGT binding gel is 
required for sediment probes, as currently, the C8/C18 PTFE disk phase is not 
commercially available in the dimensions of a sediment sampling probe.  
Results from initial deployments in coastal sediment are presented as well as 
a new approach for the estimation of labile, organotin sediment pore water 
concentrations in sediment(s) prior to their uptake by DGT.  
The project is a collaboration between the University of Portsmouth and Cefas. 
The work is funded by a NERC Research Studentship (NE/K501323/1) and 
supported by a Cefas Seedcorn Studentship Grant (SCN178/DP2270). 
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 Development of a GC/MS technique for organotin compounds in 
water and sediment 
2.1. Introduction 
Organotin analysis had not been undertaken at the University of Portsmouth 
(UoP); therefore, work in this chapter provides details on the analytical 
methodology used for their determination in water (ng L-1) and in sediment (ng 
g-1). The extraction and derivatisation procedures for Empore® disks and DGT 
binding gels are provided in Chapter 3, section 3.2 and 3.4 respectively. A 
number of companies and organisations assisted in the training and support 
of the UoP analytical method, including: 
1) The National Laboratory Service of Natural Resources Wales (NRW) 
(formerly the Environment Agency), Llanelli, UK. Instruction on simultaneous 
derivatisation and extraction of TBT in water and sediment; undertaken on the 
7-8th November 2012.  
2) Scientific Support Services (SSS) Ltd, Alton UK. GC/MS operation and 
maintenance training at the University of Portsmouth on the 11-12th December 
2012 and 19th March 2013.  
3) Cefas Lowestoft, UK. Instruction on the simultaneous extraction and 
derivatisation of butyltin compounds in sediment, for GC-FPD determination; 
undertaken on January 28- 29th 2014. 
4) Method development, maintenance and operation for large-volume injection 
provided by SSS Ltd on March 24th 2014.  
Assistance on the pressure temperature vaporisation-large volume injection 
(PTV-LVI) method development was provided by Graham Mills of the 
University of Portsmouth, Ian Townsend of South West Water and Anthony 
Gravell, NRW, UK.  
The methods described in this section are an adaptation of those used by 
NRW, Llanelli (for the simultaneous extraction and derivatisation of TBT in 
water) and those used by Cefas (for the extraction of butyltins in marine 
sediment) with training provided by Montserrat Ribas-Gomis (NRW) and Thi 
Bolam (Cefas). Methods were developed to allow for their in-house 
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determination at the University of Portsmouth. As GC was the available 
separation technique, derivatisation of analytes was required, with 
derivatisation by ethylation using sodium tetraethylborate (NaBEt4) applied to 
all analytical work. This reagent was chosen due to its easy application in the 
aqueous phase, its safety over other reagents (where very dry conditions are 
required for the safe handling of Grignard’s reagents) and its robustness 
against interferences (where NaBH4 can suffer from reactions with other 
metals) (Morabito et al., 2000; Zachariadis, 2013). Pre-ethylated organotin 
compound standards were used to determine the GC/MS instrument 
acquisition parameters (with organotin compounds identified using the GC/MS 
Agilent Chemstation® NIST mass-spectral library software, with the MS 
operating in SCAN mode). From this, the GC temperature profile, compound 
retention time(s), and selective ion monitoring (SIM) quantification/qualification 
ions were determined (Section 2.2, Tables 2.1 and 2.2). Due to the cost of the 
pre-ethylated organotin standards; non-derivatised analogues were used for 
latter experimentation work (section 2.3.2). Methods for the extraction and 
derivatisation of organotin compounds in both water and sediment matrices 
used simultaneous derivatisation and extraction into n-hexane; with the 
quantification range of analytes undertaken using either low-range calibrations 
(for water) or high range calibrations (for sediment) using either PTV-LVI or 
splitless injection. The analytical methods for sediment and water were 
validated against certified reference materials or, when not available, 
commercially available proficiency scheme samples (section 2.8).  
2.2. Instrument 
The project benefited from the dedicated use of an Agilent 7890A/5975 GC-
MSD system (Figure 2.1). The GC/MS was installed with a CTC-PAL combi-
system autosampler and an Agilent PTV-LVI injector. Table 2.1 shows the 
instrumental configuration used for the analysis of organotin compounds using 
splitless injectiona and PTV-LVIb (with a more detailed description on the PTV-
LVI method in section 2.8 and in Appendix 2).  
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Figure 2.1 Agilent 7890A/5975C GC/MSD at the University of Portsmouth 
Table 2.1 GC/MS configuration for the analysis of organotin compounds 
using splitless injectiona and PTV-LVIb 
Instrument conditions 
Chromatograph Agilent 7890A Network GC 
Detector Agilent 5975C Inert XL MSD 
Column HP-5 MS (30 m x 250 mm i.d x 0.25 mm) 
Guard column Non-polar Rxi retention gap (1 m) 
Carrier He (1.2 mL min-1) 
Injection Mode Splitlessa and PTV-LVIb 
Injection volume 2 µLa 10 µLb 
Mode Selective ion monitoring (SIM) 
Instrument temperatures:  
Injector 280˚Ca and 40˚ C (initial temp) b  
Transfer Line 280˚C 
Ion Source 230˚C 
GC temperature programme:  
Initial temperature 35˚C at 1.5 min 
Ramp 15˚C a min to 300˚C (2 min hold time) 
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Table 2.2 List of organotin compounds (as ethyl-derivatives) and their 
SIM acquisition parameters  
Compound Abbreviation Ret. 
Time 
(min) 
Quantification 
ion (m/z) 
Confirmation 
ion (m/z) 
Dwell  
(ms per 
mass) 
Tripropylethyl-tin  
(ITSD) 
TPrT 9.74 193 235 20 
Butyltriethyl-tin MBT 9.12 162 179 20 
Dibutyldiethyl-tin DBT 10.60 261 263 20 
Tributylethyl-tin TBT 11.86 289 291 20 
Diphenyldiethyl-tin DPhT 14.75 301 303 20 
Triphenylethyl-tin TPhT 17.44 349 351 20 
ITSD = internal standard 
2.3. Chemicals and Reagents 
2.3.1. Safety Protocols 
All laboratory work was done in accordance to the University of Portsmouth, 
Science Faculty Risk Assessment protocols and COSHH assessment 
procedures. Organotin compounds (and a number of the reagents used in their 
analysis) are toxic to humans and can be harmful to the environment; therefore 
special consideration is needed for their application and disposal. The Health 
and Safety Executive (HSE) EH40/2005 Workplace Exposure Limit (WEL) for 
organic tin compounds = 0.1 mg m3 (8 h time-weighted average (TWA) and 
0.2 mg m3 for short-term exposure (15 min), therefore, all standards and 
solvents were made up within a Chemcap® organic carbon fume-hood. All 
acids were dispensed in an extraction fume hood. For convenience, safety 
considerations for reagents are included in their descriptions within sections 
2.3.2 and 2.3.3. For waste standards and solvents, disposal into bottles 
labelled as “organotin chlorinated solvent waste”.  
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2.3.2. Standards 
Due to the commercial cost of pre-ethylated organotin standards (~ £500 for 1 
mL in iso-octane) and their short shelf-life (~ 2 weeks once opened); non-
derivatised organotin-chloride analogues were chosen. The use of 
commercially available, non-derivatised organotin-chloride standards 
(certified concentration(s) of 10 mg L-1) (QMX Laboratories, Thaxstead) was 
investigated; but were rejected due to their availability being limited to solvents 
immiscible in water (e.g. cyclohexane, iso-octane) making them unsuitable for 
water spiking experiments.   
Liquid and crystalline alky/aryl tin salts/solutions were chosen. These included; 
butyltin trichloride (MBTCl3) 97%, dibutlytin dichloride (DBTCl2) 97 %, 
tributyltin chloride (TBTCl) 95%, diphenyltin dichloride (DPhTCl2) 98%, 
triphenyltin chloride (TPhTCl) 95%, (Acros Organics, ThermoFisher, 
Loughborough, UK). Monophenyltin trichloride (MPhTCl3) 98% was 
investigated as a potential analyte but was discounted due to difficulties arising 
in its analysis with methanolic acid (discussed in section 2.9). Stock standards 
were made as mixed organotin cation equivalent(s) in methanol (LC-MS 
Chromasolv®, Sigma-Aldrich, Poole, Dorset) using the conversion factors (Cf) 
in Table 2.3; where MW x Cf = Cation molecular weight (from the removal of 
chloride fractions associated to the Sn cation). From stocks (1000 mg L-1) 
subsequent 10 mg L-1 and 1 mg L-1 intermediate standards were made. A 
working 0.05 mg L-1 standard was also made for low range calibration. All 
standards were stored at 4 ˚C in amber shaded vials with foiled lined caps. 
GC/MS calibration standards were made up and derivatised as fresh batches 
on the day of analysis (with ethylation in matrix-matched derivatisation 
conditions to those of the samples being analysed). Tripropyltin chloride 
(TPrTCl (2000 mg L-1) in dichloromethane was used as the internal standard 
(ITSD), and diluted in LC-MS methanol to a 10 mg L-1 intermediate standard 
and a working spike solution of 1 mg L-1 (TPrT cation equivalent). Tetra-butyltin 
(TeBT) 93 %, was investigated as a recovery standard (due to the benefit of it 
having 4 associated organic groups to the Sn ion, thus not requiring 
derivatisation); however, upon analysis, was found to contain TBT (a 
degradation product of TeBT). All master standards, intermediate standards 
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and working standards were weighed before and after use (after equilibrating 
to 20˚C) with any evaporative losses reconstituted with LC-MS methanol.  
Table 2.3 Conversion factors for organotin chloride to organotin cation 
equivalents 
Analyte 
Molecular 
Weight 
(MW) 
Cation Molecular 
Weight 
Conversion factor 
(Cf) 
TPrTCl 283.43 248.45 0.8766 
MBTCl3 282.17 175.82 0.6231 
DBTCl2 303.83 232.93 0.7666 
TBTCl 325.49 290.04 0.8911 
DPhTCl2 343.83 272.93 0.7938 
TPhTCl 385.46 350.01 0.9080 
 
2.3.3. Reagents 
All chemicals were sourced from Fisher Scientific Ltd, Loughborough and were 
of analytical grade or better; unless otherwise specified. The list of chemicals 
used for the extraction, derivatisation and analysis of organotins include: 
i) Water - de-ionised with a resistivity > 15 MΩ, (Purite®, Thame, UK)  
ii) Methanol – Chromasolv® LC-MS grade (Sigma-Aldrich, Poole, UK) 
iii) Acetic acid - glacial grade or better 
iv) Hydrochloric acid (37 %) general purpose grade 
v) Sodium tetraethyl borate (Acros, 1 g) 97% or better 
vi) Sodium acetate trihydrate 
vii) Sodium sulphate anhydrous (99%) 
viii) Sodium hydroxide – high purity 
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ix) Helium gas 99.99% or better – GC/MS carrier gas 
x) DECON-90 for glass washer or equivalent  
xi) Methanol – general purpose 
2.3.3.1. 1% Sodium tetraethyl borate (1 % NaBEt4 (w/v)) 
NaBEt4 is an organometallic compound that is most commonly used for the 
derivatisation of organotins (Zachariadis, 2013; Cole et al., 2015). The use of 
NaBEt4 has a number of safety considerations associated with its use. 
Expectant mothers must not work with this chemical. NaBEt4 is spontaneously 
flammable in air and produces toxic fumes when added to water; therefore this 
solution is made-up and dispensed in a fume cupboard. Because of this; 1 g 
quantities (available from the supplier) were found to minimise the overall risk 
when making 1 % NaBEt4 (w/v) solutions. Once opened, the 1 g vial of NaBEt4 
(97 %) was immediately filled with de-ionised water up to the neck of the vial 
using a dispensing bottle; negating the requirement of weighing out the 
chemical and prolonging its exposure to air. The slurry was then transferred to 
a 100 mL volumetric flask containing ~ 25 mL of de-ionised water. The NaBEt4 
vial was rinsed at least 5 times, with the rinsings added to the flask. After 
rinsing, the solution was made up to 100 mL using de-ionised water. One % 
NaBEt4 was stored at 4 ˚C in the dark and had an expected shelf-life of ~ 2 
days. Some authors suggest using methanol instead of deionised water to 
extend the lifetime of NaBEt4 solution, however this does not allow for it to be 
frozen over longer time periods (> 2 weeks). In combination with the cost of 
NaBEt4 (97 %) (1 g, = ~ £45) and instances where smaller sample batches are 
being processed, long term storage in deionised water (1 month) can be 
achieved by separating the solution into Sterilin vials (50 mL) for optimal 
working volumes (e.g. 10 mL aliquots stored at - 20˚C). Once thawed, NaBEt4 
cannot be re-frozen and re-used.  
2.3.3.2. 1 M Acetate buffer (1 L) 
At pH < 4, NaBEt4 decomposes faster due to its reaction with H+ ions, whilst 
at a higher pH, organotin compounds speciate to their hydroxide form 
(Smedes et al., 2000) (reducing overall ethylation efficiency). When using n-
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hexane as a low pH (pH < 2) dissolution of the n-hexane phase occurred. To 
account for changes in sample pH, a sodium acetate buffer is used during 
derivatisation so that all samples and standards are derivatised under the 
same conditions (further discussed in section 2.9). The analytes of interest can 
subsequently determine the pH of the buffer required (e.g. for TBT analysis 
(exclusively), higher pH values of ~ 5-6 are more extensively used, with NRW 
using a buffer of pH 5.23 ± 0.1). For MBT, DBT, TBT derivatisation, in which 
analytes of a lower pKa are being ethylated, values of ~ pH 4 were found to 
improve the performance of these less organically substituted compounds. For 
this work, a pH of 4.20 ± 0.1 was used for derivatisation as it provided 
adequate responses and consistent recoveries for the analytes of interest. 
The acetate buffer was made by adding 136 g of sodium acetate (vii) into a 1 
L glass beaker containing 500 mL of deionised water (i) and a magnetic 
follower. The solution was magnetically stirred until dissolved. The solution 
and magnetic follower were then transferred to a 1 L volumetric flask and the 
pH adjusted to 4.20 ± 0.1 by the slow addition of acetic acid up to 200 mL (iii) 
and was measured using a Mettler Toledo pH electrode. The magnetic follower 
was then removed and the solution made up to the mark with de-ionised water. 
The 1 M sodium acetate buffer solution is reportedly stable for ~ 6 months 
when stored at room temperature (NRW procedures). 
2.3.3.3. 13 M methanolic acetic acid (1 L) 
To account for the relatively wide range of log Kow of butyl and phenyl tin 
compounds and to also overcome their dual-binding mechanism with the solid-
phase; the use of an organically supplemented acid extraction was chosen. 
For the analytes in this study, a 1:3 methanol (ii) and acetic acid (iii) (v/v) 
solution provided adequate recoveries from reference materials (section 
2.7.2).  
The 13 M methanolic acid reagent was made by adding 750 mL of acetic acid 
(iii) to a 1 L glass bottle, which was topped up using by 250 mL LC-MS 
methanol (ii). The solution was stable for ~ 6 months when stored at room 
temperature (NRW procedures).    
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2.3.3.4. 20% (approximate) sodium hydroxide (NaOH) solution (~ 1 L) 
When using 13 M methanolic acid, the pH of the extractant is significantly 
lowered (pH 1-2). The use of 20 % NaOH assists in increasing the pH of the 
extractant solution to an optimum range for NaBEt4 derivatisation (pH 4-5).   
Approximately 600 mL of deionised water was added to a 1 L glass bottle with 
a magnetic follower. Whilst stirring, 200 g of sodium hydroxide (viii) was 
carefully added to the ~ 600 mL of de-ionised water in small aliquots (10-20 
pellets) allowing the pellets to dissolve and the solution to partially cool in 
between additions. The solution was then made up to the shoulder of the bottle 
with deionised water (i) (to ~ 1 L) and allowed to cool to room temperature 
before use. This solution was found to be stable for ~ 6 months when stored 
at room temperature (reported in NRW procedures). 
2.3.4. Preparation of glassware/FEP centrifuge tubes 
All glassware and FEP Oakridge® centrifuge tubes were subjected to the same 
procedure as prescribed in the EPA Validated Test Method 8323: 
Determination of Organotins by Micro-Liquid Chromatography-Electrospray 
Ion Trap Mass Spectrometry (EPA, 2003b), with the cleaning procedure found 
to be adequate for low blank determination when using 10 µL PTV-LVI-
GC/MS. Briefly, all glassware and FEP centrifuge tubes were washed with 
Decon-90 detergent (Decon Laboratories Ltd., Hove, UK) at 85˚C. Items were 
then placed in an HCl acid bath (12 N) for a minimum of 24 h. After 24 h, 
glassware and FEP centrifuge tubes with water, then methanol (xi in section 
2.3.3) and dried at 60˚C. 
2.4. Simultaneous extraction and derivatisation of sea water 
The procedure in section 2.4.1 and 2.4.2 is summarised in Figure 2.2 
2.4.1. Sampling of sea water 
Sea water was collected in amber borosilicate glass bottles (1 L) and was 
sealed with aluminium foil at the bottle opening, ensuring a good separation 
was made between the bottle cap and the water sample. Collected samples 
were stored in a cool box in the dark to protect from photodegradation during 
transportation to the laboratory (Quevauviller et al., 1991). Samples that were 
70 
 
not analysed in the same day were refrigerated (4˚ C) and were kept in the 
dark. Samples were analysed within 14 days of sampling (in accordance to 
NRW methods).  
2.4.2. Sampling of sediment 
Sampling procedures were done in accordance with those prescribed in the 
OSPAR JAMP Guidelines for Monitoring Contaminants in Sediments (OSPAR 
Commision, 2013). Briefly, samples were collected in amber shaded glass jars 
with foil-lined screw caps and were immediately transported in a cool box to 
the laboratory (ensuring samples did not exceed temperatures 25˚C (Seligman 
et al., 1996; OSPAR Commision, 2013)). Samples that were not analysed on 
the day of sampling were stored at - 20˚C. Under these conditions, samples 
can be stored for over a year (OSPAR Commision, 2013).  Before analysis, 
frozen samples were left to thaw at 4˚C overnight. Certified Reference 
Materials (CRMs) were handled under the same protocols as the samples 
being analysed (section 2.8.2).  
2.4.3. Extraction and derivatisation  
For each sample, a clean glass funnel (section 2.3.4) was rinsed with an 
aliquot of the sample before use. Two-hundred and fifty mL of the sea water 
sample was poured into a correspondingly labelled volumetric flask (250 mL 
Class B). Using a positive displacement pipette, 20 µL of 1 mg L-1 TPrT internal 
standard (sections 2.3.2 and 2.6.3) was spiked into the volumetric flasks 
containing 250 mL water samples. A recovery check standard and calibration 
standards were processed with each set of derivatisations and extractions 
(section 2.6.3). All 250 mL flasks were sealed with a glass stopper and mixed 
via the inversion the volumetric flask 2-3 times. Two millilitres of n-hexane was 
added to each sample/calibration flask using a positive displacement pipette. 
The volumetric flasks were resealed and shaken by hand for 1 min (ensuring 
a good mixing of the organic phase throughout the water sample). After 
manual shaking, the samples and calibration standards were placed on a 
mechanical flask shaker for 15 min at 400 oscillations min-1. After, samples 
and calibration standards were left for ~ 5 min to allow the settlement of the n-
hexane phase in the neck of the 250 mL volumetric flask. Using a positive 
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displacement pipette; 1 mL of 1 M, pH 4.20 ± 0.1 sodium acetate buffer 
solution (section 2.3.3.2) was added to each of the samples and calibration 
flasks and were then inverted to mix. One mL of 1 % NaBEt4 was added to 
samples and calibration standards and was dispensed in an organic carbon 
fume hood. Samples and calibration standard flasks were shaken manually for 
1 min for derivatisation. Once shaken, derivatised sample/calibration flasks 
were placed back on the shaker for 10 min (at 400 oscillations). Flasks were 
allowed to settle for a minimum of 30 min after shaking. After settlement, the 
organic/emulsion layer was then removed and placed in a 40 mL glass vial 
using a Pasteur pipette. Sodium sulphate anhydrous was added to the organic 
extract which was then capped using an aluminium foil lined cap. The vial 
extract was shaken so that any excess water was removed before the aliquot 
was transferred into a GC amber shaded vial (2 mL). Ethylated samples and 
standards were then analysed by GC/MS. Extracts that were not analysed on 
the same day were stored at – 20 ˚ C for a maximum of 2 weeks (in accordance 
to NRW storage parameters).  
2.5. Extraction and derivatisation of sediment samples 
The procedure presented in section 2.4.2 and 2.5.1 is summarised in Figure 
2.2 
2.5.1. Extraction and derivatisation  
Cefas undertake organotin sediment extraction(s) on whole wet samples in 40 
mL Oakridge® FEP centrifuge tubes (Fisher Scientific, Loughborough, UK), 
with  samples  extracted by alkaline saponification, followed by simultaneous 
derivatisation and extraction into n-hexane (within the FEP centrifuge tubes) 
using NaBH4 for derivatisation (Bolam et al., 2011; Bolam et al., 2014). A 
similar approach was investigated using NaBEt4; however it was found that 
the poor recoveries occurred when using the alkaline reagent with NaBEt4 
(discussed further in section 2.9). Methanol: acetic acid at 1:1 v/v was also 
investigated; however this was found to give poor extraction efficiencies from 
the sediment matrix (potentially from excess acetic acid denaturing the NaBEt4 
reagent) and also caused the dissolution of the n-hexane phase. The use of 
13 M methanolic acid extraction provided suitable recoveries from sediment 
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CRMs (section 2.8.2). Sediments and CRMs were analysed either on the 
same day of sampling or removed from - 20˚C storage (section 2.4.2). The 
processing of CRMs with sediment samples was done in accordance to the 
Cefas analytical protocols, where a sub-sample of CRM material is taken from 
the stock material and subjected to the same procedure as sediment samples. 
Both sediments and CRMs were placed in refrigerator (4˚C) overnight to thaw 
(section 2.5.1). Before analysis, all sediments were homogenised using the 
same procedure undertaken by Cefas, where samples were stirred thoroughly 
using a stainless steel spatula. Sub-samples were taken for moisture and dry 
weight (d.w) determination. 
FEP extraction tubes were labelled with the corresponding sample I.D, with 3 
x CRM extractions and 3 x procedural blank(s) included. For organotin 
extraction, ~ 2 g of sediment was weighed into 40 mL FEP extraction tubes 
(with the sample weight(s) recorded), ensuring no large stones or paint chips 
were present in the sample. For CRMs, ~ 0.5 g of reference material (recorded 
to 4 decimal places) was used. The TPrT ITSD was spiked to all samples and 
CRMs (40 µL of 10 mg L-1 TPrT standard). Eight mL of 13 M methanolic acetic 
acid was then added to the FEP extraction tubes, which were sealed and 
shaken by hand for approximately 1 min. After manual shaking, extracts were 
ultra-sonicated for 15 min. After ultra-sonication, extracts were subjected to 15 
min centrifuging at 4,000 rpm and the aliquots transferred to a corresponding 
250 volumetric flask using a glass funnel (with the volumetric flasks containing 
~ 100 mL deionised water). The FEP centrifuge tube containing the remaining 
sediment sample was re-extracted by repeating the procedure (with ultra-
sonication of 8 mL 13 M methanolic acid, followed by centrifugation). After both 
extraction stages, 10 mL of 20 % NaOH was added to each of the volumetric 
flask(s) along with 10 mL of 1 M sodium acetate–acetic acid  buffer to provide 
an optimum pH of 4.20 ± 0.1. The volumetric flasks were then made up to the 
line with deionised water. Two mL of n-hexane was added to the 250 mL 
volumetric flask extracts and to calibration standards using a positive 
displacement pipette. Flasks were shaken by hand for 1 min and were placed 
on the mechanical flask shaker for 15 min (at 400 oscillations). After, 1 mL of 
1 % NaBEt4 was added to each flask, within an organic fume hood. Flasks 
were shaken by hand for 1 min to ethylate the organotin compounds. 
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Volumetric flasks were then shaken mechanically for a further 10 min. 
Derivatised extracts were left to settle for a minimum of 30 min. After 
settlement, the n-hexane phase was removed from the volumetric flasks using 
a Pasteur pipette, with  aliquots dried using ~ 1-2 g of sodium sulphate 
anhydrous in 40 mL glass vials, sealed with foil lined caps (in which the vials 
were shaken to remove any excess water). Organic aliquots were then 
removed from the glass vials using a Pasteur pipette and were transferred to 
an amber shaded GC vial (2 mL) for GC/MS analysis.  
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Sea water 
 Sampling in 1 L glass bottles. 
 Stored at 4˚ C in the dark during 
transportation/storage (14 days). 
 250 mL sample added to 
volumetric flask with ITSD. 
 2 mL n-hexane added 
 1 mL sodium acetate buffer 
added (for pH 4.20 ± 0.1). 
 1 mL, 1 %NaBEt4 added for derivatisation; 
manually shaken for 1 min.  
 Mechanical shaking for 10 min (at 400 osc min-1) 
 Mechanical shaking  
(400 osc min-1) for 15 min 
 30 min settlement time (minimum) 
 Organic extract removed and dried over sodium 
sulphate 
Sediment 
 Sampling in amber shaded glass jars; 
transported in the dark < 25 ˚  C. Long term 
storage -20˚C (maximum 1 year) 
 2 g weighed into FEP centrifuge tubes 
 ITSD added 
 *2 x 8 mL, 13 M methanolic acid 
 *Ultra-sonicated (15 min) then 
centrifuged (15 min) *Extraction repeated 
 2 mL n-hexane, 10 mL 20 % NaOH and 
10 mL 1 M sodium acetate buffer added 
(for pH 4.20 ± 0.1) to extract 
 Mechanical shaking (400 osc min-1) for 
15 min 
GC/MS analysis 
PTV-LVI (10 µL) Splitless injection (2 µL) 
Figure 2.2 Summary of the developed sampling, extraction and 
derivatisation techniques for organotin compounds at the University 
of Portsmouth 
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2.6. Calibration 
Organotin concentrations in water and sediment can range over three orders 
of magnitude; therefore, a similar approach to Arnold, Berg, Muller, Dommann, 
& Schwarzenbach., (1998) was adopted, with analysis done using two 
calibration ranges. Due to the inherently low concentration(s) of organotins in 
coastal water (TBT = 1-15 ng L-1 (Langston et al., 2015)), the GC/MS was 
calibrated with a low range set standards (0-80 ng L-1) and was analysed by 
PTV-LVI (Table 2.4). For sediments, a high range calibration (80-5120 ng L-1) 
using splitless injection (2 µL) was used (Table 2.5). GC/MS values were 
measured as the concentration of organotin compounds in the final n-hexane 
phase post derivatisation and extraction, with concentrations reported as 
organotin cation (µg L-1) and then converted to total organotin sample 
concentrations, as ng L-1 (water) or ng g-1 (sediment).  
2.6.1. Calibration for water analysis 
Derivatisation of the GC/MS calibration standards in water was undertaken by 
the same procedure used by NRW; where calibration standards were made 
up in deionised water (250 mL of deionised water in 250 mL volumetric flasks). 
Water calibration standards were spiked with the low-range working calibration 
standard (Table 2.4) providing a quantitation range of 0-80 ng L-1. For MBT, 
the limits of detection were found to be poorer (Table 2.11); so the lowest 
calibration point of 0.25 µg L-1 was not included in the calibration range.   
2.6.2. Calibration for sediment analysis 
For sediments, the GC/MS calibration was done in a higher working range 
(Table 2.5). Derivatisation was also done in 250 mL volumetric flasks, with the 
organotin compounds pre-concentrated in to 2 mL n-hexane. Calibration 
standards were made using matrix-matched derivatisation conditions (16 mL, 
13 M methanolic acid, 10 mL 20 % NaOH and 10 mL 1 M sodium acetate 
buffer) and spiked using the corresponding working and intermediate standard 
solutions shown in Table 2.5. 
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2.6.3. Summary of calibration parameters 
Table 2.4 Low-range calibration standards for organotin compounds in 
water (ng L-1) using 10 µL 
Standard 
µg L-1 in 
n-hexane 
(concentration 
in flask) 
Volume of spiking 
standard (µL) into 
250 mL 
flasks 
Internal standard 
µg L-1 in n-hexane 
(concentration 
in flask) 
Spike volume 
of 
ITSD (µL),  
1 mg L-1 
in flask 
Blank - 10 (80 ng L-1) 20 
0.25 (2 ng L-1) 10 10 (80 ng L-1) 20 
0.5 (4 ng L-1) 20 10 (80 ng L-1) 20 
1 (8 ng L-1) 40 10 (80 ng L-1) 20 
2 (16 ng L-1) 80 10 (80 ng L-1) 20 
4 (32 ng L-1) 160 10 (80 ng L-1) 20 
8 (64 ng L-1) 320 10 (80 ng L-1) 20 
10 (80 ng L-1) 400 10 (80 ng L-1) 20 
 
Table 2.5 High-range calibration standards for organotin compounds in 
sediment (ng g-1) 
Standard 
µg L-1 in 
n-hexane 
(concentration 
in flask) 
Volume of spiking 
standard (µL) into 
250 mL 
Flasks using 
1 mg L-1a and 
10 mg L-1b 
Internal standard 
µg L-1 in n-hexane 
(concentration 
in flask) 
Spike volume 
of 
ITSD (µL), 
10 mg L-1 
in flask 
Blank - 200 (1600 ng L-1) 40 
10 (80 ng L-1) 20a 200 (1600 ng L-1) 40 
20 (160 ng L-1) 40a 200 (1600 ng L-1) 40 
40 (320 ng L-1) 80a 200 (1600 ng L-1) 40 
80 (640 ng L-1) 160a 200 (1600 ng L-1) 40 
160 (1280 ng L-1) 32b 200 (1600 ng L-1) 40 
320 (2560 ng L-1) 64b 200 (1600 ng L-1) 40 
640 (5120 ng L-1) 128b 200 (1600 ng L-1) 40 
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Figure 2.3 Low-range calibration curve(s) for ethylated organotin 
compounds in water using PTV-LVI (10 µL) (output from Agilent MSD 
Chemstation E.02.02.0431 software) 
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Figure 2.4 High-range calibration curve(s) for ethylated organotin 
compounds in sediment using splitless injection (2 µL) (output from 
Agilent MSD Chemstation E.02.02.0431 software)  
 
 
 
 
R2 = 0.998 R2 = 0.980 
R2 = 0.980 
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2.7. Development of a cold programmed temperature vaporisation-
large volume injection (PTV-LVI) technique for organotin compounds 
The aim of this section of work was to improve the sensitivity of the GC/MS 
analytical technique to detect concentrations found in coastal water around 
Portsmouth. An on-line method was chosen to maintain analytical efficiency. 
2.7.1. Background  
PTV-LVI is an established technique developed by Vogt, Jacob, & Obwexer 
(1979) and is used to reduce the overall detection limits of analytes when using 
GC, with larger sample volumes being injected into the inlet (providing a 
greater mass of analyte available to the detector). The main difference 
between conventional split/splitless inlets and PTV inlets is the temperature 
control and venting parameters at specified time intervals, specified by the 
user (Hans-Gerd, 1998). The first applications of LVI used larger sample 
volumes (250 µL) injected into the inlet at a controlled rate; with the inlet 
temperature set slightly below the boiling point of the solvent, which during 
and following injection; is evaporated and vented through split line (pre-
concentrating the analytes of interest within the liner whilst removing the 
extractant solvent) (Vogt, Jacob, Ohnesorge, & Werner Obwexer, 1979). Poy 
et al., (1982) developed the programmed temperature vaporisation (PTV) 
method, where discrepancies in analyte boiling point(s) could be minimised 
via the injection of the sample at a cool temperature (with the vent line open) 
and the inlet temperature subsequently raised rapidly to conventional inlet 
temperatures (Hans-Gerd, 1998) (vaporising the sample within the liner with 
the split vent closed). Depending on the analyte of interest; a selection of 
approaches and settings can be adopted, including; hot split injection, cold 
split injection, hot splitless injection, cold splitless injection, solvent vent mode, 
solvent vent-stop flow mode and on-column injection (Hans-Gerd, 1998).  
Only a small number of studies have detailed the use of LVI for the 
determination of organotin compounds in environmental samples (Arnold et 
al., 1998; Almeida, Serodio, Florencio, & Nogueira, 2007). For the techniques 
reported, the use of an artificially cooled inlet (- 20˚C) (Almeida et al., 2007) or 
a specialised solvent vapour exit at the column connecting interface is used 
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(situated between the guard column and analytical column) (Arnold et al., 
1998). This section details the development of a PTV-LVI that  negated the 
use of a cryo-unit and achieved method detection limits suitable for 
concentrations reported  in sea water (with concentrations of TBT in the south 
coast of the UK reportedly in ranges of ~ 2-15 ng L-1 for 2005- 2009 (Langston 
et al., 2015)). Methods described show the development of 10 µL injection 
PTV-LVI method, with latter work on the development of a 50 µL method 
shown in appendix 2.   
2.7.1.1. Inlet and injection parameters 
Using a 50 ng standard (25 µg L-1 in n-hexane), the retention time(s) of 
organotin SIM groups were re-calculated from previously determined settings 
to account for the additional 1 m retention gap. This was achieved by injecting 
the standard into the GC/MS, observing the shift in detectable peaks and re-
assigning the quantitative and qualitative ions to the new groups for the 
increased shift in retention time. 
Initial splitless injection(s) of 2 µL into the PTV inlet were used to confirm a 
suitable response for each compound could be obtained using the new PTV 
inlet liner set-up (detailed in Cole et al., 2016). Once all organotins were 
confirmed, the PTV temperature programme was set; with the initial inlet 
temperature reduced to 60˚C for 0.6 min (held below the boiling point of n-
hexane = 68 ˚C) with the vent trap closed. A 2 µL injection of the 50 ng 
standard was injected into the inlet, which was subsequently heated rapidly to 
300˚C at 600˚C min-1 (after a 0.6 min low temperature hold-time) confirming 
that the efficient transfer of organotins to the column was occurring and that 
no thermal degradation or “thermal shock” of the organotins had occurred 
(Hans-Gerd, 1998) (Figure 2.5a). Using the same settings, the vent flow was 
adjusted so that 1) the vent trap was open for a time of 0.6 min and that 2) the 
vent pressure was set to a low setting (0.75 psi at 100 ml min-1), in order to try 
and retain all organotin compounds. A purge flow of 50 mL min-1 at 2 min (post 
injection) was used to remove remaining constituents in the liner post injection 
and vaporisation.  
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A decrease in organotin response was measured, with the earliest eluting 
compounds disappearing altogether (Figure 2.5(b)). The response (or severity 
of analyte loss) was relative to the analyte eluting order from the column,  with 
organotins of a lower molecular weight/boiling point (MBT, TPrT, DBT) 
vaporised from the inlet at a more rapid rate than the analytes of a higher 
molecular weight and boiling point (DPhT, TPhT) (Figure 2.5b). The overall 
response for TBT decreased, but was still detectable under these conditions.  
 
 
Figure 2.5 Injection of 2 µL of 50 ng organotin standard using (a) splitless 
injection (b) vent-flow (100 mL min-1 at 0.6 min) using PTV temperature 
profile (c) vent-flow (100 mL min-1 at 0.1 min) 
MBT 
TPrT 
DBT TBT 
DPhT 
TPhT 
TBT 
DPhT 
TPhT 
(a) 
(b) 
(c) 
TPrT 
DBT 
TBT 
DPhT 
TPhT 
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To retain the early eluting compounds; the vent time was significantly reduced 
from 0.6 min to 0.1 min (from 36 s to 6 s). Using a 2 µL injection of 50 ng 
standard; the responses of the TBT, DPhT and TPhT were marginally 
increased and the appearance of TPrT and DBT was observed but at low 
signal responses (Figure 2.5(c)). As the loss of early eluting compounds was 
still occurring during the vent cycle, with poorer responses in comparison to 
splitless injection, the injection speed (µL s-1) was subsequently investigated. 
Speed-controlled injection requires the pre-determination of sample 
introduction rate, which is equal to the solvent elimination rate (Hoh & 
Mastovska, 2008). For previous injections, sample introduction was set at 
default (50 µL s-1) using the Chemstation/CTC-PAL autosampler software. The 
elimination rate of the solvent (in this case n-hexane) was calculated (under 
the inlet conditions) using methods prescribed by Hankemeier et al., (1999) 
and those presented by Hans-Gerd., (1998); with V = the solvent elimination 
rate (or injection speed = µL s-1).  
V = 
M × Ps
ρ × R x T 
 ×
Pa
Pinlet
 × Vsf 
 
Where: 
M = solvent molecular weight (g mol-1) 
Ps = vapour pressure of solvent at initial temperature (bar) 
P = density of solvent (g mL-1) 
R = gas constant (0.08312 L bar ˚ K mol-3) 
T = initial temperature (˚K) 
Pa = ambient pressure (1.013 bar) 
Pinlet = inlet (gauge + ambient pressure) 
Vsf = split flow (ml min-1) 
So when using the GC inlet parameters; 
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V = 
86.16 g mol-1 ×  0.05 bar
0.66 g mL-1 × 333.15˚K × 0.08312 L bar ˚ K mol-3
 × 
1.013 bar
1.062 bar
 ×100 mL min-1 
V = 24 µL min-1 (0.41 µL s-1) 
 
Injections of 50 ng standard were done using a programmed injection rate of 
0.41 µL s-1, using the sample volume of 2 µL and relative vent time/settings 
(0.1 min at 100 mL min-1, providing an injection time of 4.88 s with an overall 
vent time of 6 s). It was observed that the responses of TBT, DPhT and TPhT 
were in the same magnitude of those using splitless injection (Figure 2.6) and 
that the peaks for TPrT and DBT were restored, but at a low response. A 
negligible peak for MBT was also obtained, along with a reduced baseline in 
the chromatograph.   
 
Figure 2.6 Injection of 2 µL of 50 ng organotin standard at 0.41 µL s-1 with 
the inlet at 60˚C and a vent time of 0.1 min at 100 mL min-1 
Using a 10 µL syringe, the injection volume was subsequently increased at 
increments of 5 µL and 10 µL with the vent time(s) corrected to preserve the 
post injection venting interval. The responses for all organotin compounds 
were found to increase in conjunction with the increased volume of the sample 
injected (Figure 2.7). Discussions with colleagues at South West Water and 
NRW highlighted that for the retention of MBT, the inlet temperature may still 
be too high. Whilst retaining all other parameters, the inlet temperature was 
reduced to an advised temperature of 40˚C. For this to be possible, revising 
the oven profile down to 35˚C was necessary (as the inlet would not cool down 
to 40˚C). Responses demonstrated an increase, with higher responses of MBT 
and TPrT observed. Fine tuning of the split vent parameters was done as this 
stage; in which closing the vent prematurely at 40˚C (at 1.61 s before the end 
MBT 
TPrT 
DBT 
TBT 
DPhT 
TPhT 
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of the injection gave optimum chromatography and a greater response of MBT 
(Figure 2.8).  
 
Figure 2.7 Fifty ng standard after injection(s) of 2, 5, 10 µL at 0.41 µL s-1  
 
Figure 2.8 Fifty ng standard after injections at inlet temperature(s) of 40 
˚C and 50˚C 
LVI > 10 µL was the next parameter to be investigated and was done using a 
PALSyrGC 500 µL injection kit, along with a 500 µL CTC PAL syringe 
(Crawford Scientific, Lanarkshire). It was determined that larger injection 
volumes of 50 µL could be done (with all peaks represented) but with 
reproducibility unacceptable for analysis (Figure 2.9). The poor reproducibility 
MBT TPrT
T 
DBT 
TBT DPhT TPhT 
2 µL 
5 µL 
10 µL 
MBT  
(40 ˚C) 
TPrT 
(50 ˚C) 
TPrT 
(40 ˚C) 
DBT 
(40 ˚C) 
TBT 
(40 ˚C) 
DBT 
(50 ˚C) 
TBT 
(50 ˚C) 
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was a function of the injection speed being too fast, with the minimum speed 
limited to 5 µL s-1 when using a 500 µL injection kit. The LVI was therefore 
limited to 10 µL syringes. 
Figure 2.9 Poor reproducibility of 50 µL injections at an injection speed 
of 5 µL s-1 for TBT 
2.7.1.2. Limits of detection for splitless injection/PTV-LVI 
To calculate the LOD and LOQ for each compound, using both 2 µL and 10 
µL injections; systematic injections of standards at reduced concentration(s) 
were done to ascertain the minimum concentration required for an observable 
peak. Repeat extraction and derivatisation(s) (n = 7) of standards that provided 
a low, but definitive peak was selected (2 ng L-1 for DBT, TBT, DPhT and TPhT 
and 4 ng L-1 for MBT). The LOD standards were analysed post GC/MS low-
range calibration (PTV-LVI) and high-range calibration (splitless). From these 
data, the mean response factor(s) and standard deviation(s) for each analyte 
were obtained and the LODs and LOQs were calculated. As the level of noise 
was found to be negligible, calculations using International Conference on 
Harmonisation method were used (Shrivastava & Gupta, 2011). 
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LOD/LOQ calculations were as follows: 
(i) LOD = 
3.3 σ
S
   
(ii) LOQ = 
10 σ
S
   
With; σ = standard deviation of the response and S = the slope of the 
calibration curve.  
For splitless injection, the procedure was repeated using high-range 
calibration standards and the LOD determinant standard of 10 µg L-1 (Table 
2.6). 
Table 2.6 Comparison of LOD/LOQs for organotin compounds in water 
(ng L-1) using splitless and PTV-LVI 
Compound Splitless (2 µL) PTV-LVI (10 µL) 
  LOD  LOQ  LOD  LOQ  
MBT 27.2 80.0 6.3 19.2 
DBT 8.00 24.8 2.3 7.0 
TBT 11.2 33.6 1.8 5.4 
DPhT 17.6 54.4 3.5 10.4 
TPhT 3.4 10.4 1.3 3.9 
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2.8. Validation of methods 
2.8.1. Organotins in water 
To the best of knowledge, a commercial CRM for organotin compounds in 
water is not available. To validate the procedure using an externally sourced 
reference, Sigma-Aldrich RTC proficiency testing scheme samples were used. 
RTC samples are available for a variety of analytes and are sent to accredited 
laboratories as part of the scheme. Previously used RTC proficiency samples 
(with their respective certified values) are available for purchase (Sigma-
Aldrich, Poole) and were used for validating the developed method for TBT 
and TPhT. 
Using 10 µL injections, concentrations detected in the RTC sample Organotins 
in Water-WP (QC1566) were in agreement with the inter-laboratory certified 
value(s) and acceptance limits for TBT and TPhT (Table 2.7).  
Table 2.7 RTC certified values and UoP concentration values for TBT and 
TPhT  
Analyte 
Certified Value 
(ng L-1) 
Acceptance limit 
(ng L-1) 
UoP concentration (ng L-1) 
(n = 3) 
TBT 19.1± 5.76 10.5-27.7 24.3 ± 0.9 
TPhT 32.9 ± 3.19 13.2-52.6 33.3 ± 1.0 
 
The analytes in the RTC Organotins in Water-WP were limited to tri-substituted 
compounds and do not include their degradation products. Simultaneous 
extraction and derivatisation recoveries (%) of all analytes in sea water were 
investigated by spiking 250 mL of sea water (last sampled 11th February 2016 
from Langstone Harbour, Hampshire) with 20 ng of each compound (n = 5).  
Recoveries for organotins from unfiltered sea water were determined as; MBT 
= 124 ± 5.7 %, DBT = 101 ± 3.3 %, TBT = 116 ± 3.0 %, DPhT = 116 ± 6.3 and 
TPhT = 113 ± 3.0 %.   
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2.8.2. Organotins in sediment 
The range of CRMs used in this study provided certification as ng g-1, or ng Sn 
g-1 (SOPH-1, PACS-2 = ng Sn g-1, BCR-646 = ng OT g-1); therefore, the 
manufacturer’s reference values and acceptance limits are reported in this 
section. For consistency and comparative purposes, concentrations in 
sediment are reported against their certified units, with analytes reported as 
ng g-1 d.w. in the other sections of the thesis.  
The mechanical shaking and ultrasonication of SOPH-1 reference material at 
15 minute time intervals was investigated to ascertain optimum extraction 
times for DBT and TBT. At the time of this experiment DBT and TBT were the 
main organotin compounds of interest for Cefas, so the primary focus was to 
optimise the extraction method for these two analytes of interest using SOPH-
1, then follow up with MBT, DPhT and TPhT optimisation. SOPH-1 extraction 
intervals of 15, 30, 45 and 60 min were investigated and were subjected to 1 
x 10 mL 13 M methanolic acid extraction followed by a 10 mL methanol rinse. 
Figure 2.5 show the recovery of TBT and DBT under different extraction 
conditions with time.  
Figure 2.5 SOPH-1 recovery (%) for TBT-mechanical shaking ( ), TBT-
ultrasonication ( ), DBT-mechanical shaking ( ) and DBT-
ultrasonication ( ) 
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For TBT, both mechanical shaking and ultrasonication demonstrated 
recoveries > 110 %, with ultrasonication providing the highest recoveries for 
TBT. Extraction time demonstrated no differences in the amount of DBT and 
TBT recovered using either techniques. For DBT, recoveries were lower than 
of those for TBT (with recoveries ranging between 74-88%); therefore 
investigation into repeat extractions was done (with an overall increase of the 
extractant solution to 16 mL (2 x 8 mL) of 13 M methanolic acid).  
Using 2 x 15 minute ultrasonication(s) with 16 mL methanolic acid (2 x 8 mL 
extractions) and 10 mL, 20 % NaOH solution and 10 mL, 1 M sodium acetate 
buffer (constituted with 216 mL deionised water to the 250 mL mark of the 
flask), recoveries from the SOPH-1 CRM for DBT were found to be in further 
agreement (average of 97 %, (n = 5)) with a more thorough extraction of DBT 
obtained. Recoveries of TBT were 96 ± 6 % (n = 5)) (Table 2.8).  
Table 2.8 Concentrations and % recovery of TBT and DBT (ng Sn g-1) in 
SOPH-1 CRM – butyltins in marine sediment  
 ng Sn g
-1 
(n = 5) MBT DBT TBT 
Mean 379.1 168.4 119.8 
Std deviation 62.6 12.1 7.5 
Std error 31.3 6.0 3.7 
% recovery  97 ± 7 96 ± 6 
SOPH-1 (ng Sn g-1) (not included) 174 ± 9 125 ±7 
 
The recoveries from PACS-2 and BCR-646 were used to assess the 
performance of MBT, DPhT and TPhT (Table 2.9 and 2.10). The focus of the 
work was on coastal/estuarine sediments; however, the freshwater BCR-646 
CRM included the phenyltin compounds (Table 2.10) and was included in this 
study.  
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Table 2.9 Concentrations and % recovery of MBT, DBT and TBT (ng Sn 
g-1) in PACS-2 CRM – butyltins in marine sediment  
 ng Sn g-1 
(n = 3) MBT DBT TBT 
Mean 614.5 829.2 864.2 
Std dev 216.0 48.1 48.9 
Std error 124.7 27.8 28.2 
% recovery 
88 ± 31 76 ± 4 104 ± 6 
PACS-2 (ng Sn g-1) 700* 1100 ± 135 832 ± 95 
* Information value only 
Table 2.10 Concentrations and % recovery of organotin compounds in 
BCR-646 CRM (ng OT g-1) – organotin compounds in fresh-water 
sediment  
 ng OT g-1 
(n = 3) MBT DBT TBT MPhT DPhT TPhT 
Mean 496.7 716.8 445.2  19.4 34.4 
std.dev 70.60 68.44 42.82  11.94 5.44 
       
% recovery 81 ± 12 93 ± 9 93 ± 9 - 51 ± 32 117± 19 
BCR-646 
(ng OT g-1) 
610 ± 120 770 ± 90 480 ± 80 69 ± 18 36 ± 8 29 ± 11 
 
2.8.3. Field samples 
2.8.3.1. Sea water 
Samples were collected from Langstone Harbour (50 48 23˚N, 00 55 12˚W) 
on the 8th February 2016 at 11:00. Samples were analysed on the same day, 
using the procedures presented in section 2.4.1 and 2.4.2. Concentrations of 
TBT were found to be below or just above the method detection limit (MDL) 
using 10 µL PTV-LVI-GC/MS (MDL TBT = 1.8 ng L-1) but below its MQL (< 5.4 
ng L-1) (Table 2.11). For TPhT, concentrations in samples were below the MDL 
and MQL using 10 µL PTV-LVI GC/MS (MDL = 1.3 ng L-1). For the di-
substituted compounds (DBT and DPhT), concentrations in water were also 
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below their respective MDLs and MQLs (DBT MDL = 2.3 ng L-1 and DPhT MDL 
= 3.5 ng L-1). MBT was detected at concentrations higher than the MQL (19.1 
ng L-1) with a mean concentration of 34 ng L-1 (Table 2.11) and was considered 
a function of its reduced analytical performance in comparison to the other 
compounds, as well as intermittent high blank values observed amongst 
extractions (with MBT the final degradation product of TBT).Using 10 µL 
injections, MQLs still exceeded the required concentration to detect TBT at 
Langstone Harbour. Further work to improve this was therefore undertaken 
(section 2.8.3.2).   
Table 2.11 Concentrations of organotin compounds detected in sea 
water (Langstone Harbour) 
 
ng L-1 
Sample MBT DBT TBT DPhT TPhT 
Lang_a 33.2 < 2.3 2.2 < 3.5 < 1.3 
Lang_b 24.7 < 2.3 2.0 < 3.5 < 1.3 
 Lang_c 27.7 < 2.3 < 1.8 < 3.5 < 1.3 
Lang_d 34.4 < 2.3 2.0 < 3.5 < 1.3 
Lang_e 49.7 < 2.3 < 1.8  < 3.5 < 1.3 
Mean 33.9 < 2.3 2.1 < 3.5 < 1.3 
Std dev 8.6 - 0.1 - - 
      
MDL 6.3 2.3 1.8 3.5 1.3 
MQL 19.1 7.0 5.4 10.6 3.9 
      
 
2.8.3.2. Further developmental work 
PTV-LVI developmental work was done at different stages of the project; with 
the use of the 10 µL slow-speed injection first investigated in 2014. During the 
latter stages of the project (January 2016), a PAL SyrGC100 µL injection kit 
was acquired and gave the opportunity to revisit this work. Using a 100 µL 
syringe, a minimum injection speed of 1 µL s-1 was possible. From repeat 
injections of a 4 ng (5 µg L-1) standard, at 1 µL s-1, sample volumes, increments 
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of 10, 25 and 50 µL. Details of this technique are published in Cole et al., 
(2016) and is included as Appendix 2. 
2.8.3.3. Sediment 
Field sediment samples were collected in conjunction with a spatial 
assessment survey of organotins in the Portsmouth area. The survey is 
presented in Chapter 4, section 4.2.   
2.9. Summary 
Methods for the analysis of organotin compounds in water and sediment using 
GC/MS were developed at the University of Portsmouth, with samples 
extracted and derivatised using NaBEt4 (at a pH of 4.20 ± 0.1) and then pre-
concentrated into 2 mL n-hexane. In order to improve the limits of detection 
for water and to negate the use of an evaporation step in the analytical 
protocol; the use of PTV-LVI was investigated and adopted for low-level 
quantification work. The PTV-LVI method was further improved towards the 
latter stage of the project after re-evaluating the PTV-LVI injection 
methodology, with the use of 50 µL injections undertaken; reducing MDL of 
TBT in water to 0.7 ng L-1.  
For the determination of organotin compounds in water; methods were 
adapted from those used by NRW for TBT analysis and provided an initial 
understanding of analytical requirements for organotin determination. From 
observation, it was found that altering the pH of the derivatisation flask (to pH 
4.20) from those used by NRW for TBT (pH = 5.2 ± 0.1), the linearity in 
calibration and the overall responses of the lesser substituted compounds was 
markedly improved. This was considered to be a function of the acid 
disassociation constants (pKa) of the organotin compounds; where conditions 
below their respective pKa yielded higher proportions of cationic organotin 
compounds for nucleophilic substitution (highlighting the requirement for 
consistent pH conditions throughout samples and standards). The 
derivatisation and preconcentration methods into n-hexane were more 
suitable for those compounds of a higher log Kow; with tri-substituted 
compounds having a higher affinity towards the non-polar organic phase. As 
TBT and TPhT are the main compound(s) of interest; compromise in method 
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suitability was biased towards these two compounds over the lesser 
substituted counterparts. MBT and DPhT demonstrated the poorest analytical 
performance, with linearity of calibrations observed to be R2 = 0.95-0.99 for 
both water and sediment. As MBT is a final degradation product of DBT and 
TBT (prior to inorganic Sn), concentrations of MBT within blanks occurred 
more periodically than those for DBT and TBT. At the start of PTV-LVI work, 
blanks for all compounds were found, however after adopting the procedures 
in section 2.3.4, elimination of these two analytes from blanks was found. MBT 
was found to appear intermittently between samples, with an increase in their 
detection between samples used to determine the expiry of the 12 N HCl acid 
bath used during cleaning. In terms of the method validation in water; 
concentration(s) of TBT and TPhT in RTC proficiency scheme samples were 
in agreement with the acceptance values of the proficiency sample, along with 
the respective certified values reported for the sample. For the recoveries of 
organotins in unfiltered sea water; these were found to be high, but fell within 
an acceptable range for DBT, TBT, DPhT and TPhT. For MBT, it was 
considered that from the aforementioned limitations with the analytical 
technique, along with the potential for overall higher blanks providing 
recoveries > 100 %.  
MPhT was investigated as a potential analyte of interest for this project. It was 
found that its identification, calibration and quantification were possible in 
water; however its overall response in comparison to the other organotin 
compounds was poor. When applied to methanolic acid extractions; 
interference from the reagent directly compromised its chromatography. 
Alternatives in the confirmation and quantification ions (m/z) were investigated 
using those cited in the literature; however these provided unsuitable 
responses and/or no improvement from the reagent’s interference. When 
considering its overall priority as a pollutant in the environment; it was decided 
to discount MPhT from the project and retain the protocols for the other 
analytes.  
For sediment analysis, a similar approach to Cefas protocols was adopted; but 
with the substitution of NaBH4 with NaBEt4. Using SOPH-1 marine sediment 
CRM, the simultaneous extraction and derivatisation with alkaline 
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saponification provided unsuitable derivatisation using NaBEt4, with poor 
recoveries of DBT and TBT (as a function of the high pH of the extractant and 
the organotin compounds partitioning back on to the sediment phase). Similar 
results were found with derivatisations in 13 M methanolic acid (where 
sediments extracted in the same vessel as derivatisation caused the 
partitioning of analytes back on to solid-phase. To negate this, organotins were 
extracted using 13 M methanolic acid and were then derivatised separately 
from the sediment phase. 
For the sediment extraction procedure; (2 x 15 min ultrasonication in 8 mL 13 
M methanolic acid) DBT and TBT recovery (%) and precision (%) were found 
to be in agreement with the SOPH-1 CRM, with 97 ± 7 % and 96 ± 6 % for 
DBT and TBT respectively (n = 5). Further validation using PACS-2 sediment 
was undertaken, with good recoveries for TBT obtained (104 ± 6 %) (n = 3).  
MBT recoveries were 88 ± 31 % and was accurate to the reported value of the 
CRM certificate. For DBT, recoveries in PACS-2 were consistently low for 
PACS-2 analysis, but demonstrated good reproducibility (4 %). It was 
considered that the previous use of the CRM for trace metal analysis in other 
research projects meant that the history of the CRM could not be fully 
accounted for with the potential loss and degradation of DBT from the CRM 
material (although this is somewhat hypothetical). The analysis of BCR-646 
sediment was also done with the recovery for DBT was 93 ± 9 %. Recoveries 
for MBT, TBT and TPhT from this material were acceptable (with MBT = 81 ± 
12 %, TBT = 93 ± 9 %). TPhT recoveries were high but fell within the certified 
range for BCR-646 (TPhT = 117 ± 19 %). DPhT recoveries were found to be 
low with poor reproducibility (51 ± 32 %). As the recoveries of the most 
important compounds (TBT, DBT) were at an acceptable range, analysis of 
DPhT as total concentrations in sediment was considered to be unachievable.   
Butyltins in both a marine and freshwater sediment yielded recoveries (%) in 
agreement to the certified reference values of the materials tested. For TPhT, 
the CRM material was limited to freshwater sediment; therefore the method 
was considered as partially validated for TPhT.  
Methods developed in this chapter were deemed suitable to continue with the 
experimental work presented in the following chapters.  
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 Diffusive Gradients in Thin-Films and the development of a binding 
gel phase for organotin compounds 
3.1. Introduction 
Previously, there was no Diffusive Gradients in Thin-Films (DGT) technique 
for organotin compounds. Work in this chapter provides an overview of the key 
principles of DGT and its situation regarding the measurement of organic and 
organometallic compounds.  
The development and validation of a DGT binding gel for organotin 
compounds is described in this chapter, along with comparisons in its 
performance against C8 and C18 3M Empore® disks.  
3.1.1. Theory 
DGT is a passive sampling technique from the University of Lancaster and is 
used for the in-situ measurement of freely dissolved metals in natural waters 
(Davison, Grime, Morgan, & Clarke, 1991; Zhang, Davison, Miller, & Tych, 
1995). DGT is different from Chemcatcher® as the passive sampler 
constituents (gels) can be moulded into various configurations, and can 
therefore allow for the detection of analytes in sediment pore waters. Analytes 
are sequestered during the kinetic uptake stage of the passive sampling 
regime by utilising three functional layers; (i) a binding hydrogel, containing a 
sorbent or “group” that has a high affinity for the analytes of interest (Chelex®‐
100 being the most common phase used for divalent and tri-valent metal ions) 
(Peijnenburg et al., 2014) (ii) a diffusive hydrogel layer of a known thickness 
and (iii) a protective diffusive outer membrane of a known thickness and pore 
size (µm) (Zhang & Davison, 1995) (Figure 3.1). Normally, DGT gels are made 
using acrylamide and agarose cross-linker solution, with an ammonium 
persulfate (APS) initiator and an N,N,N’,N’‐tetramethylethylendiamine 
(TEMED) catalyst. For applications using a larger pore size (> 20 nm radius), 
1.5 % agarose gels are used (Zhang & Davison, 1999). Figure 3.1 shows the 
operation of DGT and the establishment of the concentration gradient between 
the binding layer and bulk aqueous phase. 
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Figure 3.1. DGT functional layers and the establishment of the 
concentration gradient between the binding layer and bulk aqueous 
phase through the diffusive gel membrane (C = concentration in bulk 
phase, Δg = thickness of gel) (adapted from Peijnenburg et al., (2014). 
For sampling, devices are deployed in the environment for a recorded length 
of time. Upon retrieval, analytes are eluted from the binding gel and are 
measured using conventional analytical techniques. From the calculations in 
Zhang et al., (1995), the absolute mass of the analyte on the binding gel (M, 
ng) is calculated using equation (1), with the binding gel volume (Vg, cm3), 
eluent volume (Ve, mL), the measured concentration of the analyte (Ce, ng mL-
1) and the previously determined elution factor (fe), expressed as: 
(1)  M = 
Ce (Vg+Ve)
fe
  
In order to determine the TWA concentration(s) of an analyte in the bulk phase 
(CDGT, ng mL-1); the diffusion coefficient for each analyte needs to be calculated 
(D, cm2 s−1). Determinations of D are undertaken by laboratory experiments, 
using either:  
i) Diffusion cell experiments, with two compartments separated by the diffusive 
gel and protective membrane, allowing the free diffusion of analytes from one 
compartment to another over time (with the concentration of the analyte 
measured over intervals of time).  
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ii) The deployment of assembled DGT samplers in a known concentration of 
analyte solution (ng mL-1) under variables of pH, temperature and ionic 
strength. Using the binding gel elution factor(s) for analytes (fe), DGT uptake 
curves for each analyte is measured and plotted against time to calculate D 
(Equation (2)) (Panther, Stillwell, Powell, & Downard, 2008), with C = the 
concentration of the analyte in solution (ng mL-1), A = the exposed sampling 
area (cm2) and Δg = the thickness of the diffusive layer (cm) (Zhang & Davison, 
1999). 
(2) D = 
slope Δg 
C A
 
Using measurements from Equations (1) and (2), the TWA concentration 
(CDGT, ng L-1) and analyte flux through the diffusion gel and membrane (J, ng 
cm-2 s-1) can be calculated with equations (3) and (4) (Zhang & Davison, 1995; 
Zhang, Davison, Knight, & McGrath, 1998).   
(3)  CDGT = 
M ∆ g
DtA
 
(4) J = 
M
tA
 
3.1.2. Considerations for DGT 
3.1.2.1. pH and ionic strength 
Extremes of pH and ionic strength can influence the working efficiency of the 
gels. For Chelex-100 binding gels, low pH ranges (pH < 4) cause the styrene 
divinylbenzene iminodiacetic acid sorbent to undergo protonation, reducing 
the chelating efficiency for selected analytes, with Cd and Cu limited to 
deployments of pH 4-5 and pH 2 respectively (Zhang & Davison, 1995; 
Gimpel, Zhang, Davison, & Edwards, 2003). The swelling of gels at extremes 
of pH (pH < 1 and > pH 11) has also been reported for DGT (Zhang & Davison, 
1999; Gimpel et al., 2003). The ionic strength of the surrounding solution can 
also effects DGT measurements, with low ionic concentrations (< 1 mM) being 
problematic for the free diffusion of metals acrylamide/bis-acrylamide (APA) 
gels (Warnken, Zhang, & Davison, 2005) with excess polymerisation reagents 
acting as interfering ions (Warnken et al., 2005). In order to maintain the ionic 
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charge between the DGT diffusive gel and the bulk sampling phase, diffusive 
gels are stored under conditions similar to those in the field (with storage in 
0.7 M NaCl or 0.01 M NaNO3 typical for saline and freshwater deployments 
respectively).   
3.1.2.2. Biofouling 
The accumulation of biofilms on the DGT sampler have the propensity to 
adsorb analytes and act as an extension of the diffusion layer, reducing the 
overall sampling efficiency of the DGT sampler (Österlund et al., 2010). 
Spiking of DGT’s with anti-fouling agents has been investigated, however, this 
approach is not widely used due to its negligible performance in the field, along 
with the potential interferences to determined analytes (Österlund et al., 2010).  
3.1.2.3. Temperature 
Calculations prescribed in Zhang and Davison (1995) allow for diffusion 
coefficients (D) to be recalculated after field deployments at different 
temperatures; using the Stokes-Einstein equation (equation 5). T1 and T2 are 
temperatures from laboratory calibration and the measured field temperatures 
respectively. η = viscosity of water (mPas) (Turner et al., 2012). Record of 
deployment temperature and time is therefore necessary as part of the DGT 
deployment regime.   
(5) 
D1 η1  
T1
= 
D2 η2  
T2
 
3.1.2.4. Water and sediment 
Interpretations of DGT data from water and sediments have different 
considerations. For water column sampling, a well-mixed and replenished 
source of analyte is assumed for most sampling regimes; therefore the kinetic 
uptake scenario of analytes to the sampler is used to calculate CDGT. 
Incorporation of the diffusive boundary layer (DBL) is an important factor in 
water DGT, where poorly mixed waters yield a stagnant layer adjacent to the 
sampling interface, increasing the diffusive layer thickness (Δg). The thickness 
of the DBL is directly influenced by water velocity/turbidity) (Warnken, Zhang, 
& Davison, 2006), where in well-mixed waters, the influence of the DBL is 
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negligible. Calculations accounting for the DBL are shown in Warnken et al. 
(2006). 
Figure 3.2 (a) shows the DGT configuration typically used in sediments, with 
Figure 3.2 (b) showing the dimensions of the DGT sediment probe used in this 
study. For sediments, the DGT is representative of a controlled perturbation to 
the sediment compartment, with the resulting measurements reflecting the 
response to that perturbation (Harper, Davison, Zhang, & Tych, 1998). The 
DGT induced flux in sediments can be described as a relationship between 
three compartments; with interactions of the analyte between (i) the binding 
gel (ii) the dissolved phase and (iii) the sediment-sorbed phase.  For 
deployment scenarios where the analyte is rapidly desorbed from the solid-
phase, with the free diffusion of analytes through interstitial pore-waters 
occurring (a sustained replenishment scenario), the DGT equation (Equation 
3) is used for TWA measurements of sediment pore water concentration 
(Harper et al., 1998; Peijnenburg et al., 2014). More commonly; the pool of 
analytes available to the binding layer is restricted by sediment porosity and 
the partial release and resupply of analytes from the solid-phase to pore-
waters (Harper et al., 1998).  Because of this, absolute concentration(s) and 
measurement efficiency in sediment is lower than those in water (Peijnenburg 
et al., 2014) so optimisation of the sampler binding layer, diffusive gel layer, 
and deployment times are required to determine the interval of the kinetic 
uptake phase of the sampler is required; with deployment times ranging from 
hours to weeks (Peijnenburg et al., 2014).  
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Figure 3.2 (a) Functional DGT components for sediment porewater 
measurement (Harper et al., 1998), with binding gel, diffusive gel and 
filter membrane (b) Exploded 3-D rendering of AT Engineering sediment 
probe and retaining plate (c) dimensions of DGT sediment probe 
(excluding top retaining plate)  
(a) 
(b) 
(c) 
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3.1.3. o-DGT and organometallics 
Adaptations to the DGT configuration have increased the selectivity of DGT, 
allowing for measurements of other analytes including actinides (notably 
uranium) (Hutchins et al., 2012; Turner et al., 2012; Turner, Mills, Burnett, 
Amos, & Fones, 2015), oxyanions (Price, Teasdale, & Jolley, 2013; Panther, 
Bennett, Welsh, & Teasdale, 2014), polar organic compounds (Chen, Zhang, 
& Jones, 2012) and organometallic compounds (Cristal Fernandez-Gomez, 
Bayona, & Diez, 2014) (Table 3.1). Techniques that focus on the direct 
measurement and speciation of organic compounds have been limited to two 
classes of analytes, including antibiotics (using o-DGT (Table 3.1) and 
organometallics (specifically methylmercury) (Table 3.2), with the reported 
diffusion coefficients obtained by independent DGT experiments (and applied 
to both pore water and water column experimentation). Indirect determination 
of organically associated analytes is done by the manipulation of 
polyacrylamide diffusive gel pore size (µm), with simultaneous  deployments 
of constrained and open pore gels used to differentiate between non-
complexed and organically associated species, from the larger pore sizes 
allowing the free diffusion of organically complexed metals (Zhang & Davison, 
2000). To the best of knowledge, the direct determination of organic 
compounds by DGT is limited to polar and semi-polar compounds (shown in 
Tables 3.1 and 3.2); with antibiotic and methylmercury species having log Kow 
values < 2.5 (Ndu, Mason, Zhang, Lin, & Visscher, 2012; Chen et al., 2015). 
For o-DGT, the binding gel consists of an Amberlite® XAD-18 sorbent, 
supported in a 1.5 % agarose gel overlain with a polyethersulfone  (PES) 
membrane (Chen et al., 2012). Methylmercury DGTs typically utilise a PES 
membrane, although nylon is sometimes used. A 3-mercaptopropyl-
functionalised silica gel in acrylamide/bis-acrylamide is the most common 
phase for methylmercury sorption (Table 3.2), although other phases have 
been successfully applied. These include Baker’s yeast (Saccharomyces 
cerevisiae) (Tafurt-Cardona et al., 2015) and Ambersep GT74/Duolite GT73 
resins (Pelcova, Docekalova, & Kleckerova, 2015). 
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Table 3.1 o-DGT studies for the determination of antibiotics in water and soil 
Details of 
sampling 
Deployment Analytes DGT binding phase Diffusive layer(s)(Δg) Reported D (diffusion coefficient(s)) Elution/analysis method Ref 
Fresh water WWTP in China 
and U.K. 
DAX DIX, EFX, FLX, LEM, 
LIM, LFX, MON, NFX, NOV, 
OFX, OLM, OMP, PFX, 
SAM, SFX, SCT, SCP, SDZ, 
SDM, SDX, SGD, SMR. SM, 
SMZ, SMX, SMM, SNM, 
SPD, SQX, STZ, SSX, TMP 
XAD18 - in agarose 
gel 
Agarose gel From previous studies 5 mL methanol twice, to 
extract for 20 min in an 
ultrasonic bath. Analysis 
by LC-MS/MS 
(Chen, 
Zhang, Ying, 
Zhou, & 
Jones, 
2015) 
Soil Preston, 
Lancashire, U.K. 
SMX, SMZ), SDM, TMP XAD18 - in agarose 
gel 
Agarose diffusive gel 
(0.8 mm) and PES 
(0.14 mm) filter 
membrane 
4.19 x 10−6, 3.29, 3.15 x 10−6, and 3.11 x 
10−6 cm2 s-1 at 18 °C for SMX, SMZ, 
SDM, and TMP, respectively 
5 mL methanol twice, to 
extract for 20 min in an 
ultrasonic bath. Analysis 
by LC-MS/MS 
(Chen, 
Chen, Ying, 
Jones, & 
Zhang, 
2015) 
Soil Lancashire, U.K. SFX, SCT, SCP, SDZ, SDM, 
SMZ, SMX, TMP 
XAD18 - in agarose 
gel 
Agarose diffusive gel 
(0.8 mm) and PES 
(0.14 mm) filter 
membrane 
2.93 × 10−6, 3.10 × 10−6, 3.95 × 10−6 and 
2.97 × 10−6 cm2 s−1 for TMP, SMZ, SMX 
and SDM (at 16 ˚C) respectively 
5 mL methanol twice, to 
extract for 20 min in an 
ultrasonic bath. Analysis 
by LC-MS/MS 
(Chen, 
Jones, Ying, 
& Zhang, 
2014) 
WWTP 
effluent 
WWTP in China 
and U.K. 
DAX DIX, EFX, FLX, LEM, 
LIM, LFX, MON, NFX, NOV, 
OFX, OLM, OMP, PFX, 
SAM, SFX, SCT, SCP, SDZ, 
SDM, SDX, SGD, SMR. SM, 
SMZ, SMX, SMM, SNM, 
SPD, SQX, STZ, SSX, TMP 
XAD18 - in agarose 
gel (0.5 mm) 
Agarose diffusive gel 
(0.8 mm) and PES 
(0.14 mm) filter 
membrane 
Ranging 0.58 × 10−6 to 6.24 × 10−6 cm2 
s−1 
5 mL methanol twice, to 
extract for 20 min in an 
ultrasonic bath. Analysis 
by LC-MS/MS 
(Chen, 
Zhang, Ying, 
& Jones, 
2013) 
Fresh water Laboratory, 
University of 
Lancaster 
SMX XAD18 - in agarose 
gel (0.5 mm) 
Agarose diffusive gel 
(various thickness) 
and PES (0.14 mm) 
filter membrane 
3.62 x 10-6 cm2 s-1 at 20 ˚C 5 mL methanol twice, to 
extract for 20 min in an 
ultrasonic bath. Analysis 
by LC-MS/MS 
(Chen et al., 
2012) 
ciprofloxacin = CFX, clarithromycin = CLM, danofloxacin = DAX, difloxacin = DIX, enrofloxacin = EFX, fleroxacin = FLX, liquid chromatography =  LC , leucomycin =  LEM, lincomycin = LIM, 
lomefloxacin=  LFX, Mass spectrometry = MS, monensin = MON, norfloxacin = NFX, novobiocin  = NOV, ofloxacin = OFX, oleandomycin = OLM, ormetoprim = OMP, polyethersulfone =  PES,  pefloxacin 
=  PFX, salinomycin  = SAM, sarafloxacin = SFX, sulfacetamide = SCT, sulfachlorpyridazine = SCP, sulfadiazine = SDZ, sulfadimethoxine =  SDM, sulfadoxine =  SDX, sulfaguanidine = SGD, 
sulfamerazine  = SMR, sulfameter = SM, sulfamethazine = SMZ, sulfamethoxazole =  SMX, sulfamonomethoxine = SMM, sulphanilamide = SNM, Sulfapyridine =  SPD, sulfaquinoxaline = SQX , 
sulfathiazole = STZ, sulfisoxazole  = SSX, trimethoprim = TMP, waste water treatment plant = WWTP. 
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Table 3.2 DGT for organomercury compounds in water and sediment 
Details of sampling Deployment Analytes DGT binding phase Diffusive layer(s)(Δg) Reported D (diffusion coefficient(s)) Elution/analysis method Ref 
Sediment pore-water 
Okjeong Lake 
(Jeonju, 
Republic of 
Korea) and 
Hampyeong Bay 
(Jeollanam-do, 
Republic of 
Korea) 
Inorganic 
mercury and 
methylmercury 
3 -mercaptopropyl-
functionalised silica 
gel in 15% 
acrylamide and 
0.4% bis-acrylamide 
as a cross-linker (0.5 
mm) 
1.5% (w/v) agarose 
(0.75 mm) 
2.4-4.6 x 10-6 cm2 s-1 at 25 ˚C 
1 mM thiourea/HCl acid. 
Derivatisation using 
NaBEt4. Analysis by GC-
CV-AFS 
(Noh, Hong, & 
Han, 2016) 
Fresh water 
Negro River, 
Brazil 
Methylmercury 
and inorganic 
mercury (II) 
Saccharomyces 
cerevisiae (Baker’s 
yeast) immobilised 
in agarose gel as 
binding phase 
(1.5%), w/v Agarose 
gel (of 0.8 mm) 
7.03 ± 0.77 × 10−6 cm2 s−1 at 23 °C 
5 mL of HCl (1 M) under 
constant agitation for 24 h. 
Analysis with CV-AFS 
Mercury Analyser 
(Tafurt-Cardona 
et al., 2015) 
 
Fresh water 
Ängessjön and 
Kroksjön lakes, 
Sweden 
Methylmercury 
3-mercaptopropyl-
functionalised silica 
gel embedded in a 
polyacrylamide gel 
(0.4 mm thick) 
Polyacrylamide 
diffusive gel (0.4 mm) 
overlain with a 0.1 mm 
thick, 0.45 μm pore 
size nylon filter 
membrane. 
2.54 × 10−6 and 1.67 × 10−6 cm2 s−1 
Thiourea and hydrochloric 
acid. Derivatisation using 
NaBEt4 
(Fernández-
Gómez, Bayona, 
& Díez, 2015) 
Fresh water 
Jihlava River, 
near the village 
of Hrubšice, 
Czech Republic 
Methylmercury
, ethyl 
mercury, 
phenyl 
mercury and 
inorganic 
mercury (II) 
Ambersep GT74 
and Duolite GT73 
thiol binding gel in a 
polyacrylamide gel 
(0.25 mm) 
1.5% agarose gel (0.5 
cm) 
2.61-8.02 × 10−6 cm2 s−1 at 25 °C 
Microwave extraction. 
5 mL of an extraction 
reagent (5 M HCl or 6 M 
HCl). Analysis by atomic 
fluorescence spectrometry 
(AFS) 
(Pelcova et al., 
2015) 
Fresh water 
Laboratory study 
using reservoir 
fresh water 
Methylmercury 
3-mercaptopropyl-
functionalised silica 
gel embedded in a 
polyacrylamide gel 
(0.4 mm thick) 
Polyacrylamide 
diffusive gel (0.76 mm) 
and 1.5 % agarose gel 
(0.4 mm) gels 
investigated 
1.47-5.26 × 10−6 cm2 s−1 at 20-25˚C 
Thiourea and hydrochloric 
acid. Derivatisation using  
NaBPh4 
(Cristal 
Fernandez-
Gomez et al., 
2014) 
Sediment pore-water 
(DGT and DET 
deployment) 
Mekong Delta, 
Vietnam 
Methylmercury 
and inorganic 
analytes 
3-mercaptopropyl 
functionalized silica 
gel in 
polyacrylamide gel 
(0.5 mm) 
1.5% agarose diffusive 
gel (0.75 mm) 
5.26-5.89 x 10-6 cm2 s−1 at 25-29˚C 
Soaked in 4 mL of acidic 
thiourea solution (1.13 
mM thiourea + 0.1 M HCl) 
for 24 h. Derivatisation 
using NaBEt4 and analysis 
using GC-CVAFS 
(Hong, Dan, 
Kim, Choi, & 
Han, 2014) 
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Table 3.2 continued 
Details of sampling Deployment Analytes DGT binding phase Diffusive layer(s)(Δg) Reported D (diffusion coefficient(s)) Elution/analysis method Ref 
Sea and fresh water Laboratory study Methylmercury 
3-mercaptopropyl 
functionalized silica 
in polyacrylamide 
gel 
Both polyacrylamide 
and 1.5 % agarose 
gels investigated (0.04 
- 0.12 cm thickness) 
5.1 x 10-6 cm2 s−1 at 20˚C 
2 mL of thiourea solution 
(range of 0.5 to 50 mM 
investigated) at pH 1 
(0.1 M HCl).  Ethylated 
using NaBEt4 
 and analysis using HS-
SPME-GC-AFS 
(Gao, De 
Craemer, & 
Baeyens, 2014) 
Sediment porewater 
Penobscot River 
estuary in 
Winterport, USA 
Methylmercury 
and inorganic 
mercury (II) 
3-mercapto-propyl-
functionalized silica 
in polyacrylamide 
(0.4 mm) 
1.5% agarose diffusive 
gel (0.4-0.75 mm) 
3.57 × 10−6 cm2 s−1 - 
(Amirbahman et 
al., 2013) 
Fresh water 
Ebro River 
basin, Spain 
Methylmercury 
Spheron-Thiol 
binding gel 
Agarose gel diffusive 
layer ( 0.76 mm) 
8.50 x10-6 cm2 s-1 at 25˚C 
0.4% with concentrated 
HCl, analysis using 
mercury analyser 
(Fernandez-
Gomez, Bayona, 
& Diez, 2012) 
Fresh, estuarine and 
saline water 
South 
Waynesboro, 
Chesapeake 
Bay, Sarasota 
Bay, USA 
Methylmercury 
and inorganic 
mercury (II) 
3-mercaptopropyl 
functionalized silica 
gel in 
polyacrylamide gel 
1.5% agarose (0.5, 
0.75, 1.0 mm) and 
PES membrane (0.15) 
2.16-5.42 x10-6 cm2 s-1 
Thiourea solution (1.5% 
thiourea + 6.5% 
concentrated nitric acid + 
10% glacial acetic acid) 
used to form the cationic 
charged species of Hg. 
Analysis using IC-ICP-MS 
(Hong, Rifkin, & 
Bouwer, 2011) 
Sediment porewater 
Hamilton Army 
Airfield, San 
Pablo Bay, 
China Camp 
State Park, USA 
Methylmercury 
species 
3-mercaptopropyl-
functionalized silica 
gel in 0.5 mm 
binding gel 
polyacrylamide gel, 
0.8 mm 
polyacrylamide 
diffusive gel and a 
0.13 mm filter 
membrane (cellulose 
nitrate) 
5 x10-6 cm2 s-1 at 20˚C 
H2SO4/HNO3, the mixture 
was left to react for 1 h at 
room temperature. 
Digestion was completed 
by heating vials in an 
aluminium block at 120 
˚C. Derivatisation using 
NaBEt4, Analysis using 
NaBEt4 
(Olivier Clarisse, 
Dimock, 
Hintelmann, & 
Best, 2011) 
Freshwater 
Experimental 
Lakes Area, 
Ontario, Canada 
Methylmercury 
3-mercaptopropyl 
functionalised silica 
gel in 
polyacrylamide (0.4 
mm) 
Polyacrylamide gel 
(0.4 mm) with 0.1 mm 
cellulose nitrate filter 
5 × 10−6 cm2 s−1 at 20 °C 
Isotope dilution. 
Derivatised using NaBEt4 
and GC-ICP-MS 
(Clarisse, 
Foucher, & 
Hintelmann, 
2009) 
Cold vapour atomic fluorescence spectrometry = CV-AFS, Gas chromatography = GC, ion chromatography = IC, inductively coupled plasma = ICP, mass spectrometry = MS, polyethersulfone = PES, 
sodium tetraphenylborate = NaBPt4, sodium tetraethylborate = NaBEt4  
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3.1.4. DGT and dredged material disposal sites 
Parker et al., (2012) used DGT for the high resolution measurement of metal 
fluxes (Cd, Fe, Mn, Ni, Pb) at Souter-point dredged material disposal site, near 
the Port of Tyne, UK). DGT sediment probes with Chelex®-100 and silver-
iodide (AgI) binding gels were used to measure metal(s) and dissolved 
sulphide flux (fmol cm2 s-1) above and below the SWI. DGT devices were 
deployed in aerated sediment cores (for intervals of 24-28 h) and were done 
in conjunction with total metal determination (mg kg-1), oxygen penetration 
depth, sediment particle size, TOC %, Chlorophyll-a and phaeopigments. The 
DGT Chelex®-100 gels were eluted using 1 mL of 1 M HNO3 for 24 h and 
analysed using ICP-MS. Sulphide analysis on AgI gels was done by computer-
imaging densitometry grey-scale intensity imaging, using a flatbed scanner 
(Teasdale, Hayward, & Davison, 1999).  
The authors found that Mn release occurred during oxygen depletion of the 
upper 1 cm of the sediment and that Fe showed a rapid increase of supply 
close to the surface at all sample stations, with a continued supply to the cores 
at depth. Fe fluxes were determined as 1 order of magnitude higher than Mn 
fluxes. Measurements for Cd showed peak flux at the SWI. Below the SWI, 
levels of Cd supply were low at all stations apart from distinct peaks of higher 
Cd supply at distinct depths (0.1-0.2 fmol cm-2 s-1). There was no trend of Cd 
release down the sediment core in any of the stations. Profiles for Pb had 
increasing flux to the DGT gel down the sediment cores, with flux rate 
increasing in all stations in the deeper sediment layers. For Ni, all 3 stations 
showed an increase in Ni supply to the gel in the upper parts of the sediment, 
with consistent supply rates at depths greater than 5 cm. Deployment of AgI 
gel probes into sediment cores revealed that free sulphide was at, or below 
the limit of detection for the DGT based method. Data were considered to 
correlate well with the high Fe and Mn ions observed in the metal profiles, as 
free sulphide would react with these metals to form insoluble iron/manganese-
sulphide complexes (Parker et al., 2012).  
It was concluded that DGT can be a useful tool to assess the potential metal 
bioavailability and assist in risks assessments on dredged material disposal 
sites acting as sources or sinks for heavy metals.  
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From this work, further collaboration between the University of Portsmouth and 
Cefas was realised, with this study resulting from this.  
The development of a novel binding gel with a high affinity for organotin 
compounds was a research objective for this project. The details of binding gel 
work for organotins are presented in the remaining sections of this chapter.   
3.2. C8 and C18 as a DGT binding gel sorbent for organotins 
3.2.1. Octyasilyl (C8) and octadecylsilyl (C18)  
Silica bound octadecyl (C18) (Figure 3.3) are commonly used phases for the 
separation of non-polar analytes using reversed phase chromatography, with 
the non-polar characteristics of the sorbent occurring from the long-chained 
octadecyl groups bound to the sorbent phase (along with residual silanol 
groups present on the silica surface, allowing for polar and ionic secondary 
interactions between the adsorbent and solute) (Melo, Collins, & Jardim, 
2004). Octyasilyl (C8) has similar properties to C18, but with shorter bound 
alkane chains (C = 8) (Figure 3.3) having applications towards moderately 
non-polar analytes (3M Life Sciences 2016). These phases are typically 
available as columns, cartridges, loose sorbent or as disk-bound phases. 
Figure 3.3 (i) C18 and (ii) C8 phases, adapted from Microsolv (1992) 
3M C18 Empore® solid-phase extraction (SPE) disks (Fisher Scientific Ltd., 
Loughborough, UK) are used in the non-polar Chemcatcher®  (Vrana et al., 
2005) and have been successfully applied to the passive sampling of organotin 
compounds in sea water (Chapter 1, section 1.3.4.1) (Aguilar-Martinez et al., 
(i) (ii) 
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2011; Aguilar-Martinez et al., 2008), however are limited to the water column 
sampling from its availability only as a disk. C18 was therefore highlighted as a 
primary candidate for the DGT binding gel for use in a sediment probe.   
3.2.2. Solid-phase extraction of organotins using C8 and C18 Empore® 
disks 
To assess C8 and C18 as candidate phases for DGT and to determine the pre-
treatment and elution procedure for these phases, organotin uptake and 
recovery using 3M C8 and C18 Empore® disks by mass balance experiments 
were done. Solid-phase extraction (SPE) of disks was done using an 
extraction disk manifold, modified with PTFE tubing. The aim was to 
determine: 
1) The preconditioning method for the C8 and C18 phase. 
2) Conditions for organotin elution from the C8 and C18 phase. 
For experiments, 1 L of deionised water was spiked to 200 ng L-1 using a mixed 
organotin standard (with methanol in water < 1 % (v/v)). Two-hundred and fifty 
mL of the spiked solution was transferred to a volumetric flask for pre-
extraction analysis (using the procedure prescribed in Chapter 2, section 2.4). 
The remaining 750 mL was passed through a preconditioned Empore® disk 
under vacuum (section 3.2.2.1) and the post extraction solution collected in a 
1 L glass flask. After, 250 mL of the post-extraction solution was analysed by 
GC/MS. The Empore® disks were eluted and analysed using the method 
described in section 3.2.2.2. 
3.2.2.1. Preconditioning and extraction  
The following method extracted > 85 % MBT and > 95 % of DBT, TBT and 
TPhT of analytes from solution.  
1) C8/C18 Empore® disks were soaked in MeOH for 30 min.  
2) After preconditioning, disks were rinsed with deionised water and placed on 
the SPE extraction manifold platform with a 40 mL collection vial placed in the 
collection reservoir. The glass receiving vessel was attached to the disk 
platform and 10 mL LC-MS MeOH was immediately poured on to the disk.  
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3) Applying vacuum, ~ 1 mL of MeOH was drawn through the disk into the 
collection vial and allowed to soak for 1 min.  
4) The remaining MeOH was drawn through the disk, leaving a small volume 
on covering the disk. Ten mL of HPLC grade water was added to the disk and 
pulled through it to rinse the disk, leaving a small volume of water on the disk.   
5) The disk platform was carefully detached from the manifold (with the glass 
vessel and disk still in place) and the 40 mL collection vial removed to then 
allow the spiked water solution to pass to the post collection flask. The platform 
was reattached to the SPE manifold. 
6) Seven hundred and fifty mL of the organotin spiked solution was poured 
through the SPE apparatus at 50–100 mL intervals, ensuring that the Empore® 
disk did not dry out between additions.  
7) Once the entire sample has been poured through the disk, it was then dried 
under vacuum for 5–15 min until all moisture had been removed. 
3.2.2.2. Elution  
An adaptation of the elution procedure for Chemcatcher® is described in 
Aguilar-Martinez et al., (2008) and was used to elute Empore® disks, briefly: 
1) The C8 and C18 Empore® disk was placed in a clean 100 mL reaction vial.  
2) Ten mL, 13 M methanolic acetic acid solution was added to the flask. The 
flask was then ultrasonicated for 15 min. 
3) After ultrasonication, the extractant was poured into a clean 100 mL 
volumetric flask. The disk was re-extracted using 13 M methanolic acetic acid 
(10 mL) and the extractant poured into the 100 mL volumetric flask. 
4) The extraction flask and disk were rinsed with 20 mL MeOH, with the 
rinsing’s transferred into the 100 mL volumetric flask. Ten mL, 20 % NaOH 
was added to the volumetric flask, followed by 10 mL 1 M sodium acetate 
buffer. The volumetric flask was then topped up to the line to give a 
derivatisation pH of 4.20 ± 0.1.  
109 
 
5) TPrT as the internal standard was added to the volumetric flask. Two mL of 
n-hexane was then added to the volumetric flask which was shaken on a 
mechanical shaker for 15 min.  
6) One mL, 1 % NaBEt4 was added to the volumetric flask and the solution 
shaken manually for 1 min.  
7) The 100 mL volumetric flask was then placed on the mechanical shaker for 
10 min. The flask was allowed to settle for 30 min. 
8) The n-hexane layer was removed from the volumetric flask and dried over 
sodium sulphate. The extract was then analysed by GC/MS. 
Recoveries from the disk were calculated by mass balance, and the precision 
of the analytical method (uptake, elution, derivatisation) was calculated using 
6 replicates. The C8 Empore® disks recoveries for DBT = 67 ± 17 %, TBT = 81 
± 6 % and TPhT = 50 ± 14 %. C18 Empore® disks had recoveries of DBT = 113 
± 23, TBT = 118 ± 7, TPhT = 96 ± 8 %. Similar performances for MBT were 
found using both C8 and C18 Empore® disks, with recoveries of 68 ± 35 % and 
76 ± 24 % for C8 and C18 respectively, with a greater error attributed to a 
reduced performance of the phase(s) for MBT, in conjunction with the reduced 
performance of the analytical method (Chapter 2, section 2.6).   
Figure 3.4 Recoveries of organotin compounds from C8 ( ) and C18 ( ) 
Empore® disks using 13 M methanolic acetic acid and 2 x 15 min 
ultrasonication (n = 6) 
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3.3. Production of the DGT binding gel 
Bound C8 and C18 are not available in the 159 x 39 mm dimensions for a DGT 
sediment probe, therefore the production of a DGT binding gel phase using 
these sorbents was undertaken.  
3.3.1. Method 
C8 and C18 bulk silica sorbents of 40 µm (Bondesil®, Agilent UK) and 5 µm 
(Siliasphere®, Silicycle, Canada) particle sizes were selected as candidate 
phases for the DGT binding gel. A C8/C18 mixed-phase was also investigated 
as a potential binding gel phase.  To calculate the % (w/v) loading of gels as 
C8 or C18, the certified organic carbon content (%, C) of the sorbent in the 
manufacturer’s certificate of analysis was used, with % loading of C8 and C18 
in the hydrogel matrix calculated from the density of octanol and octadecyl 
(Vrana et al., 2006) (Tables 3.3 and 3.4). All sorbents used for gels were 
confirmed to be being end-capped by the manufacturers. Due to the long 
alkane structure of C8 and C18, sorbents are very hydrophobic; therefore the 
hydrogel required adaptation from the typical DGT-BPA composition of 1:1 
BPA:H2O (v/v) to promote sorbent solubility and equal dispersability 
throughout the binding gel matrix. Dichloromethane (DCM), acetone and 
methanol was trialled with 1 g of sorbent to determine their suitability in the 40 
% acrylamide/bis-acrylamide (BPA) solution, along with investigation of 
lowering the pH of the gel mixture along with ratios of 40 % BPA:H2O:MeOH 
(v/v/v) and the complete substitution of water with methanol (40 % BPA:H20 = 
1:1 v/v).  
Pre-conditioning of all sorbents was done by soaking in MeOH for 30 min 
(section 3.2.2.1) before the addition of the other gel constituents (BPA and 
H2O). In order to determine the optimum sorbent loading capacity of the 
hydrogels, mass-to volume loading(s) of 1-20 % C8 and C18 (as total gel 
composition) were investigated, along with the assessment of their casting 
performance between glass plates. The maximum % loading was chosen to 
correspond with the % loading of C8 and C18 Empore® disks (which are 
typically ranged between 16-24 % (3M Life Sciences 2016; Vrana et al., 2005; 
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Vrana et al., 2006). The associated cost of sorbents was also calculated as 
part of the sorbent % loading investigation.  
Sorbents were mixed into gels using a magnetic stirrer and were set using a 
10 % ammonium persulfate initiator and a TEMED catalyst prior to its casting. 
Using a pipette, the gel solution was cast between two glass plates, separated 
using 0.48 mm acetate spacers. All glass plates and spacers were subjected 
to the cleaning procedure described in Chapter 2, section 2.3.4 (with spacers 
soaked in Decon-90 at a lower temperature (20˚C)). During gel polymerisation, 
plates were laid flat in a fume hood for ~ 20 min, or until fully set. Gels were 
stored at 4˚C in deionised water and subjected to three water changes before 
use. 
The list of candidate sorbents for gel production included: 
1) C8 Bondesil®, 40 µm silica sorbent 
2) C18 Bondesil®, 40 µm silica sorbent 
3) C8 and C18 (mixed-phase) Bondesil®, 40 µm silica sorbent 
4) C8 Siliasphere®, 5 µm monomeric silica sorbent 
5) C18 Siliasphere® 5 µm monomeric silica sorbent 
6) C8 and C18 (mixed-phase) 5 µm monomeric silica sorbent 
3.3.2. Results 
Reducing the water content of the binding gel promoted sorbent solubility and 
homogeneity within the gel solution, with MeOH used in the preconditioning 
step also promoting the sorbent solubility within the binding gel solution. DCM 
and acetone mixed poorly with the BPA gel matrix and were discounted from 
further testing. Lowering of the gel pH using 100 µL, 0.1 M HCl was trialled, 
and although provided better sorbent mixing, inhibited the gel from 
polymerising and was also hypothesised to cause the destruction of the n-
alkane chains of the sorbent. Gels with the water constituent substituted with 
methanol to a 1:1 (v/v) 40 % BPA:MeOH underwent whitening during 
polymerisation and were of poor consistency (Figure 3.5 (i)), therefore the 
addition of water was necessary to sustain the stability of gels. Volumes of 
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3:1:1 (v/v/v) 40 % BPA:H2O:MeOH provided adequate gel stability and a 
transparent polymerisation of the gel (Figure 3.5 (ii)). For gels of a water ratio 
> 3:1:1 v/v/v; reduced mixing of the sorbent was observed and observably 
higher quantities of the sorbent visible on the top of the gel mixture during 
stirring.  
Figure 3.5 (i) 1:1 (v/v) BPA:MeOH and (ii) 3:1:1 (v/v/v) BPA:MeOH:H2O 
Using the optimised 3:1:1 (v/v/v) ratio of chemicals; the loading capacities of 
the gel were investigated. Table 3.3 and 3.4 show the calculation and 
experimental loading(s) of sorbent per 10 mL of gel solution for Bondesil C8 
sorbents. Gels were limited by the loading % viable in the gel matrix, with 
loading(s) > 2 % compromising the casting of the gel between glass plates. 
After casting and hydration in deionised water, sorbents were inspected using 
light microscopy (Figure 3.6). Sorbents that demonstrated the most uniform 
distribution were the 1 % (w/v) Bondesil® C8 and 2 % (w/v) Bondesil® C18 
(i) 
(ii) 
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(Figure 3.6 (i) and (ii)). Bondesil® C8 loadings > 1 % (w/v) caused the gels to 
become rigid and practically unusable for mounting in a DGT probe. Although 
the 2 % Bondesil® C18 (w/v) demonstrated a uniform distribution throughout 
the gel matrix; poor casting performance between the glass plates was 
observed (attributed to the longer n-alkane chains in C18 promoting gaps in the 
gel during pipetting). At 1 % (w/v), Bondesil® C18, gels were inadequately 
loaded, with poor distribution and heterogeneity observed throughout the 
binding gel (Figure 3.6, (iii)). Mixed phase gels of 0.5/1% Bondesil® C8 and C18 
were also investigated. The Bondesil® mixed-phase gels (0.5/1 % C8 and C18 
(w/v)) provided marginally reduced casting performances in comparison to the 
1 % Bondesil® C8 (w/v) gel, but did demonstrate a uniform distribution across 
the gel.  
Fine-scale Siliasphere® C8 and C18 silica particles were included in the study; 
however these demonstrated poor solubility and low homogeneity within the 
binding gel matrix, and was hypothesised to be attributed to the increased van-
der-Waal interactions between the smaller spherical sorbent particles (Figure 
3.6 (iv)).  
The dimensions of glass plates was an important factor for gel casting, with 
plates exceeding 200 x 70 mm compromising the distribution of the gel 
throughout the plates and causing gaps within the gel casting. The setting time 
of the 3:1:1 v/v/v BPA:MeOH:H2O gels was found to be sufficient for the 
sorbent to sink to one side of the gel, providing a binding site surface for DGT 
(Zhang & Davison, 2000). Hydrophobic interaction of the C8 and C18 phase 
post-hydration caused the gel to roll inwards on the sorbent binding face, 
making this binding surface more easily identifiable for DGT assembly. 
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Table 3.4 Experimental Bondesil® C8 gel loadings (%) with associated costs. 
 
C8 (%) in gel 
C8 (mg) in 10 mL 
gel solution 
Bondesil® C8 sorbent 
(g)/10 mL 
Cost (£) per 10 mL of gel** at £258 per 100 g  
(inc VAT@ 20%) 
16.46* 1646 10.60 27.34 
15 1500 9.66 24.91 
12 1200 7.73 19.93 
10 1000 6.44 16.61 
5 500 3.22 8.30 
2 200 1.29 3.32 
1 100 0.64 1.66 
0.5 50 0.32 0.83 
*C8 Empore disk equivalent,  ** Not including reagent costs,   = non-viable loading quantities 
Table 3.3 Sorbent (Bondesil® C8) calculation parameters 
Organic carbon content (%) 12.80 
C (g) for 1 g of sorbent 0.13 
Octanol density (g mL-1) 0.82 
C8 (mL) on 1 g of silica 0.16 
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Figure 3.6 (i) Bondesil® 1 % C8 gel (40 µm) (ii) Bondesil® 2 % C18 gel (40 µm) 
(iii) Bondesil® 1 % C18 gel (40 µm) (iv) SiliaSphere® C18 (5 µm) gels 
3.3.3. Gel production summary 
The loading quantities for viable Bondesil® gels (of 1-2 % w/v) were significantly 
lower than those of 3M Empore® disks (with Empore® disks having w/v loading of 
C8 and C18 in the orders of 16-24 %). Further testing and validation was therefore 
undertaken on the DGT candidate binding gels to determine their performance and 
loading capacity (or saturation) in organotin solution (Section 3.4). Candidate gels 
were selected or discounted from further testing from the following deductions;  
1) The 1 % (w/v) C8 Bondesil® 40 µm silica sorbents demonstrated good casting 
efficiency and uniform distribution across the gel. C8 loadings > 1 % (w/v) caused 
gels to become rigid and practically unfeasible for DGT. Therefore, the 1 % C8 
Bondesil® gel was selected for further experimental work.  
2) C18 Bondesil® 40 µm silica sorbent loading(s) of 2 % allowed for uniform 
distribution throughout the gel, but made casting of gels between the glass plates 
problematic, reducing their casting efficiency. Reduced loadings of 1% (w/v) had 
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inadequate % loading and significant heterogeneity throughout the gel. Due to the 
increased hydrophobic properties of C18, difficulties in gel casting for 2 % (w/v). This 
phase (as an exclusive binding phase) was, therefore, discounted from further 
experimentation.  
C8 and C18 (mixed-phase) Bondesil® 40 µm silica sorbent provided more adequate 
casting and loading using 0.5/1 % C8 and C18 (w/v) and also had uniform distribution 
throughout the gel. This phase was selected for further experimentation.  
All Siliasphere® C8 and C18 5 µm monomeric silica sorbents demonstrated high van-
der-Waal interaction between particles, making them difficult to weigh out, pre-
condition and mix into the gel. Sorbent heterogeneity in the gel was also observed. 
It was noted that Siliasphere® small silica particles presented a potential respirable 
particle hazard with the silica particles being of < 10 µm) (Non Parliamentary Health 
and Safety, 2011). Siliasphere® C8 and C18, 5 µm monomeric silica sorbents were 
discounted from further analysis.  
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3.4. Uptake and elution (%) of Bondesil® binding gel gels under variables of 
pH, ionic strength and concentration  
3.4.1. Aim 
The aim of this study was to determine the performance of candidate DGT binding 
gels under variables of concentration, pH and ionic strength(s) and to elucidate the 
optimum gel phase for DGT.  Experiments were done in conjunction with Empore® 
disks to assess gel performance against commercially available phases. The 
phases tested were; 
1) 1 % (w/v) C8 Bondesil®, (40 µm) gel cut to 47 mm (at 1.7 cm3) 
2) 0.5/1 % (w/w/v) Mixed-phase (C8/C18) Bondesil®, (40 µm) gel 47 mm (at 1.7 cm3) 
3) 3M C18 Empore® disks 47 mm (at 0.87 cm3) 
4) 3M C8 Empore® disks (at 0.87 cm3) 
3.4.2. Methods 
3.4.2.1. Uptake  
For experiments, the material of the uptake container was found to be important; 
with the selection of vessels aimed at reducing the overall adsorption of analytes to 
the vessel wall, along with the use of materials that do not leach organotin stabilisers 
to the uptake solution (Bancon-Montigny, Lespes, & Potin-Gautier, 2001). Other 
authors report that organotin compounds adsorb to the wall of most vessels; with 
other reporting losses of TBT to containers of different materials (Carter, Turoczy, 
& Bond, 1989). Pyrex® glass centrifuge tubes (50 mL) were investigated as a 
potential vessel for uptake solution for binding gel experiments; however these 
intermittently leaked and caused binding gels to stick to the wall of the container 
(making their intact removal for elution impossible). Polycarbonate tubes also 
caused gels to stick to the wall of the container and were therefore not used. FEP 
is routinely used by Cefas for organotin work and has been used for other 
partitioning studies of TBT (Alahmadi, Mohamad, & Maah, 2014). Fifty mL 
Oakridge® FEP centrifuge tubes allowed for the intact removal of gels from the tube 
and demonstrated a similar performance to glass in terms of organotin adsorption 
with the adsorption to FEP walls. Tubes containing spiked organotins, with no 
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gel/disk phase were monitored over uptake and elution parameters (Appendix 3, 
Figure A3.2) to assess the effect of water chemistry on organotin partitioning to the 
walls of the vessel. Gels with no sorbent were also tested before experimentation to 
assess if any uptake of organotins to the gel matrix was occurring (independent of 
the sorbent).  
For uptake (%), 40 mL of deionised water containing 0.001 M of the experimental 
pH buffer tubes (Appendix section 3.2) and NaCl were spiked with 80 µL of 1 mg L-
1 mixed organotin standard (to 2 µg L-1) in Oakridge FEP centrifuge tubes. The 
uptake efficiency (%) of organotin compounds was measured by the mass balance 
of solutions before and after 48 h uptake exposure only. Bondesil® gels and Empore® 
disks placed in the uptake solution for 48 h on an orbital shaker (240 rpm) in the 
dark. 
Experimental variables of pH (pH 4-9 in 0.01 M NaCl) and ionic strengths (0.01-1 M 
NaCl at pH 8.0) were investigated. Sodium chloride suitably mimics the properties 
of seawater in respect of “salting out” for hydrophobic compounds (Arnold et al., 
1997), therefore this was chosen as the salt for ionic strength control. Sea water 
sampled from Portsmouth Harbour, Hampshire was filtered (using a cellulose nitrate 
0.5 µm pore-size filter) (Merck Millipore) and was spiked with to 2 µg L-1 using the 
same procedure as other uptake solutions. For Bondesil® gel and Empore® disk 
capacity, exposure to organotin concentrations 0.5, 1, 2, 2.5 and 5 µg L-1 (for each 
compound) at 0.01 M NaCl, pH 4.0 was done.  A concentration range 0.5-5 µg L-1 
was chosen as it was considered that the absolute mass exposed to gels would far 
exceed those encountered in natural waters. A pH of 4.0 was chosen as overall 
adsorption of organotin compounds to the container walls was measured to be 
lowest (Figure A3.2 (i)) (reducing the influence of the container and  maximising the 
available concentration of organotins to the binding phases). The concentration of 
methanol in uptake solutions from standard spiking was < 0.7 % throughout 
experiments. Empore® disks were preconditioned using the method described in 
section 3.2.2.1.  For the analysis of pre- and post-exposure solutions, 10 mL of the 
solution was spiked into 250 mL volumetric flasks using a displacement pipette and 
constituted with deionised water. The pH was adjusted to 4.20 ± 1.0, where the 
solutions were simultaneously extracted and derivatised using the protocols in 
Chapter 2, Section 2.4.  
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3.4.2.2. Elution 
Gels were eluted using the reagent described in section 3.2.2.2, but with elution 
undertaken in 40 mL Oakridge FEP tubes for 24 h on an orbital shaker. This was 
done to allow for the large number of samples being processed. All phases were 
simultaneously exposed to 20 mL, 13 M methanolic acetic acid and were shaken in 
the dark for 24 h at 240 rpm. After elution, aliquots were transferred to a labelled 
100 mL volumetric flask for derivatisation and preconcentration (as described in 
section 3.2.2.2). Derivatised extracts were analysed using PTV-LVI-GC/MS 
(Chapter 2).  
3.4.2.3. Statistical analysis and performance characterisation 
To compare the performance and consistency of organotin uptake and elution 
efficiency (%), reproducibility was analysed using Levene’s equality of variance 
tests, with the statistical difference in means determined by two-way ANOVA testing. 
Tukey’s post-hoc analysis was undertaken on data sets that demonstrated no 
significant difference in equality of variance (α = > 0.05) and Games-Howell post-
hoc analysis applied to data sets that did demonstrate a statistical difference in their 
variances (α = < 0.05). Ionic strength and pH data sets were directly compared with 
each other using an independent samples t-test so as to determine which phase 
demonstrated the most consistent performance across all test variables. In order to 
consolidate the DGT binding gel elution factor(s) for each compound (fe), one 
sample T-tests for the phases were done against elution values of 100 %, 70 % and 
60 %. All statistical analysis was performed using IBM SPSS Statistics 22 software 
package.  
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3.4.3. Results 
3.4.3.1. MBT  
Due to the ionic nature of MBT, high variability in elution reproducibility (%) was 
found across the pH ranges tested; with Bondesil® C8 gel having non-equal 
variances across the pH ranges investigated (p < 0.05). Due to the large standard 
deviations measured from pH experiments, no significant difference was found for 
each phase across the pH ranges tested. (p > 0.05) (Figure 3.7). MBT elution 
reproducibility (%) was significantly less affected by ionic strength concentrations, 
however, mixed-phase Bondesil® gels were the only phase to demonstrate an 
equality of variance across the concentrations of NaCl investigated (p > 0.05) 
(Figure 3.8).  C8 Bondesil® gels and Empore® disks demonstrated no statistical 
difference across the ionic strength(s) tested, as well as in sea water solutions (p > 
0.05). For mixed-phase Bondesil® gels, elution efficiencies (%) had no difference 
across ranges 0.01–1 M NaCl, however, demonstrated poor mass balance 
performance within the sea water solution samples, with elution efficiency (%) mass 
balance unobtainable.  
When comparing the elution efficiency performance of each phase for MBT; 
Bondesil® gels and C18 Empore® disks had similar elution efficiencies (%) across pH 
and ionic strength ranges tested (including sea water) (p > 0.05), with the statistical 
similarity attributable to the large associated error in measurements. C8 Empore® 
disks had lower overall elution efficiencies (%) across the variables tested, when 
compared with the other phases (p < 0.05).  
For uptake efficiency (%), non-equal variances were found for all phases for MBT 
across the ranges pH 4–9 (p < 0.05). At pH 7, all phases exhibited a distinct 
reduction in uptake efficiency (75–80 %), however were found to show no significant 
difference when tested using Games-Howell analysis parameters (p > 0.05). No 
significant differences in MBT uptake efficiency (%) was found over NaCl 
concentrations 0.01–1 M (p < 0.05) and in filtered sea-water (p < 0.05). When 
comparing uptake efficiency (%) performance of each phase, all phases had a 
similar performance with each (p > 0.05) for pH and ionic ranges tested.  
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Figure 3.7 MBT uptake   and elution   efficiencies (%) at pH 4-9 (0.01 M NaCl) 
for (i) Bondesil® C8 gel (ii) Bondesil® mixed-phase gel (iii) C18 Empore® disks 
(iv) C8 Empore® disks, with standard deviation (n = 3)   
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Figure 3.8 MBT uptake  and elution  efficiencies (%) over ionic strength 
concentrations 0.01-1.0 M NaCl (pH 8.0) and in filtered sea water for (i) 
Bondesil® C8 gel (ii) Bondesil® mixed-phase gel (iii) C18 Empore® disks (iv) C8 
Empore® disks, with standard deviation (n = 3)  
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3.4.3.2. DBT  
The pH of the solution had a higher influence on DBT elution reproducibility (%) in 
comparison to variables in ionic strength; with the C8 Bondesil® gels having 
statistically non-equal reproducibilities across the pH ranges tested (p < 0.05) 
(Figures 3.9 and 3.10). Bondesil® mixed-phase gels demonstrated more consistent 
reproducibility across the pH ranges tested (p > 0.05). The elution efficiency (%) of 
Bondesil® gels across concentrations of NaCl and in filtered sea water were 
consistent across all ranges investigated (p > 0.05). C8 and C18 Empore® disk elution 
efficiencies (%) were found to show no significant difference across pH, ionic 
strength ranges and in filtered sea water (p > 0.05) and also demonstrated 
homogenous reproducibility across all test parameters (p > 0.05).  
When comparing the overall elution efficiency (%) performance of each phase with 
each other; no significant difference between Bondesil® gels and Empore® disks 
was demonstrated over the pH ranges tested (p > 0.05). C8 Empore® disks had 
overall lower elution efficiencies (%) for DBT across the ionic strength ranges tested 
in comparison to both Bondesil® gel phases (p < 0.05).  
Bondesil® gels demonstrated consistent uptake efficiencies (%) across the pH, ionic 
and filtered sea water solutions tested (p > 0.05) with both gel phases having uptake 
efficiencies > 95 ± 1.5 %. C18 Empore® disks were found to have significantly 
different uptake efficiencies (%) between pH ranges 4 and 6 (p < 0.05); with both 
Empore® disks having overall mean uptake efficiencies (%) > 90 %. When 
comparing the performance of each phase with each other; C8 Bondesil® gel, mixed-
phase Bondesil® gel and C18 Empore® disks had no difference in uptake efficiency 
(%) (p > 0.05), however C8 Empore® disks were found to have reduced uptake 
efficiencies in comparison to C8 Bondesil® gels (p < 0.05). For ionic strength ranges 
and filtered sea water solutions; C8  Bondesil® gel, mixed-phase Bondesil® gel and 
C18 Empore® disks had similar uptake efficiency (%) performance across all ranges 
tested (p > 0.05).  
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Figure 3.9 DBT uptake   and elution   efficiencies (%) at pH 4-9 (0.01 M NaCl) 
for (i) Bondesil® C8 gel (ii) Bondesil® mixed-phase gel (iii) C18 Empore® disks 
(iv) C8 Empore® disks, with standard deviation (n = 3) 
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Figure 3.10 DBT uptake  and elution  efficiencies (%) over ionic strength 
concentrations 0.01-1.0 M NaCl (pH 8.0) and in filtered sea water for (i) 
Bondesil® C8 gel (ii) Bondesil® mixed-phase gel (iii) C18 Empore® disks (iv) C8 
Empore® disks, with standard deviation (n = 3)  
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3.4.3.3. TBT  
For the C8 Bondesil® gels, mixed-phase Bondesil® gels and the C18 Empore® disks, 
no statistical difference was found for elution efficiency (%) over the tested pH (p > 
0.05), ionic strength(s) (NaCl 0.01-1 M) (p > 0.05) and sea water solutions (p > 0.05) 
(Figures 3.11 and 3.12). C8 Empore® disks had a significantly reduced performance 
for TBT elution efficiency (%) compared with both the Bondesil® gels (p < 0.05) (with 
the mass balance of TBT at pH 7 and 8 and for ionic strength(s) 0.4 M NaCl 
unobtainable). For sea water measurements, the elution efficiencies (%) for TBT 
had reproducibility’s of < 23 % for all phases. For all phases, recoveries > 100 % 
were observed and were attributed to partially incomplete removal of TBT from FEP 
tubes during the cleaning process (with intermittent blanks demonstrating the 
presence of TBT).  
C8 and mixed-phase Bondesil® gels had higher uptake (%) efficiency performance 
in comparison to the Empore® disks (with C8 Bondesil®, p < 0.05) but had similar 
uptake (%) to each other (p > 0.05). The uptake efficiency (%) of the C8 Empore® 
disks was also significantly lower and less reproducible than those observed with 
Bondesil®  gels (p < 0.05), with TBT having a lower affinity to the disk and having a 
higher propensity to desorb from the sorbent phase (with higher concentrations of 
TBT measured in the post-uptake solution). For TBT, both C8 and mixed-phase 
Bondesil® gels demonstrated consistent reproducibility’s in uptake efficiency (%) 
across pH 4-9 (p > 0.05), with uptake efficiency (%) for the gels > 80 % across the 
ranges tested (p > 0.05). Both C8 and C18 Empore® disks had a reduced uptake 
efficiency (%) performance compared to the Bondesil® gels (p < 0.05) (with C18 
exhibiting higher uptake efficiencies (%) in comparison to the C8 phase, across the 
pH ranges tested). For ionic strength ranges and the filtered sea water solutions, 
equal variances in uptake (%) were demonstrated for all phases (p > 0.05). C8 
Empore® disks had the lowest reproducibility of all phases, most notably at 
intermediate strengths (0.4 M NaCl). When comparing the uptake efficiency (%) 
performance of the phases with each other; C8 Bondesil® gels had the highest 
uptake efficiency (%) performance  (92 ± 4%) in comparison to the Empore® disk 
phases  (p < 0.05), but had no significant difference in performance with the 
Bondesil® mixed-phase gels (p > 0.05).   
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Figure 3.11 TBT uptake     and elution    efficiencies (%) at pH 4-9 (0.01 
M NaCl) from (i) Bondesil® C8 gel (ii) Bondesil® mixed-phase gel (iii) C18 
Empore® disks (iv) C8 Empore® disks, with standard deviation (n = 3)  
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Figure 3.12 TBT uptake  and elution  efficiencies (%) over ionic 
strength concentrations 0.01-1.0 M NaCl (pH 8.0) and in filtered sea water 
for (i) Bondesil® C8 gel (ii) Bondesil® mixed-phase gel (iii) C18 Empore® 
disks (iv) C8 Empore® disks, with standard deviation (n = 3)  
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3.4.3.4. DPhT 
DPhT had reduced elution efficiencies (%) in comparison to TBT for both pH 
and ionic strength ranges tested (Figure 3.13 and Figure 3.14); with all phases 
having statistically similar reproducibilities across the investigated parameters 
(p > 0.05). For pH, DPhT elution efficiency (%) had no significant difference 
across the ranges tested for all phases; with the exception of C8 Empore® disks 
having increased recoveries at pH 4 in comparison to those found at pH 6 – 9 
(p < 0.05) (Figure 3.13). Variables in concentration for ionic strength did not 
affect the elution efficiency of DPhT across the concentrations tested (p > 0.05) 
and did not demonstrate any significant difference for filtered sea water (p > 
0.05) (Figure 3.14). When comparing the overall elution efficiency (%) of the 
phases; Bondesil® C8, mixed-phase gels and C18 Empore® disks had similar 
elution efficiencies (%) for DPhT (p > 0.05). C8 Empore® disks had reduced 
elution efficiencies for DPhT compared to C8 Bondesil® gels only (p < 0.05). 
Uptake efficiencies (%) for DPhT demonstrated equality of variance for all 
phases (p > 0.05), with the exception of the mixed-phase Bondesil® gel. All 
phases demonstrated uptake efficiencies (%) > 95 % for DPhT across pH and 
ionic strength ranges tested as well in filtered sea water (p > 0.05).  When 
comparing uptake efficiency (%) performance of all phases; C8 Empore® disks 
had reduced uptake efficiency (%) in comparison to the C8 Bondesil® gels. 
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Figure 3.13 DPhT uptake   and elution   efficiencies (%) at pH 4-9 (0.01 
M NaCl) for (i) Bondesil® C8 gel (ii) Bondesil® mixed-phase gel (iii) C18 
Empore® disks (iv) C8 Empore® disks, with standard deviation (n = 3)  
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Figure 3.14 DPhT uptake  and elution  efficiencies (%) over ionic 
strength concentrations 0.01-1.0 M NaCl (pH 8.0) and in filtered sea water 
for (i) Bondesil® C8 gel (ii) Bondesil® mixed-phase gel (iii) C18 Empore® 
disks (iv) C8 Empore® disks, with standard deviation (n = 3)  
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3.4.3.5. TPhT 
TPhT had the most consistent, yet lowest elution efficiencies (%) of all 
organotin compounds across all variables, including those measured in filtered 
sea water solutions (Figures 3.15 and 3.16). For both Bondesil® gels; equal 
reproducibility for TPhT elution efficiency (%) among pH, filtered sea water 
and NaCl ionic strength concentrations was found (p > 0.05), with 
reproducibility < 15 %. C8 and C18 Empore® disks had no difference in average 
elution efficiency (%) across the pH, ionic strength ranges and sea water 
samples tested; however did have non-consistent reproducibility’s (%) across 
pH variables (p < 0.05). TPhT demonstrated no significant difference across 
all ionic strength ranges (p > 0.05) (with the exception of C18 Empore® disks 
having reduced uptake efficiency of TPhT at 0.4 M NaCl (p < 0.05)). When 
directly comparing the performance of all phases with each other; C8 and 
mixed-phase Bondesil® gels had significantly higher elution efficiencies (%) 
than both the Empore® disks across the  pH ranges tested (p < 0.05).  
 
The uptake efficiency (%) of TPhT across pH, ionic strengths and in filtered 
sea water had no significant difference in uptake (%) across all the parameters 
tested for all phases (p > 0.05), with homogenous reproducibility of uptake 
efficiencies found for all variables tested for each phase (p > 0.05). When 
comparing the overall uptake efficiency (%) performance of TPhT between the 
phases tested, C8 Empore® disks had significantly lower uptake efficiency (%) 
performance in comparison to the other phases across test parameters (p < 
0.05). For pH experiments, C8 Bondesil® gels had higher uptake efficiency (%) 
in comparison to both Empore® disks (p < 0.05). For ionic strength 
concentrations; both C8 and mixed-phase Bondesil® gels had higher uptake 
(%) of TPhT in comparison to C18 and C8 Empore® disks (p < 0.001).  
Due to the consistent reproducibility in elution efficiency (%) and high uptake 
efficiency (%) measured in experiments, it was determined that TPhT had a 
high affinity to the gels (with minimal offloading) and a low affinity to the FEP 
container walls.   
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Figure 3.15 TPhT uptake  and elution  efficiencies (%) at pH 4-9 (0.01 
M NaCl) for (i) Bondesil® C8 gel (ii) Bondesil® mixed-phase gel (iii) C18 
Empore® disks (iv) C8 Empore® disks, with standard deviation (n = 3)   
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Figure 3.16 TPhT uptake  and elution  efficiencies (%) over ionic 
strength concentrations 0.01-1.0 M NaCl (pH 8.0) and in filtered sea water 
for (i) Bondesil® C8 gel (ii) Bondesil® mixed-phase gel (iii) C18 Empore® 
disks (iv) C8 Empore® disks, with standard deviation (n = 3)  
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3.4.3.6. Phase capacity testing 
To ensure that overall capacity of the Bondesil® gel and Empore® disk would 
not be exceeded, uptake and elution efficiencies (%) were done in triplicate at 
pH 4 (0.01 M NaCl) at solution concentration(s) of 0.5, 1, 2, 2.5 and 5 µg L-1, 
with gels and disks exposed for 48 h on an orbital shaker (240 rpm) in the dark. 
A pH of 4 was chosen as this was found to demonstrate the least interaction 
with the FEP vessel walls for organotins (and provide optimal maximum uptake 
in comparison to the other pH ranges tested). Gels and disks were eluted using 
the same procedures described in section 3.2.2.2.  
Figure 3.17 shows the elution efficiencies (%) of each phase over the tested 
concentration ranges. Uptake efficiencies (%) for all organotins were found to 
be > 85 % (not shown). The concentrations of organotin compounds did not 
reach capacity of any of the phases, with no significant difference between 
elution efficiency (%) and the concentration(s) of organotin species. (p > 0.05). 
Only one exception was measured where Bondesil® mixed-phase gels having 
a significant difference in elution efficiency (%) for TPhT, between the 
concentration values of 2 µg L-1 and 5 µg L-1 (p < 0.05) (Figure 3.17). 
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Figure 3.17 Elution efficiency (%) of organotin compounds over 
concentration range(s) 0.5-5.0 µg L-1, for organotins using  Bondesil® C8 
gel  Bondesil® mixed-phase gel  C18 Empore® disks  and C8 Empore® 
disks  with standard deviation (n = 3)  
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3.4.3.7 Performance characterisation 
To further validate the Bondesil® gels under aquatic variables and to elucidate 
which gel had the optimal performance throughout variables; separate pH and 
ionic strength data sets were analysed against each other using an 
Independent Samples t-test (Tables 3.5 to 3.8). 
When directly comparing elution efficiency (%) of pH data sets, ionic strength 
data sets and filtered sea water data, C8 Bondesil® gels demonstrated no 
difference in mean elution efficiency (%) between variables (p < 0.05), 
therefore, from calculating the overall mean of all data;  Bondesil® C8 gels had 
elution efficiencies (%) of:  TBT = 104 ± 22 %, DBT = 74 ± 26 %, MBT = 105 
± 41 %, TPhT = 66 ± 10 %, DPhT = 67 ± 26 %. Mixed-phase gels demonstrated 
no significant difference when undertaking direct comparison of pH, ionic 
strength and filtered sea water elution (%) data for all compounds (p > 0.05), 
with the exception of MBT, where pH and ionic strength elution efficiencies 
were found to be significantly different from each other (p < 0.05) (providing 
absolute elution efficiencies for tri- and di- substituted compounds (%) for the 
mixed-phase gel to be; TBT = 107 % ± 28 %, DBT = 71 ± 24 %, TPhT = 68 ± 
12, DPhT = 67 ± 26 %).  
The elution efficiencies (%) of each gel phase were further tested for significant 
differences between values of 100 % (MBT, TBT), 70 % (DBT) and 60 % 
(DPhT, TPhT) using one-sample T-tests. Bondesil® C8 gels had no significant 
difference against the tested elution factors (%) of MBT = 100 % (p > 0.05), 
DBT = 70 % (p > 0.05), TBT = 100 % (p > 0.05), DPhT = 60 % (p > 0.05), 
TPhT = 60 % (p > 0.05), and were therefore assigned as the elution factor for 
the Bondesil® C8 gel. Mixed-phase gels had similar results, with the exception 
of TPhT, which had elution efficiencies > 66% (p < 0.05).  
For the C8 Bondesil® gel, no significant difference between pH, ionic strength 
and sea water elution efficiency (%) data were found (p > 0.05) (Table 3.5). 
Uptake efficiency (%) data had similar performances between pH ionic 
strength and sea water data sets; with TBT and TPhT identified as the only 
analytes having statistical differences between their ionic and pH uptake 
performance (p < 0.05). For the Bondesil® mixed-phase gel, MBT had 
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significant differences between ionic and pH elution (%) data sets (p < 0.05), 
although the reproducibility of MBT for this gel was more consistent than for 
those using the C8 Bondesil® phase. The uptake efficiency (%) between ionic 
and pH data for the Bondesil® mixed-phase gel was found to be different for 
MBT, DPhT, TPhT (p < 0.05) and for DBT (p < 0.001).    
Table 3.5 Bondesil® C8 gels - Independent samples t-test output for pH 
elution efficiency (%) and ionic strength elution efficiency (%) 
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Table 3.6 Bondesil® C8 gel - Independent samples t-test output for pH 
uptake efficiency (%) and ionic strength uptake efficiency (%) 
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Table 3.7 Bondesil® mixed-phase gel - Independent t-test output for pH 
elution efficiency (%) and ionic strength elution efficiency (%) 
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Table 3.8 Bondesil® mixed-phase gel - Independent t-test output for pH 
uptake efficiency (%) and ionic strength uptake efficiency (%) 
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3.4.4. Summary 
A DGT binding gel for organotin compounds has been successfully developed 
using a Bondesil® C8 (40 µm)  with the candidate gel validated in the laboratory 
using variables of pH, NaCl ionic strengths and at variable organotin 
concentrations. The Bondesil® C8 gel was also found to perform well in filtered 
sea water.  
During development, the loading % of Bondesil® gels (1-2 % w/v) were 
significantly lower than those of 3M Empore® disks (with Empore® disks having 
%  w/v loading of C8 and C18 in the orders of 16-24 %). The 1 % (w/v) C8 
Bondesil® 40 µm silica sorbents demonstrated good casting efficiency and 
uniform distribution across the gel. The C18 Bondesil® 40 µm silica sorbent 
loading(s) of 2 % had uniform distribution throughout the gel, however, made 
casting of gels between the glass plates problematic. Reduced loadings of C18 
< 2 % (w/v) yielded inadequate distribution and higher heterogeneity 
throughout the gel, and was subsequently eliminated as a DGT candidate 
phase. C8 and C18 (mixed-phase) Bondesil® 40 µm sorbents had adequate 
casting and loading performance using 0.5/1 % C8 and C18 (w/v) and also 
provided a  uniform distribution throughout the gel. All Siliasphere® C8 and C18 
5 µm monomeric silica sorbents were found to be unsuitable for loading into 
the BPA gel matrix and presented a respirable silica particle hazard in their 
production. C8 and C18, 5 µm Siliasphere® sorbents were therefore excluded 
from further investigation. The procedure for making 50 mL of gel is showed 
in Figure 3.18. 
For uptake and elution, the partitioning of organotin compounds was found to 
be a function of kinetic equilibrium between the gel/disk binding phase, the 
aqueous phase and the walls of the FEP centrifuge tube, with the degree of 
organotin adsorption to the gel phase against the aqueous phase and the FEP 
vessel walls measured (discussed further in Appendix 3.1). During 
experimentation, monitoring of all compounds were done to observe any 
degradative changes in organotin species occurring. No degradative losses of 
TBT and TPhT (with the increase of DBT, MBT, DPhT) were observed in the 
solution, although filtered sea water samples did demonstrate an increase 
from nominal spiked concentrations). The elution efficiency (%) of organotin 
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compounds in Bondesil® C8 gels, mixed-phased gels and the C18 Empore® 
disks showed no significant change in the uptake and elution (%) performance 
across the tested pH ranges (pH 4-9), ionic strength concentrations (0.01-1.0 
M, NaCl) and in filtered sea water samples (p > 0.05), with the standard 
deviations for elution efficiency (%) generally higher for compounds of lower 
log Kow values (with the more ionically charged organotin compounds (e.g. 
MBT) having an increased affinity towards the active sites of the FEP container 
walls). For ionic strength experiments, concentrations of NaCl 0.01-1.0 M were 
investigated, with elution efficiency (%) standard deviations for the less 
organically substituted compounds reduced (potentially through increased 
cationic competition with Na+ for negatively charged binding sites within the 
FEP tubes). To assess each phase for capacity, gels and disks were tested at 
concentration ranges 0.5–5.0 µg L-1, with each phase exposed for 48 h in 
mixed organotin solutions. Bondesil® gel and Empore® disk phases had no 
significant reduction in elution efficiency (%) for all organotins over the ranges 
0.5-5.0 µg L-1 (p > 0.05), with the exception of TPhT having a reduced elution 
(%) at 5.0 µg L-1 in the Bondesil® mixed-phase gel (p < 0.05).   
When comparing the individual performances of the binding gels and Empore® 
disk phases, C8 Bondesil® gels, mixed phase Bondesil® gels and C18 Empore® 
disks demonstrated no statistical difference in elution efficiencies (%) for TBT, 
DBT, TPhT, DPhT over pH and ionic strengths, as well as in filtered sea water 
(p > 0.05). C8 Empore® disks had lower elution efficiencies (p < 0.05) and non-
equal reproducibility for TBT. This was somewhat unexpected as it was 
anticipated that phases would perform like-for-like, with the Bondesil® C8 gels 
having similar results to the C8 Empore® disk. The concentration of TBT in the 
uptake (%) solutions was highest in the C8 Empore® disk phase in comparison 
to all other experiments. It was therefore considered that although TBT had an 
affinity to the C8 Empore® disk phase over the FEP tube wall, the C8 Empore® 
disk was more susceptible to offloading in comparison to the Bondesil® gels. 
It is hypothesised that the Bondesil® sorbents bound within a water-based gel 
may provide an increased availability and adsorption potential to binding sites 
for TBT, and may also have a reduced matrix effect in comparison to the 3M 
Empore® disk PTFE structure (with hydrogels having a different binding 
mechanism and, overall reduced ionic interaction(s) with TBT in comparison 
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to the PTFE supporting structure of the disk). The overall volume of gel/disk 
and their occupancies in the uptake (%) solution was also considered to be a 
factor in the differences in performances between disks and gels, where 
Bondesil® gels had twice the volume of the Empore® disks, with volumes of 
1.7 cm3 and 0.87 cm3 respectively (therefore providing an increased surface 
area to Empore® disks as well as occupying more of the 30 mL of the uptake 
solution volume (Bondesil® gels = 5.8 % and 3M Empore® disks = 2.9 % of 
total volume). Variations on the extent of end-capping between commercial 
products will also have influence on organotin binding kinetics and can 
therefore be considered as a potential discrepancy between the sorbent 
phases (with differences in secondary interaction or the overall “charge” of the 
silica sorbent surface). The degree of end-capping is not provided in the 
manufacturer’s certification, therefore the influence of this on the partitioning 
kinetics between Bondesil® C8 gels and 3M C8 Empore® disks would require 
further investigation. 
Differences between the phases were observed for MBT, with poor 
reproducibility found for the Bondesil® C8 gel under variables of pH (most 
notably at lower pH ranges). Mixed-phase gels had improved recoveries for 
MBT over pH, but were found to suffer interferences in sea water (with the 
mass balance of MBT unobtainable).  Uptake (%) for MBT was high across all 
phases, however it was recognised that this uptake (%) was not representative 
of total uptake to the gel phase, but also with the partitioning to the walls of the 
FEP container. For data where the elution (%) reproducibility was poor, but 
uptake (%) high, this was indicative of increased and variable organotin 
interaction(s) with the FEP vessel walls. 
When directly comparing the elution efficiency (%) of pH data sets, ionic 
strength data sets and filtered sea water data sets using independent samples 
T-tests, C8 Bondesil® gels demonstrated no difference in mean elution 
efficiency (%) between both  pH and ionic strength data sets (p > 0.05), 
therefore Bondesil® C8 gels could be assigned a working elution efficiency (%) 
of; MBT = 105 ± 41 %, DBT = 74 ± 26 %, TBT = 104 ± 22 %, DPhT = 67 ± 26 
% and TPhT = 66 ± 10 %.  Mixed-phase gels also demonstrated no significant 
difference from the direct comparison of pH, ionic strength and filtered sea 
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water elution (%) data for all compounds (p > 0.05), with the exception of MBT, 
where pH and ionic strength elution efficiencies were found to be significantly 
different from each other (p < 0.05). Therefore, for mixed–phase gels, an 
overall mean elution (%) inclusive of all water variables could not be 
established for MBT. Bondesil® mixed phase gel elution efficiencies (%) 
(excluding MBT) were determined as, DBT = 71 ± 24 %, TBT = 107 % ± 28 %, 
DPhT = 67 ± 26 % and TPhT = 68 ± 12. The elution efficiencies (%) of each 
gel phase were further tested for significant difference between 100 % (MBT, 
TBT), 70 % (DBT) and 60 % (DPhT, TPhT) using one-sample T-tests.  
Bondesil® C8 gels were found to have no significant difference with the tested 
elution factors (%) of MBT = 100 % (p > 0.05), DBT = 70 % (p > 0.05), TBT = 
100 % (p > 0.05), DPhT = 60 % (p > 0.05), TPhT = 60 % (p > 0.05), therefore 
an elution factor (fe) of MBT = 1, DBT = 0.7, TBT = 1, DPhT = 0.6 and TPhT = 
0.6 was assigned for organotin compounds using the Bondesil® C8 gel. Mixed-
phase gels had comparatively similar results, with the exception of TPhT, 
which had elution efficiencies > 66% (p < 0.05).  
Bondesil® C8 gel was selected as the organotin DGT binding phase as it: 
 Provided the easiest casting performance and solubility in the gel 
(procedure in Figure 3.18). 
 Demonstrated consistent uptake (%) and elution (%) results for TBT, 
TPhT, DBT, DPhT compounds across pH and ionic strength ranges, 
with elution factors statistically similar across all test parameters. 
 Provided optimal performance in sea-water uptake and elution 
experiments in comparison to the other phases. 
 Demonstrated no difference in performance at different concentrations 
of TPhT (in comparison to the Bondesil® mixed-phase gel). 
 Use of single sorbent (C8) cheaper and simpler to load, in comparison 
to a mixed-phase gel (Figure 3.18).  
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Figure 3.18 Gel making procedure for C8 Bondesil® binding gels 
 
 
 
  
1) Weigh out 1 % C8 equivalent of Bondesil C8 (40 µm) sorbent into a 100 
mL glass beaker (Tables 3.3 and 3.4).  
2) Carefully add 10 mL LC-MS MeOH to the sorbent and leave for ~ 30 min 
to precondition the phase.  
3) Carefully add 30 mL, 40 % acrylamide/bis-acrylamide solution to the 
mixture. 
4) Add 10 mL deionised H2O to the gel mixture. Add a magnetic follower 
to the mixture and stir gently so that all the sorbent is suspended in the 
mixture.   
5) Add 10 mL deionised water to the gel mixture. Add a magnetic follower 
to the mixture and stir gently so that all sorbent is suspended in the mixture.   
6) Add 500 mL of 10 % APS and 23 µL TEMED to the mixture whilst 
stirring.   
7) Using a 10 mL pipette, cast the gel solution between clean glass plates 
(separated with 0.48 mm spacers) whilst the solution is still stirring.     
8) Allow gels to set for ~ 30 min in a fume hood.     
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 DGT configuration and deployment for the measurement of flux and 
concentrations of organotins in coastal sediment pore waters 
4.1. Introduction 
Chapter 4 details the DGT sediment probe and the methods used for the 
determination of DGT organotin flux and freely dissolved interstitial 
concentrations in coastal sediment pore waters. Work in this chapter describes 
a study of three coastal sites around Portsmouth for the ex-situ deployments 
of DGT in contaminated sediment cores. The configuration of the DGT sampler 
is presented, along with primary results for organotin diffusion coefficients, 
organotin flux and interfacial pore water concentrations measured over 1-4 
week deployment intervals. For the first time, this chapter also describes the 
use of regression modelling for the determination of initial interfacial sediment 
pore water concentrations before DGT deployment (CDGT (t=0)).   
4.2. Aims 
4.2.1. The spatial assessment of the concentrations of organotins in 
sediment around Portsmouth 
Portsmouth is renowned for its naval, commercial and recreational boating 
activities; hence locally sourced sediments were expected to yield moderate-
to-high concentrations of TBT relative to values shown in Chapter 1, Table 1.5.  
To determine which site had the highest concentration(s) of organotins and 
provide the widest range of organotin species for sediment core collection and 
DGT probe deployment, a spatial survey of three contrasting sites around 
Portsmouth was done during June-September 2014. Work on the survey 
supplemented sediment method development work in Chapter 2, Section 2.7.2 
and was done in conjunction with a BSc Marine Environmental Science final 
year project (Lowry, 2015). 
The survey aimed to: 
1) Assess the performance of the ‘in-house’ method for total organotins in 
sediment (ng g-1 d.w.) using field collected sediment. 
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2) Measure concentrations of organotin compounds at three locations in 
Portsmouth and determine which site was best suited for DGT sediment core 
experiments.  
3) To categorise organotin pollution at each site using international quality 
guidelines and trigger values for TBT in sediment and compare the measured 
concentrations against recently published values (Chapter 1, Table 1.5).   
4.2.2. Organotin diffusion coefficients 
DGT diffusion coefficients (D, cm2 s−1) were used to calculate the concentration 
of analytes in the bulk phase (ng mL-1) (Chapter 3, section 3.1.1) with values 
obtained by the deployment of DGT devices in a known concentration of 
analyte (Chapter 3, Section 3.1.1). For this study, passive sampling calibration 
tanks were used for the deployment of DGTs (Vrana et al., 2006) with work by 
Aguilar-Martinez et al., (2008) used as the experimental approach in this study. 
Maintaining aqueous conditions that allowed for stable concentrations of 
organotins in water over time was investigated, with methods discussed in 
Appendix 4.1. 
4.2.3. DGT sediment probe deployment - DGT flux and interfacial pore 
water concentrations 
The ex-situ determination of organotins in sediment (in sediment cores) was 
chosen as it provided control of external parameters allowing for consistency 
between measurements (Ghosh et al., 2014). The primary aim of the study 
was to observe the performance of the DGT configuration for the 
measurement of organotin flux (J, ng cm2 s-1) and freely dissolved 
concentrations of organotins in interstitial pore waters (CDGT).  
4.2.4. DGT sediment probe deployment; initial concentrations of 
analytes in sediment pore water using DGT 
Data in this study were used to provide a new model for DGT data that 
provided an estimate of sediment pore water concentrations before DGT 
deployment. Work describes the use of regression models to determine 
organotin pore water depletion with time.  
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4.3. Methods 
4.3.1. The spatial assessment of the concentrations of organotins in 
sediment around Portsmouth 
Three sites were chosen on the likelihood of their presence/absence of 
organotins (Figure 4.1) (Lowry, 2015).  
i) Farlington Marshes (Figure 4.1 (i)) (Ordnance Survey (OS) Map Grid ref: 69, 
05) is a designated wildlife reserve in the North of Langstone Harbour and is 
a Natural England Site of Special Scientific interest (SSSI) (Lowry, 2015). No 
significant recreational or commercial shipping activity was identified in this 
area, therefore it was expected to have the lowest concentrations of TBT of 
the three sites.  
ii) Langstone Harbour (Figure 4.1 (ii)) (OS Map Grid ref: 69, 99), situated on 
the east side of Portsea Island, on the South West region of the harbour. The 
sampling site is adjacent to a recreational boating marina, containing a high 
volume of medium-small recreational boat moorings with small sized 
commercial boats (e.g. fishing boats and a ferry service). Langstone Harbour 
is a designated SSSI under Natural England (Lowry, 2015), however due to 
its consistent, long term use as a boating site over the last 50-70 years (Lowry, 
2015), it was expected to yield higher concentrations of TBT in comparison to 
Farlington Marshes.  
iii) Portsmouth Hard Interchange (Figure 4.1 (iii))  (OS Map Grid ref: 63, 00) is 
situated next to the Historic Naval Dock yard,  ~ 1 km North of the entrance to 
Portsmouth Harbour. A wide range of activities occur in this area, including 
large scale commercial ferries, naval shipping and recreational boating. 
Portsmouth Harbour is the most industrialised of the three sites, with 
construction work apparent during the time of sampling. Due to the high 
volume of shipping in the area, sediments at Portsmouth Hard Interchange 
were expected to yield the highest concentrations of TBT of the three sites.  
Samples were collected using the methods described in Chapter 2, section 
2.5.1. Stratified transects were applied at each site during low tide and were 
taken at different intervals of the intertidal zone (3 sampling points from the 
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upper, middle and lower shoreline at 10 m intervals from each other). Samples 
were collected between depths of 5-15 cm (Lowry, 2015). 
Samples were analysed by GC/MS using 2 µL splitless injection described in 
Chapter 2. 
 
 
 
4.3.2. DGT diffusion coefficients 
Investigation into optimal calibration tank parameters provided in Appendix 
4.1.  
Cellulose acetate (CA), (0.45 µm pore size) used by Aguilar-Martinez et al., 
(2008) in the organotin Chemcatcher® was identified as the DGT diffusion 
membrane; however, its supply was restricted to membrane disks and its 
availability as roll, for sediment probe dimensions, limited. Mixed cellulose 
(i) (ii) 
(iii) 
Figure 4.1 Locations for total organotin in sediment samples at (i) 
Farlington Marshes (ii) Langstone harbour (iii) Portsmouth Harbour. 
OS images generated by Edina Digimap, 2016.  
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esters (MCE) membrane of similar properties (0.45 µm pore-sizes, 20 % CA 
and 80 % cellulose nitrate) has been used for the filtration of water samples in 
butyltin analysis (Batley, Mann, Brockbank, & Maltz, 1989; Fang, Borggaard, 
Holm, Hansen, & Cedergreen, 2011) and are available as a membrane roll 
(Millipore, Ltd, Watford, UK). A MCE membrane of 0.15 mm thickness, 0.45 
µm pore size was chosen. An adsorption test of organotins to the MCE 
membrane was attempted using the same approach to gels/disks as described 
in Chapter 3, Section 3.4.2.2, however, on experimentation, the acetic acid 
degraded the MCE structure of the membrane and formed an emulsion in the 
methanolic acid eluent, compromising analyte derivatisation and pre-
concentration into n-hexane. DGTs were assembled in a custom made 47 mm 
PTFE housing (AT Engineering, Tadley, UK). DGT uptake was done in a 20 L 
glass tank for 96 h, using 0.7 M NaCl, at pH of 8.1 ± 0.1 at 20˚C in a nominal 
concentration of 50 µg L-1 of each analyte (with the actual concentrations in 
the dissolved phase monitored and maintained for the duration of experiments; 
Appendix 4.1.3). High concentrations of organotins in solution were used to 
reduce adsorption of analytes to the side of the tank and provide a degree of 
conditioning to the glass during experiments. DGTs were deployed at different 
time intervals (24, 48, 72 and 96 h), with the mass accumulated on binding 
gels measured in triplicates.  By plotting the mass (M, µg) of each analyte over 
time, a slope for organotin uptake was calculated and the diffusion coefficients 
for each analyte determined by equation (2) in Chapter 3, Section 3.1.1.  
4.3.3. Assembly of the DGT sediment probe 
Perspex DGT sediment probes (AT Engineering, Tadley, UK) were cleaned 
using methods described in Chapter 2, section 2.3.4. Sampler uptake to 
equilibration in static systems (e.g. sediments) is slow, with the accumulation 
of non-polar analytes demonstrating extended periods of kinetic uptake into 
passive sampling devices (Booij, van Weerlee, Fischer, & Hoedemaker, 2000; 
Ghosh et al., 2014). As butyltin and phenyltin compounds range from  medium-
low solubility and have log Kow of 0.18-4.70, their sampling rate through MCE 
membrane was estimated to be slow in comparison to DGT measurements for 
metals (with deployments for metals typically in the order of 1-3 days) 
(Peijnenburg et al., 2014). To reduce the diffusion pathway thickness and the 
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deployment time required to obtain detectable masses on the gel (M), the 
diffusion gel layer in the DGT sediment probe was removed (with the MCE 
membrane acting as the primary diffusion layer in the sampler). DGT diffusion 
coefficients of analytes through 1.5 % agarose gel reportedly mimic those of 
water (Zhang & Davison, 2001), with mercury species having D = 9.08 ± 0.13 
× 10−6 cm2 s−1 (comparable for water with D = 9.13 × 10−6 cm2 s−1 (Dočekalová 
& Diviš, 2005). As a result, the same diffusion coefficients determined tank 
experiments were used, but with the thickness of the diffusive layer changed 
in DGT calculation (Δ = 0.015 cm) (Chapter 3, Section 1.3.1). 
For assembly, the C8 Bondesil® gels were hydrated for a minimum of 24 h after 
casting (Hutchins et al., 2012) and were stored at 4 ˚ C in deionised water. Gels 
were subjected to three water changes before use. MCE membranes were cut 
to 3 x 16 cm dimensions and were soaked in 10 % HCl for 24 h. Membranes 
were then rinsed with water and left to soak in 0.7 M NaCl solution for 24 h. All 
DGT sediment probes were made in a laminar flow cupboard. 
To account for the removal of the of diffusive gel in the DGT housing, three 
clean acetate spacers of 0.24 mm thickness (total thickness of 0.72 mm) were 
cut to 3 x 16 cm and were placed behind the C8 Bondesil® binding gels, 
bringing the DGT configuration forward in the probe (Figure 4.2).\The C8 
Bondesil® binding gels were rolled out on to the acetate spacers and were cut 
to 3 x 16 cm dimension (Figure 4.2). Gels were overlain with the MCE 
membrane and secured behind the DGT sampling window using the DGT face 
plate and nylon screws. DGT sediment probes were stored at 4°C in 0.7 M 
NaCl and were deoxygenated using N2 for a minimum of 12 h before 
deployment into sediment.  
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Figure 4.2 DGT sediment probe with acetate spacers and Bondesil® C8 
binding gel 
4.3.4. DGT sediment probe deployment - DGT flux and interfacial pore 
water concentrations 
Sediment cores were collected on the 9th October 2015 from Langstone 
Harbour (50 48 23˚N, 00 55 12˚W) (Section 4.2) using Perspex push-tube 
corers (30 cm long x 8 cm diameter). Cores were sealed at the base with a 
rubber bung and were carefully topped up with sea water from the field site, 
ensuring that the upper sediment layer was not disturbed. Cores were sealed 
at the top for transportation and were returned to the laboratory within 1 h. On 
arrival, core samples were kept in a temperature controlled laboratory (20 ˚C) 
in the dark, with the overlying water continuously aerated.  
DGT probes were deployed in sediment cores and were left for intervals of 2, 
7, 14, 21 and 28 days, with the sediment-water interface (SWI) recorded by 
the colouration visible on the probes after removal (Nicolas Briant et al., 2016). 
On retrieval, the MCE membrane was discarded and the binding gels removed 
from the probe. The binding gels were cut at 1 cm resolution (gel area = 1.9 
cm2) using a Teflon® coated razor blade on a clean acetate strip. Binding gels 
were eluted, derivatised and analysed using methods in Chapter 3, section 
3.4.2.2. Organotin flux (J) and interfacial pore water concentrations (CDGT) at 
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1 cm intervals were calculated using equations shown in Chapter 3, section 
3.1.1 (equations (1) (3) and (4) (Chapter 3, Section 3.1.1)) with the organotin 
elution factors (fe) determined from uptake and elution experiments (Chapter 
3, section 3.4.5). For calculations, the binding gel volume (Vg = 0.096 cm3), 
eluent volume (Ve = 2 mL) and the measured concentration of the analyte in 
the n-hexane phase after derivatisation (Ce, µg L-1) was applied to gain 
organotin masses (M) on the gel.   
4.3.5. DGT sediment probe deployment - estimating concentrations of 
analytes in sediment pore water 
Using different thicknesses of diffusive gels (Δg, cm), CDGT obtained from 
multiple deployments has been used to gain an intercept value for 0 = 1/Δg, 
providing a theoretical initial pore water concentration (Harper et al., 1998). 
Using the data from section 4.4.3, an alternative approach was investigated in 
this work, with the mean CDGT of each analyte in each DGT profile plotted 
against their respective deployment time (days), giving a theoretical estimation 
of uptake by the DGT sediment and providing a pore water depletion curve (as 
dissolved fraction in the sediment pore water) with time (t). The depletion of 
CDGT was fitted against different regression models to assess which term would 
provide the most accurate interpretation of pore water depletion by DGT.  
Models were used to calculate the theoretical mean concentration(s) of 
sediment pore waters in Langstone Harbour sediment cores before DGT 
deployment (CDGT (t=0)). Data analysis for models was done using Genstat®. 
Organotin concentrations (ng L-1) in pore water depletion curves were 
assessed using 1) linear regression modelling 2) non-linear regression 
modelling under exponential depletion and 3) regression modelling using an 
exponential function, with an added linear term. Log values of organotin 
concentrations were included to linear regression analyses as a testing 
variable.  As values were measured at different means, the distribution of data 
using standardised residuals (SR) was used to assess the normality of data 
and to assess variances from the fixed model calculation; using equation (1); 
where 𝑥 = observational (measured values) and ?̅? = the fitted value of the 
regression curves.  
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(1)     
𝑥−?̅?
𝜎
 
Equation (2) and (3) describe the functions of the simple linear regression 
model and exponential depletion curves respectively, where A = lower limit of 
the model, B = the intercept of the curve, C = rate of the linear component and 
k = the rate constant (day-1).  
(2) y = B + -Ct 
(3) y = A+Be-kt  
Equation (4) describes the regression curve using an exponential decay 
function with an added linear term.  
(4)  y = A + Be-kt + Ct 
For analysis of exponential depletion models, the model half-life (t½, day-1) was 
calculated using equation (5) but was applicable to exponential depletion 
terms only. 
(5) (t½, days) = 
loge(0.5)
-k
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4.4. Results 
4.4.1. The spatial assessment of the concentrations of organotins in 
sediment around Portsmouth 
The limits of quantification (MQL) for organotins in sediment were determined 
as MBT = 20 ng g-1 d.w., DBT = 6 ng g-1 d.w., TBT = 8 ng g-1 d.w, DPhT = 14 
ng g-1 d.w. and TPhT = 3 ng g-1 d.w. TBT was detected at all three sites (Figure 
4.3); with the highest concentrations measured in Langstone Harbour (270-
2,945 ng TBT g-1 d.w.). Portsmouth Hard Interchange had increased 
concentrations of TBT (27-2,189 ng TBT g-1 d.w.) in comparison to Farlington 
Marshes, which had the lowest concentrations of TBT of the three sites (< 45 
ng g-1) (Figure 4.3 and Table 4.1). TPhT was detected at all three of the study 
sites, but with concentrations significantly lower than those measured for TBT 
(Figure 4.3 and Table 4.1). Of the three locations, Langstone Harbour had the 
highest concentrations of TPhT (44-201 ng TPhT g-1 d.w.) with TPhT in 
Portsmouth Hard Interchange and Farlington Marshes samples < 12 ng g-1 
d.w. and < 6 ng g-1 d.w. respectively. Concentrations of DBT in Langstone 
Harbour sediments were measured to be the highest of the three sites (43-749 
ng DBT g-1 d.w.), but were found to be significantly lower than those measured 
for TBT. DBT concentrations at Portsmouth Hard Interchange were much 
lower in comparison to Langstone harbour; with DBT ranged between 10-70 
ng g-1 d.w. Low concentrations of DBT were also detected in four of the 
samples at Farlington Marshes, with concentrations ranged between non- 
detectable (ND) to 44 ng DBT g-1 d.w. DPhT was not detected in in any of the 
samples from any of the sites and is discussed in section 4.5.1.  
MBT was not detected at Portsmouth Hard Interchange or at Farlington 
Marshes (with the exception of sample FA-1, demonstrating a spike of 89 ng 
MBT g-1 d.w.) (Figure 4.3). Concentrations of MBT at Langstone Harbour were 
either below the method limit of detection (ND) and/or ranged between ND-98 
ng MBT g-1 d.w.  
Results are summarised in Figure 4.3 and Table 4.1. When applying the BDI 
(Chapter 1, section 1.1.3.1), samples at Langstone Harbour and Portsmouth 
Harbour had mean BDI values of 0.66 and 0.29 respectively; indicative of poor 
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degradation efficiency and/or a recent input of TBT to sediments (Dı́ez et al., 
2002; Furdek et al., 2015).  Samples from Farlington marshes had a mean BDI 
of 1.04, indicating that TBT degradation was more efficient at this site, with no 
recent inputs of TBT (Dıéz et al., 2002; Furdek et al., 2015).  
When collating the data for from all Portsmouth sediment samples, combined 
ranges in concentration were ND-2,945 ng g-1 d.w. for TBT. This value was in 
relative agreement to those reported in other coastal and estuarine studies 
(Chapter 1, Table 1.5), with total concentrations of TBT found to demonstrate 
a degree of variability amongst sites.  When comparing the concentrations of 
TBT in the current study with those measured at Southampton water (with 
Southampton Water sediment TBT = 65-1,200 ng g-1) (Langston et al., 2015); 
concentrations were found to be in agreement to those detected in this study.  
Total concentrations of DBT in sediment samples were also representative of 
polluted coastal sediments (Chapter 1, Table 1.5) with concentrations in this 
study measured at N.D-739 ng DBT g-1 d.w. Concentrations of MBT were the 
lowest for all butyltins. Results showed a similar trend to other studies; with 
MBT measured at lower concentrations than DBT and TBT (Chapter 1, Table 
1.5). Despite the recovery of MBT in CRM reference material being in 
acceptance ranges from PACS-2 and BCR-646, it was considered that the 
poorer MQL for MBT (20 ng g-1) using 2 µL splitless injection influenced the 
overall number of MBT detectable samples and potentially gave biased BDI 
values.  
Results are summarised in section 4.5.  
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ND = not detected 
 
 
 
Table 4.1 Concentration of organotins (ng g-1 d.w.) in coastal 
sediments around Portsmouth, UK 
Compound 
 
MBT DBT TBT DPhT TPhT 
Farlington Marshes (n = 10) 
min < 20 < 6 < 8 ND < 3 
max 89 44 43 ND 5 
Average ± S.D - 17±15 19±13 - 
 
      
Langstone Harbour (n = 9) 
min < 20 100 270 ND 44 
max 98 739 2,945 ND 201 
Average ± S.D 43±23 255±180 1,313±885 - 88±47 
      
Portsmouth Hard Interchange (n = 10) 
min < 20 10 27 ND < 3 
max < 20 70 2,189 ND 11 
Average ± S.D - 30±20 310±629 - 11±3 
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Figure 4.3 Total organotin in sediment (ng g-1 d.w.) at (i) Farlington Marshes (ii) Langstone Harbour and (iii) Portsmouth 
Hard Interchange, adapted from Lowry (2015) 
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4.4.2. Diffusion coefficients  
The determination of diffusion coefficients was undertaken using glass 
calibration tanks (Appendix 4).  DGT showed a linear uptake of analytes during 
the first 72 h of sampling, with 96 h deployments showing a departure from 
linearity (Figure 4.4) and a loss of mass for the butyltin compounds. It was 
considered that the capacity of the Bondesil® C8 gel had been reached, with 
the decrease in mass caused by binding site competition with other analytes 
not in the organotin suite (e.g. MPhT, which is included in the analyte spike 
but not in the analyte suite for DGT – Chapter 2, Section 2.3.2). As mass 
uptake was done in a mixed solution of analytes, the capacity for each 
organotin could not be calculated individually; so an absolute mass of ~ 2.46 
µg Sn cm2 of the binding gel was calculated, using the values obtained from 
72 h of sampling. For 0-72 h, analytes had R2 values > 0.95 (Figure 4.4); with 
all butyltins having R2 = 0.99. The uptake of mass over time in tank 
experiments was used to calculate the DGT diffusion coefficients for 
organotins in 0.7 M, pH 8.0. Measurements at t=0 were assigned at 0 µg L-1. 
Values of D were: MBT = 8.71 x 10-6, DBT = 4.68 x 10-6, TBT = 7.65 x 10-6, 
DPhT = 5.15 x 10-6 and TPhT = 3.96 x 10-6 cm-2 s-1 (n = 3). There is a paucity 
of data on the diffusion coefficients of organotins, with few authors reporting 
values for MBT, DBT, DPhT and TPhT. Smedes and Beeltje (2011) measured 
the diffusion coefficients of organotins through silicon rubber sheets; and 
found that butyl and phenyl tin compound D values were in the range of 2.7 × 
10−9 cm2 s−1–1.2 × 10−10 cm2 s−1. Hamer and Karius (2005) reported TBTOH 
diffusion coefficient values in natural water under estuarine conditions (12-
20˚C) ranging between 2.92 × 10-6 cm2 s-1 to 4.92 × 10-6 cm2 s-1. Values of D 
for TBT in this study (with diffusion through 1.5 % agarose gel and MCE 
membrane, 0.45 µm pore size) were greater than those measured in water 
and of those through silicon rubber sheets. For butyltins, DBT had reduced D 
in comparison to MBT and TBT. It was hypothesised that this was a function 
of the dual binding properties and hydrophobicity of these analytes with the C8 
phase; where TBT’s high affinity and increased hydrophobic adsorption to C8 
provided a greater concentration gradient through the diffusive layer and 
increased diffusion rate through the MCE membrane. Conversely, the more 
polar properties of MBT allowed for its higher free diffusion through the MCE 
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membrane in comparison to DBT.  It was considered that due to the greater 
inorganic complexation of MBT, improved linearity and increased diffusive rate 
was measured (with reduced interaction from organic complexation with the 
MCE membrane).  
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Figure 4.4. Mass (M, µg) accumulated on DGT binding gel(s) over time in 
0.7 M NaCl, pH 8.0 (h), with the R2 calculated between 0-72 h deployments 
(n = 3)  
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4.4.3. DGT sediment probe deployment - DGT flux and interfacial pore 
water concentrations 
Figures 4.5 and 4.6 show the DGT flux (J, ng cm2 s-1) and concentration of 
organotins in interfacial pore-waters (CDGT, ng L-1) at 1 cm resolution(s) at 
deployment times of 2, 7, 14, 21 and 28 days. Using non-deployed DGT 
sediment probes (blanks) and GC/MS limits of detection, method detection 
limits (MDLs) for DGT CDGT (as ng L-1) at 2-28 day deployment times were 
calculated from the lowest absolute mass detectable on the binding gels (M, 
DL) (Table 4.2) against the deployment time (days) to provide MDL values with 
time. DGT detection limits for TBT at 2 weeks deployment were comparable 
to those reported using PTV-LVI with perdeuterated standards in 50 mL 
centrifuged pore water extracts (Berg et al., 2001).   
Table 4.2 DGT method detection limits (MDL) for deployment times of 
2-28 days using GC/MS (using 1.9 cm2 gel) 
Analyte M, DL (ng)  
MDL (ng L-1) 
Days 
  2 7 14 21 28 
MBT 1.7 8.7 2.5 1.3 0.8 0.6 
DBT 0.9 8.2 2.4 1.2 0.8 0.6 
TBT 0.4 2.7 0.8 0.4 0.3 0.2 
DPhT 1.4 12.1 3.5 1.7 1.2 0.9 
TPhT 0.6 7.3 2.1 1.0 0.7 0.5 
M = absolute mass (ng), DL = detection limit 
DGT deployments demonstrated a non-sustained uptake scenario (Zhang et 
al., 1995; Harper et al., 1998; Ghosh et al., 2014), with the approximate 
depletion of analytes from the interfacial region of the sampler occurring at 4 
weeks. By 2 days, a concentration gradient between the DGT binding gel and 
the  interfacial pore waters had been established (Harper et al., 1998) with 
analyte J and CDGT measured at their maximums (Figures 4.5 and 4.6). MBT 
and DPhT, the most polar of the analytes, had the highest mass within the 
binding gel phase after 2 days (yielding CDGT values in the ranges of 12-48 ng 
L-1). DBT measurements were measured to be near the M DL at 2 days and 
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was apparent from the erratic fluctuations observed in DGT profiles and the 
non-detectable masses at –7 cm. Due to reduced concentrations in pore 
water, TBT was not detected after 2 days of sampling, with organotin mass 
below the MDL using GC/MS (M < 0.4 ng, Table 4.2). By week 1, mass for 
TBT increased to quantifiable ranges using GC/MS, however DBT, DPhT and 
TPhT still had intervals of the DGT profile below their respective DL values 
(Table 4.2). By week 4, DGT J and CDGT had reduced to their lowest calculated 
values with mass providing negligible increases or a reduction in mass from 
week 3 measurements. DPhT and TPhT ‘hotspots’ were measured in week 4 
profile at -2 and –8 cm depths, indicative that these compounds had  increased 
spatial heterogeneity within sediments. Reductions in mass on the binding gel 
measured in week 4 suggested that negligible diffusion of analytes into the 
sampler was occurring and that there was a limited/no resupply of organotin 
compounds to the dissolved phase from sediment (a non-sustained DGT 
sediment probe uptake scenario) (Zhang et al., 1995; Harper et al., 1998). It 
was postulated that the decrease in mass was caused by 1) the offloading of 
analytes back into the external sediment-water boundary layer (as a function 
of first order kinetics and the establishment of an equilibrium between the 
binding gel and the interfacial pore waters, where the diffusion gradient moves 
from the uptake into the gel moves towards the reduced concentrations 
occurring in the adjacent pore water(s)) and 2) Competition from the 
simultaneous uptake of natural organic matter (NOM) and other organic 
contaminants in the sediment during sampling.  When calculating the mean(s) 
of J and CDGT for each profile, flux was found to be a direct function of analyte 
hydrophobicity, with compounds of the highest log Kow (3.93 and 4.70 for TPhT 
and TBT respectively) (Smedes & Beeltje, 2011) having  the lowest mean flux, 
with log Kow for TBT < TPhT < DBT < DPhT < MBT during weeks 1-4. For DGT 
CDGT, similar trends were observed, but with MBT showing a converse 
reduction in CDGT resulting from its high flux and the limited resupply to pore 
waters occurring at a more rapid rate (Figure 4.7).  
DGT calculates the TWA concentration of analytes in pore waters as a function 
of the deployment time and the mass accumulated under kinetic sampling 
through a diffusion limited layer. The resolution of DGT profiles were observed 
to be higher in short term deployment times (2 and 7 days), with discrete 
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variances of mass providing a greater variability between intervals of 1 cm. For 
longer deployments (3-4 weeks), a significant loss in resolution occurred and 
was resultant from reduced standard deviations via extended TWA 
measurements (Mayer et al., 2014). When assessing the vertical profile of 
analytes in the DGT binding gel, J and CDGT showed a ‘step’ increase at depths 
of -3-7 cm below the SWI for MBT and TBT, with MBT having increased 
mobilisation(s) in the upper portion of the DGT profile at 2 days. TBT 
demonstrated a similar trend to MBT, with increased mobilisation observed at 
depths of - 4 to - 6 cm for weeks 1, 3 and 4.  This reduction of J and CDGT with 
depth was less discernible in the 2 week deployment probe. For phenyltins, a 
significant increase in flux was measured in the upper 7 cm of the sediment 
profile at 2 days, with DPhT having the highest DGT flux (J = 1.64 x 10-5) and 
interfacial pore water concentrations (CDGT = 48 ng L -1) of all analytes. DGT 
deployments > 2 days demonstrated more standardised measurements for 
phenyltin compounds in comparison to the butyltin profiles (with the exception 
of phenyltin ‘hot-spots’ detected in the week 4 profile).  
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Figure 4.5 Flux (J) and interfacial pore water concentrations (CDGT) for butyltins using DGT deployments of 2, 7, 14, 21 and 28 
days in coastal sediment cores (taken October 2015) 
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Figure 4.6 Flux (J) and interfacial pore water concentrations (CDGT) for phenyltins using DGT deployments of 2, 7, 14, 21 and 28 
days in coastal sediment cores (taken October 2015) 
-14
-12
-10
-8
-6
-4
-2
0
2
0 10 20 30 40 50
J, ng cm2 s-1
D
e
p
th
 (
c
m
)
CDGT, ng L
-1
-14
-12
-10
-8
-6
-4
-2
0
2
0 5 10 15 20
J, ng cm2 s-1
D
e
p
th
 (
c
m
)
CDGT, ng L
-1
2 days
1 week
2 weeks
3 weeks
4 weeks
DPhT TPhT 
166 
 
 
 
Figure 4.7 Mean analyte flux (J, ng cm-2 s-1) from each deployment 
interval (2-28 days) with organotin log Kow (Smedes & Beeltje, 2011)  
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4.4.4. DGT sediment probe deployment - Modelling initial concentrations 
of analytes in sediment pore water using DGT  
4.4.4.1. MBT regression analyses 
Figure 4.8 shows plots of the observed data for MBT with each interval 
representative of separate core samples, and include the fitted values for three 
regression models (section 4.3.5), and for a plot of log transformed 
concentrations against time. Standard residual (SR) plots for concentrations 
of MBT for the straight line relationship (equation (2) section 4.3.5), indicated 
that data were not normally distributed. Further, the data showed systematic 
deviation from a straight line relationship, and this model accounted for only 
70% of the variation in concentration (R2 = 0.70) (Figure 4.8). Standardised 
residuals were larger in the early stage deployments and yielded a higher 
variability in measurements (probably as a result of the higher DGT profile 
resolution(s) from TWA calculations) (Appendix 4.7) (section 4.4.3). The 
estimate of MBT CDGT (t=0) using linear regression was 16.0 ng L-1. 
Straight line regression of the log transformed concentrations of MBT with time 
accounted for 82% of the total variation (R2 = 0.82), and there was less 
systematic deviation from the fitted regression line, and residuals were 
approximately normally distributed (Appendix 4.7) (Figure 4.8). However, 
there was some curvature in the log transformed plots, and this may indicate 
non-exponential processes. The estimate of MBT CDGT (t=0) at 
log(concentration of MBT) was 1.24 (or 17.4 ng L-1).  
When a simple exponential depletion model (equation 3), section 4.3.5, was 
fitted, the model accounted for 86% of the total variation (R2 = 0.86) (Figure 
4.8). SR data still demonstrated a degree of bias in the early deployments 
(days 2, 7 and 14) but the residuals were approximately normally distributed 
(Appendix 4.7). Using this regression model, the estimate of MBT CDGT (t=0) 
was 21.4 ng L-1. The t½, was calculated as 4 days, however, due to the 
variance and bias inherent with models (from sediment heterogeneity and the 
limited number of values of time (t = 5)), this was found to be an underestimate 
of the half-life, again indicating that the depletion was not purely exponential.  
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It was postulated during MBT pore water depletion that two mechanisms of 
pore water decay were occurring simultaneously, one exponential process and 
the other linear. The addition of a linear term to the simple exponential 
relationship (equation 4) section 4.3.5 showed reduced bias in the plots of SR 
against time (Appendix 4.7), and a similar goodness of fit to the model as was 
observed for the exponential model (Figure 4.8) with R2 = 0.86. From fitted 
values in this model, the half-life of the exponential process for DGT pore water 
depletion was 6 days (equation 5), section 4.3.5. The estimate of MBT CDGT 
(t=0)  using an exponential regression model with a linear term was 20.7 ng L-1 
and this was considered the optimal model for estimating MBT DGT pore water 
depletion.   
Figure 4.8 Analyses of MBT for deployment (2-28 days) using (i) linear 
regression curve fitting (ii) Log(concentration of MBT) with linear 
regression term (iii) concentration of MBT under exponential depletion 
curve (iv) concentration of MBT using an exponential function with an 
added linear term 
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4.4.4.2. DBT regression analyses 
Figure 4.9 shows the pore water depletion regression analyses for DBT. For 
the straight line model, plots of SR of concentration against time showed 
systematic variation from this model, and SR normal plots showing deviations 
from normality (Appendix A4.8). The variance was larger during the early-
stage (2 day) deployment intervals (associated with increased DGT profile 
resolution from DGT TWA calculations) (section 4.4.3). Only 62% of the total 
variation was accounted for by the regression (R2 = 0.62). The estimate of 
DBT CDGT (t=0) using linear regression was 20.4 ng L-1.   
A log transformation of DBT concentration (Figure 4.9) provided an 
approximately normal distribution of SR data, and there was reduced 
systematic variation of the data from the fitted values. The log linear regression 
accounted for 82% of the total variation in concentration (R2 = 0.82) The 
estimate of DBT CDGT (t=0) at log(concentration of DBT) was 1.36 (or as 22.9 
ng L-1). 
A simple exponential depletion model (equation (3) section 4.3.5), provided a 
bias in concentrations, with the variability largest at the early deployment times 
due to the higher resolution of the DGT profiles. However, the residuals were 
smaller than those found for the straight line model, and R2 = 0.84 (Appendix 
A4.8). Using equation (5) section 4.3.5, the t½ was 3 days; however, this was 
not considered to be reliable due to the deviations from the simple exponential 
model. The estimate of DBT CDGT (t=0) using a simple exponential regression 
model was 35.6 ng L-1.  
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Addition of a linear term to the exponential decay model (equation (4) section 
4.3.5) (Figure 4.9) provided a reasonable agreement between observed and 
fitted values with little bias (Appendix A4.8). This model accounted for 86% of 
the total variation in concentration (R2 = 0.86). However, the residuals were 
not normally distributed (Appendix A4.8). The estimated half-life of the 
exponential processes was 1 day, though with only five time points this may 
not be reliable. The estimates of DBT Cfree (t=0) using an exponential regression 
model with a linear term was 59.7 ng L-1.   
Figure 4.9 Analyses of DBT for deployment intervals 2-28 days using (i) 
concentration of DBT using linear regression (ii) Log(concentration of 
DBT) using linear regression (iii) exponential depletion (iv) exponential 
depletion with an added linear term 
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4.4.4.3. TBT regression analyses 
Since the mass of TBT was below the DGT MDL at 2 days; regression analysis 
was limited to 4 time points (7-28 days), further reducing the confidence in the 
fitting of regression models to the depletion data (Figure 4.10).  
A linear regression of concentration of TBT with time (equation 2) in section 
4.3.5 demonstrated a reasonable fit with no observable bias in the residuals 
(Appendix A4.9) that accounted for  77% of the total variation in concentration 
(R2 = 0.77).  The estimate of TBT CDGT (t=0) was 3.5 ng L-1.   
A linear regression of log (TBT concentration) on time showed systematic 
deviation of the transformed concentrations from the predicted model (Figures 
4.10), and 72% of the total variation was accounted for by the regression (R2 
= 0.72). Data was found to be non-normally distributed (Appendix A4.9). The 
estimate of log TBT CDGT (t=0) was 0.64 (equivalent to 4.4 ng L-1). The observed 
deviation of the log transformed concentration from a straight line relationship 
were indicative that the decay processes are not exponential. 
When a simple exponential model (equation (3) section 4.3.5) was fitted there 
was a reasonable fit but with greater bias than found for the straight line 
regression (Figure 4.10).  This model accounted for 76% of the total variation 
in concentration (R2 = 0.76).  There is a lot of uncertainty about the nature of 
the decay processes for TBT in pore water since only four time points were 
available to define the curve, and the curvature was very low (approximately 
linear). Under these circumstances it is difficult to differentiate between the 
various possible models. The exponent (k = 0.0063 day) estimated for the 
exponential model provide an estimated half-life of 110 days.  To improve the 
modelling of TBT data more sensitive methods or sediments of higher 
concentrations in pore water are required to determine the form of the 
depletion of TBT during early stage deployments (< 7 days) and would allow 
for a better fit of the model. The estimate of TBT CDGT (t=0) using a simple 
exponential regression model was 3.5 ng L-1. 
With only four time points it is not possible to fit an exponential model with an 
added linear term (equation (4) section 4.3.5) since there are four parameters 
to be estimated, leaving no degrees of freedom. A straight line relationship 
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provided the best model fit for TBT and was selected as the primary model for 
the determination of TBT CDGT (t=0) (3.5 ng L-1). 
 
 
Figure 4.10 Regression plots of TBT for deployment intervals 2-28 days 
using (i) concentration of TBT using linear regression (ii) 
Log(concentration of TBT) using linear regression (iii) exponential 
depletion (iv) exponential depletion with an added linear term 
4.4.4.4. DPhT regression analyses 
For DPhT a simple linear regression yielded biased fits to the concentration 
data (Appendix A4.10 and Figure 4.11). Standard normal plot showed that the 
residuals deviated from normality. The variation was not homogeneous with 
values at the earlier stages being larger than at later times when the resolution 
of the DGT profiles was smaller. There was a significant increase in 
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concentrations of phenyltins measured in the 0-7 cm depth(s) in the 2 day DGT 
deployments. Heterogeneity of phenyltin compounds in sediment were found 
to be higher those of butyltins (section 4.4.3), and there was evidence of 
‘hotspots’ and intervals of non-detection in DGT profiles, resulting in large SR 
of DPhT in early stage deployments (2 and 7 days) where clusters of values 
were observed above and below the fitted value (Appendix 4.10).The R2 for 
the linear model = 0.70, with the fitted values greater than observational values 
at 7, 14 and 21 day deployments. Depletion under a linear regression model 
provided a modelled estimate of DPhT CDGT (t=0) = 31.7 ng L-1.   
The straight line fitted to the log transformed data showed less bias than that 
fitted to the untransformed data, but there was still some systematic variation 
(Figure 4.11). The log-linear regression accounted for 79 % of the total 
variation in log(concentration)  (R2 = 0.79). The large bias and high variability 
in SR observed in 28 day deployments may be due to an approach to 
equilibrium sampler-pore water kinetics and increased competition from NOM 
influencing DPhT concentrations near equilibrium. Data variability at 28 days 
was also exacerbated by phenyltin heterogeneity observed in sediment cores. 
Using this model the estimate of log DPhT for CDGT (t=0) was 1.77 (equivalent 
to 58.8 ng L-1). 
A simple exponential decay model fitted to the concentration with time showed 
a reasonable fit with a reduced amount of bias (Figure 4.11, and Appendix 
A4.10). The most marked deviations were found at the earlier deployments. 
This model accounted for 83% of the total variation in concentration (R2 = 
0.83), provided an estimate of DPhT CDGT (t=0) = 46.2 ng L-1. The estimated 
half-life of DPhT in pore water was 5 days. 
The addition of a linear term to the exponential decay model (equation (4) 
section 4.3.5) yielded a better fit with little bias (Figure 4.11, and Appendix 
A4.10)  that accounted for 84% of the total variation in concentration of DPhT 
R2 = 83.5. This model gave an estimate of DPhT CDGT (t=0) = 40.6 ng L-1. The 
half-life of the exponential decay process was calculated as 2 days, although 
this was considered to be unreliable because the modelling was based on only 
five time points. This model was regarded as the optimal model used for the 
determination of DPhT CDGT (t=0).  
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Figure 4.11 Regression plots of DPhT for deployment intervals 2-28 days 
using (i) concentration of DPhT using linear regression (ii) 
Log(concentration of DPhT) using linear regression (iii) exponential 
depletion (iv) exponential depletion with an added linear term 
4.4.4.5. TPhT regression analyses 
A simple linear regression of concentration of TPhT upon deployment time 
yielded a reasonable fit but some bias.  However, the regression accounted 
for only 45% of the total variation in the concentration, in part due to the high 
variability in the concentrations found, particularly at early times where clusters 
of high and low concentrations were observed. The data were markedly 
heterogeneous, and deviated from normality (Figure 4.12, and Appendix 
A4.11).   
Linear regression of the log transformed concentrations on time yielded a 
reasonable fit, but with some bias, with the residuals not normally distributed 
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(Figure 4.12, and Appendix A4.11). The variance was markedly 
heterogeneous at both low and long times.  This model accounted for only 
50% of the total variation in log(concentration) (R2 = 0.50).  Deployments of 2 
and 28 days had the highest variability in measurements of concentration; with 
2 days having a steep gradient in concentration between 7-8 cm depth. For 
the 28 day deployments, where a reduction of mass was measured in DGT 
profiles, continual competition from NOM in sediment with the DGT sampler 
was postulated, leading to the binding gels approaching non-effective 
capacity. Using this model the estimate of CDGT (t=0) log(concentration of TPhT) 
was 0.98 (equivalent to 9.7 ng L-1). 
A simple exponential decay model (equation (3) section 4.3.5) provided a 
reasonable fit, however, the seven day concentration data fell below the fitted 
line. For this model R2 was 0.45. The estimate (17 days) of half-life was 
considered to be unreliable because of the small number of time points, and 
the marked deviation of the data at 7 days; this was particularly influential in 
determining the fit. On the basis of this model CDGT was 11.7 ng L-1.  It was not 
possible to add a linear term to the exponential model because of the marked 
heterogeneity in the data. The simple exponential was chosen as the optimal 
model for the determination of TPhT CDGT (t=0). 
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Figure 4.12 Regression plots of TPhT for deployment intervals 2-28 days 
using (i) concentration of TPhT using linear regression (ii) 
Log(concentration of TPhT) using linear regression (iii) exponential 
depletion  
4.4.4.6 Regression and deployment time 
To interpret the deployment time(s) that provided an optimum fit to the model; 
intercept values (B, ng L-1) from mean CDGT using each regression model was 
applied to the data sets. As expected, data from shorter deployment times 
were in greater agreement with the fitted regression model, with long term 
deployments (21-28 days) having CDGT (t=0) values that deviated greatly from 
the intercept values (Figure 4.13 and 4.14). For MBT, the best agreement was 
determined after 2 and 7 days, with modelled intercept values of 19.8 and 20.0 
ng L-1 respectively (Figure 4.12). Day 21 and 28 deployments demonstrated a 
large deviation from the fitted model; with B > 35 ng L-1. A similar performance 
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was found for DBT, with the intercept values after 2 days in best agreement to 
the model value (B(t=2) = 36.6, ng L-1). Profiles for DBT showed the largest error 
from the pore water depletion model and this was attributed to the higher 
variances in data for DGT profiles (in comparison with the other butyltin 
compounds). DBT CDGT (t=0) using 21 day deployments was modelled to be 215 
ng L-1. DPhT at 21 days also showed a large deviation from the modelled mean 
with the intercept increasing by ~ 30 ng L-1 (76 ng L-1) from the modelled value 
(with the 28 day data exceeding model limits). As TBT was limited to t = 4 
days, a linear portion of depletion was determined during 7-28 days. Intercept 
values ranged between 0.9-2.8 ng L-1 and were all lower than the modelled 
intercept value for TBT (3.5 ng L-1), with a reduction shown over time. For 
models that were fitted using an exponential term, TPhT demonstrated the 
best fit across the deployment times, with t 2 and 14 days in closest agreement 
with the depletion model.  
For the determination of CDGT (t=0), it was found that deployments of 2 days 
provided the optimal time for estimates, although at this time, TBT was 
measured to be below the MDL. To compromise, a deployment time of 7 days 
would be recommended from this data set under this deployment scenario.     
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Figure 4.13 Pore water depletion curves for MBT, DBT and TBT using 
mean DGT data from deployments of 2-28 days 
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Figure 4.14 Pore water depletion curves for DPhT and TPhT using mean 
DGT data from deployments of 2-28 days 
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4.5. Summary and discussion 
4.5.1. Sediments survey 
A sediment survey was undertaken to ascertain which site(s) yielded the 
highest concentration and greatest range of organotin compounds. The 
sediment measured around Portsmouth had differing severities of pollution, 
with the TBT at Langstone Harbour exceeding all international biological 
trigger values and sediment quality standards (Chapter 1, Table 1.9), with 55 
% of samples exceeding the Upper Cefas action limit for CDM sea disposal 
(1000 ng TBT g-1 d.w.) (Chapter 1, Table 1.10). The mean concentration of 
TBT measured at Portsmouth Hard Interchange exceeded international trigger 
values and sediment quality standards for TBT; however,  was found to be 
misrepresentative of the site, with only one of the samples (PB-2) exceeding 
a concentration > 200 ng TBT g-1 d.w. (Figure 4.2). By excluding this sample, 
the average concentration of TBT at Portsmouth Hard Interchange was 
detected at being on the threshold of the Cefas lower action limit for TBT (100 
ng TBT g-1), with samples having a mean concentration of 102 ± 58 ng TBT g-
1 d.w.  
Samples from Farlington Marshes fell below the Lower Cefas action limit for 
CDM disposal; however still exceeded the majority of the international 
sediment quality standards for TBT (Chapter 1, Table 1.9).  By applying the 
Norwegian Sediment and Marine Water Quality Guideline Values and 
classifications for TBT; sediments in Langstone Harbour could be classified as 
‘severely polluted’ (all samples > 100 ng TBT g-1 d.w.) (Arp et al., 2014). 
Samples from Portsmouth Hard Interchange were measured to be on the 
threshold of these values and were classed as ‘polluted to severely polluted’ 
(20-100 ng TBT g-1). Lower concentrations of TBT from Farlington Marshes 
were categorised as ‘moderately polluted to polluted’ (5-20 ng TBT g-1) (Arp et 
al., 2014).  
It was hypothesised that the high concentrations detected at Langstone 
Harbour were resultant from two main characteristics of the site. Primarily, the 
consistent and long-term use of the site as a recreational/commercial boating 
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area over the last 50-70 years, combined with no major sediment disturbances 
providing conditions for high inputs and reduced removal of TBT from the site.  
Secondly, the tidal flushing regimes in Portsmouth Hard Interchange and 
Langstone Harbour were found to be different, with Portsmouth Hard 
Interchange subject to a higher degree of tidal flushing (SCOPAC, 2004). 
Langstone Harbour is a much lower energy environment, with the sampling 
site located on a sediment accretion point (SCOPAC, 2004) (Figure 4.1, ii) and 
will be subject to reduced volumes of sediment flushing (with a potentially 
increased sedimentation rate) in comparison to Portsmouth Harbour. The 
reduced removal of accreted sediments at the site offers an increased degree 
of encapsulation and the development of more anoxic conditions compared to 
sediments at Portsmouth Hard Interchange. Farlington Marshes had the 
lowest concentrations of all sites and was resultant of the sampling location 
being in a region of the harbour that has reduced boating activity and sediment 
accretion (SCOPAC, 2004). Differences in organic matter content of sediment 
will also influence the concentrations of organotins (with a higher adsorption 
of TBT to organic matter). This parameter was not included during this stage 
of monitoring. 
For  phenyltins, the concentration of TPhT in Portsmouth sediments (ND-201 
ng TPhT g-1 d.w.) were in relative agreement to other published values; with 
the concentrations reported at ND-1,044 ng TPhT g-1 d.w. being typically lower 
than those measured for TBT (2-20 times lower than butyltins (Furdek et al., 
2015)) (Chapter 1, Table 1.5). The analytical performance for total DPhT in 
CRMs was previously found to be poor in comparison to other organotins 
(discussed in Chapter 2, section 2.9). Although it was expected that sediment 
concentrations of DPhT were likely to be lower than those of butyltin 
compounds, it was postulated that its non-detection was likely attributable to 
its poor % recovery from CRMs and the high limits of quantification in GC/MS 
analysis (14 ng g-1 d.w.). DPhT in sediment could therefore, not be 
satisfactorily quantified in this study.  
Langstone Harbour sediments had the highest concentration of analytes and 
were therefore selected as the study site for ex-situ DGT samples.  
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4.5.2. Diffusion coefficients of organotin compounds 
To measure freely dissolved concentrations of analytes in sediment pore water 
using DGT (CDGT), the diffusion coefficient (D, cm2 s-1) of analytes across the 
diffusive boundary is required. In order to do this, deployment of passive 
sampling devices in solution containing a known concentration of the analyte 
is required to measure the mass uptake of the analyte. Due to the anisotropic 
behaviour of organotin species, maintaining conditions that allowed for stable 
concentrations in solution was found to be the most challenging aspect of the 
project. Recent work by Ahkola et al., (2015) report similar findings to those in 
Appendix 4.1, where significant losses of organotin compounds from the 
dissolved phase were  encountered during tank experiments (with an initial  
concentration of MBT at 790 ± 80 ng L-1 decreasing to 81 ± 8 ng L-1 at 2-3 
days). From the deployment of DGT samplers at a nominal 50 µg L-1 in a mixed 
organotin solution (pH 8.0, 0.7 M NaCl, 0.001 M borax) the mass accumulated 
in the sampler was plotted over time. From this, it was established that DGT 
diffusion coefficients’ of organotins were similar to those reported for other 
organic DGT studies (measured to be in the DGT x 10-6 range) (Chapter 3, 
Tables 3.1 and 3.2) By 96 h, departure from linearity was observed and 
considered to be from capacity being reached and analyte loss from binding 
site competition with MPhT. The combined accumulated mass of organotins 
after 72 h was used to determine the theoretical loading capacity of the 
Bondesil® C8 binding gel and was calculated to be ~ 2.46 µg Sn cm2, and was 
considered to be suitable as analyte mass was in excess to those likely to be 
sequestered from the natural environment. When excluding 96 h data, uptake 
coefficients (R2) for all analytes were calculated as 0.97-0.99. DBT had 
reduced D in comparison to MBT and TBT. It was hypothesised that this was 
a function of the anisotropic properties of organotins and their affinity to the C8 
phase (Chapter 3 Section 3.4.4); with TBT’s high affinity and increased 
hydrophobic adsorption to C8 providing an increased concentration gradient 
through the diffusive layer, whilst conversely, the more polar properties of MBT 
allowed for a higher rate of diffusion through the MCE membrane and gel.  
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4.5.3. Measurement of organotins in sediment using DGT 
DGT deployments in sediment cores collected from Langstone Harbour were 
done at intervals of 2, 7, 14, 21 and 28 days with the diffusive gel layer 
removed from the DGT configuration (with diffusion through 0.015 cm, 0.45 
µm pore size MCE membrane only). The mass of organotins (M, ng) on the 
DGT binding gel increased during 0-3 week deployments, but demonstrated 
no increase from week 3-4 deployments. Conversely, flux (ng cm2 s-1) reduced 
with deployment time, where the DGT flux rate correlated with the log Kow of 
the organotin compound. Further work would be required to investigate this 
relationship and could potentially be used to predict natural pore water fluxes.  
Tri-substituted compounds were found to have the lowest overall flux (with flux 
rate = MBT > DPhT >DBT >TPhT > TBT). It was noted that from the DGT TWA 
calculation, standard deviations decreased in the latter deployment times, 
whereas 2 day and 7 day deployments allowed for a higher resolution across 
profile depths. During experiments, the overall reduction in flux and CDGT over 
time was indicative that a limited supply of organotins were available at the 
DGT sampler interface. By week 4, it was hypothesised that the DGT sampler 
had reached a non-sustained maximum and that a negligible resupply of 
analytes was occurring. It was also noted that for week 4 profiles, a significant 
reduction in organotin mass was measured (M, ng) in comparison to those 
detected at week 3. Other organic compounds (NOM) will be simultaneously 
adsorbed by the binding gel and would provide competition for binding sites 
with organotin compounds via hydrophobic interaction with the C8 n-alkane 
groups on the silica particle. Within other hydrophobic passive samplers, the 
use of chemical standards (or performance reference compounds (PRCs) 
have been used to monitor analyte kinetics during validation (Vrana et al., 
2006; Smedes & Beeltje, 2011) and are used to observe exchange rates in- 
situ using (Kees Booij, Smedes, & van Weerlee, 2002; Huckins et al., 2002; 
Vrana et al., 2006). For organotins, Aguilar-Martinez et al., (2008) used PRCs 
to spike C18 Empore® disks (500 ng of MBT, DBT, TBT and TPhT) before their 
deployment in Chemcatcher® devices, with offloading measured in a non-
spiked calibration tank. As sorbents are of similar properties, it is hypothesised 
that the Bondesil® C8 binding gels are subject to similar kinetics as Empore® 
disks and would be subject to the loss of analytes; as observed during 4 week 
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deployments. The use of PRCs or isotopically enriched organotin tracers 
would allow for an improved understanding of kinetic offloading at the latter 
stages of deployment, and can also be used to observe any speciation and 
degradative losses during their immobilisation on the C8 receiving phase.  
Changes in the vertical profile of organotin compound fluxes and CDGT was 
found in DGT profiles, where an overall ‘step’ increase for MBT and TBT 
compounds was measured at 0-8 cm depth. DBT had more erratic variations 
in flux, with no discernible trend seen in the upper 0-8 cm of the sediment 
profile (with DBT flux increasing at depths > 8 cm for week 2 deployment 
interval). Phenyltin compounds had more inconsistent flux throughout the 
sediment profile, with phenyltin ‘hot spots’ observed in the week 4 flux profiles. 
4.5.4. DGT sediment probe deployment - estimating concentrations of 
analytes in sediment pore water 
From DGT experiments, sediment pore water depletion models over time were 
investigated as a new technique to estimate theoretical concentrations of the 
labile organotin fraction(s) in pore water, at t=0 (CDGT (t=0)) by calculating the 
overall CDGT mean of each 1 cm interval from each profile and subjecting data 
to different regression analyses, using standardised residual from each 
resolution. Fitting of models was limited by 5 time data points, with estimations 
of CDGT (t=0) in these preliminary experiments were somewhat subjective and 
requiring more early stage data. None the less, measurements provide 
observations on the performance of the DGT and the optimal deployment 
times required for DGT profiling using deployment intervals of 2-14 days. 
The use of time dependent regression models has identified a new approach 
that has potential to supplement DGT sediment data and can be used as a site 
risk assessment tool. For MBT and DPhT, pore water depletion was identified 
as likely having both an exponential and linear function, therefore the 
regression model incorporated both these terms, with the theoretical CDGT (t=0) 
for MBT = 20.7 ng L-1 and DPhT = 40.6 ng L-1 for sediments in the Langstone 
Harbour sediment. DBT demonstrated large variability in 2 day deployments 
due to DGT M being close to the analyte LOD. Because of this, intercept 
values using an exponential depletion curve with a linear function were biased 
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towards high concentrations. An exponential model (without the linear term) 
was selected as the optimal model for DBT CDGT (t=0), and may help provide 
more accurate estimates when incorporating early stage deployment intervals. 
A theoretical DBT measurement of 35.6 ng L-1 was estimated using this term.   
Due to the time intervals of TBT reduced to 4 plots, determination of a TBT 
model was more difficult, with 2 day deployments below DGT MDL. From this, 
a linear regression model was found to be in the best agreement to 
observational data, with TBT CDGT (t=0) = 3.5 ng L-1, although this was 
considered to be resultant of the limited t data plots available. TPhT 
demonstrated high heterogeneity in sediment along with regions of non-
detection in the profile (making regression modelling of CDGT (t=0) difficult). An 
exponential model was in best agreement to observational data and was 
therefore used to report CDGT (t=0) = 11.7 ng L-1. To determine a more accurate 
model for the tri-substituted compounds, more deployments < 7 days using 
more sensitive instrumentation would be required.  
The CDGT (t=0) values for butyltins fell within ranges reported for butyltins in other 
sediment pore water studies; excluding the heavily contaminated site in Burton 
et al., (2004) with ranges for MBT = 3.1-205 ng L-1, DBT = 1.9-196 ng L-1 and 
TBT = 0.24-168 ng L-1 (Chapter 1, Table 1.4). It was anticipated that this 
approach allowed for the empirical measurement of the concentrations of 
organotins in pore waters at Langstone Harbour sediment cores.  
4.5.5. Limitations of the study 
Four limitations were identified in the DGT study.  
(1) The applicability of diffusion coefficient(s) calculated in section 4.4.2 is 
limited to coastal environments and would require further experimentation to 
validate the DGT across aquatic pH ranges, ionic strength(s) so as to ascertain 
the difference in diffusion kinetics for other organotin-ligand species. At pH > 
6.25, TBT and TPhT are complexed as hydroxide species (Arnold et al., 1997; 
Burton et al., 2004) and therefore the conditions in this experiment were 
modelled on this assumption. If the device is to be deployed in estuarine and 
freshwater sites, determination of D over variables of pH and ionic strength 
are necessary. Variances in humic acid and organotin association to these 
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fractions need to also be considered to improve the accuracy of organotin DGT 
diffusion coefficients, with organic-ligand association not included in this study. 
Subsequently, when repeating this experiment, theoretical speciation 
modelling using MINTEQ/MINEQL should be applied to better understand the 
influence of organotin complexation on DGT diffusion coefficient for 
organotins.  
(2) The chemistry of pore waters will be different from the water used for 
diffusion coefficient determination. Consequently, the potential number of 
speciation products will be greater in sediment pore water from the increased 
concentration of available ligands (with TBT association to sulphides, organic 
matter and other inorganic ligands) and will likely influence the diffusion 
coefficients of DGT. 
(3) The determination of total pore water concentrations from sediment cores 
needs to be measured in conjunction with CDGT and CDGT (t=0) measurements 
to fully validate this technique. In-house analysis of extractable pore water(s) 
were not possible as the LOD using PTV-LVI GC/MS for low volumes of water 
were below the sensitivity required. In order to validate the CDGT (t=0), the use 
of GC-ICP-MS/GC-MS-MS is required to confirm that DGT measurements are 
relative to dissolved concentrations measured in sediment pore waters.  
(4) More data points for t in depletion models would allow for more accurate 
estimation of CDGT (t=0) (notably with more data from the first week of 
deployment) and would provide greater clarification on the appropriate 
regression model for analytes. The use of more sensitive instrumentation 
would also benefit the quantification of CDGT for TBT, where the lower limits of 
detection would allow its detection for deployment intervals < 7 days.   
(5) Model calculations are empirical to Langstone harbour sediment cores. 
Further work is required to ascertain whether this model can be applied 
generically to contaminated sites. Currently, the concentration models in this 
work cannot be applied to different sites, however the sampling regime (using 
time series deployments) and the regression analyses can be used as a 
method for the determination of labile fractions at other sites.  
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Methods developed in this chapter now allow for the determination of organotin 
DGT flux and theoretical concentrations of interfacial pore water at 1 cm 
resolution(s) within coastal sediments (with CDGT subject to validation). 
Primary results are indicative that higher pore water concentrations and 
increased mobilisation of MBT, TBT and DPhT occur in the top 8 cm of the 
sediment profile in Langstone harbour sediments, during October, and that 
phenyltin distribution is more heterogeneous in comparison to butyltin 
compounds, potentially from increased biological activity and changes in the 
sediment profile chemistry over depth. Further investigations incorporating 
sediment geochemical and physical parameters are needed to identify drivers 
of organotin flux within coastal sediments.  
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 Factors influencing organotin DGT measurements 
5.1.  Introduction 
Following the experiments described in section 4, a separate study was 
undertaken to investigate the effect of sediment physiochemical properties on 
DGT flux. The properties of sediment effect the adsorption kinetics of 
organotins to the solid-phase (Berg et al., 2001; Hoch & Schwesig, 2004; 
Brunori, Ipolyi, Massanisso, & Morabito, 2006) with organic carbon content 
and particle grain size reportedly having the greatest influence on the 
partitioning behaviour of TBT from the dissolved phase (Langston & Pope, 
1995; Furdek et al., 2015) (Chapter 1, section 1.1.2.1). Recently, the presence 
of sulphides has been hypothesised as a stabilisation mechanism for TBT in 
interstitial pore waters; with its accumulation favoured by the formation of 
TBTS in conjunction with the low dealkylation rates in anoxic conditions (Briant 
et al., 2016). Previous investigations on the behaviour of organotins between 
sediment-dissolved phases have been undertaken by the isolation of 
organotins from centrifuged contaminated sediment cores, or by using 
natural/radiolabelled compounds in mesocosm (Adelman, Hinga, & Pilson, 
1990; Seligman et al., 1996) and microcosm experiments (Arnold et al., 1997; 
Berg et al., 2001; Ma et al., 2000; Tessier et al., 2007). Although these studies 
have provided information on the partitioning and fate of organotins in 
sediments, such experimental methods can result in artefacts such as 
speciation changes, precipitation or adsorption of analytes to sampling 
apparatus (Furdek et al., 2015). More recently, passive sampling devices such 
as dialysis peepers have been used to measure the concentrations of butyltin 
compounds at equilibrium with concentrations in interstitial pore-waters (Briant 
et al., 2016).  
A small number of studies have investigated the flux of organotin compounds 
from sediment across the SWI to the water column, with Amouroux, Tessier, 
& Donard (2000) describing a model for quantifying the mobilisation of 
methyltin species in coastal/estuarine sediment.  For TBT, Viglino, Pelletier, & 
St-Louis (2004) calculated the vertical sediment diffusive flux using porosity 
and the measured pore-water concentration gradients at profile(s) 0-5 cm and 
18-25 cm depths with the flux, (J) for TBT at the SWI in Baie des Ha! Ha!, 
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Canada = 13 x 10-8 mol m-2 y-1 (or 3,783 ng m2 y-1).  Point et al., 2007 used in 
situ, incubated benthic chambers to measure the flux of trace metals, 
methylmercury and butyltins, with the flux range of TBT to the overlying water 
in the chamber calculated as 0.05-1.2 µg m2 y-1 (Chapter 1, section 1.1.4). For 
DGT measurements the analyte exchange during the kinetic uptake regime of 
sampling and, unlike Peeper sampling, is not reliant on equilibrium being 
achieved in the extracted sample.  
DGT flux (J, ng cm2 s-1) and theoretical interfacial pore-water concentrations 
(CDGT, ng L-1) were measured from sediment cores collected at a TBT 
contaminated coastal site during winter 2016. Data from DGT were compared 
with other sediment physiochemical parameters in sediment cores. 
5.2. Materials and methods 
Methods are described in Chapters 2, 3 and 4. Deionised water (18.2 MΩ, 
Purite Ltd) was used to prepare reagent solutions. Glass and plastic containers 
used for experiments and solutions, including DGT devices and the glass 
plates used for preparing gels were cleaned in Decon 90 (at 80 ˚C) followed 
by soaking in 10% HCl (v/v) (AR grade, Merck) for 24 h and rinsed thoroughly 
with AR grade methanol and deionised water prior to use (EPA, 2003).  
5.2.1. Sediment sampling 
Langstone Harbour was selected as the study site in this investigation, as it 
yielded concentrations that were detectable using DGT and GC/MS, and also 
had the highest range of organotin compounds in comparison to other sites 
investigated (Chapter 3), section. Eight sediment cores were collected from 
Langstone Harbour on the 8th February 2016, using techniques in Chapter 4, 
Section 4.3.4. Seven of the core samples were topped up with sea water from 
the site, ensuring no disturbance to the sediment interface occurred whilst 
pouring (Table 5.1). Cores were returned to the laboratory within 1 h of 
sampling and were kept at 20 ˚C in the dark, with the overlying water 
continuously aerated. Two core samples were designated for physiochemical 
analysis, with core 7 maintained under the same conditions as the DGT core 
samples (Table 5.1). Core 8 did not have water added to it, but was frozen at 
- 20˚C on arrival to the laboratory. Before analysis, core 8 was allowed to thaw 
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for 12 h. The core was then cut at 1 cm resolutions. MBT, DBT, TBT, DPhT 
and TPhT DGT measurements were done in conjunction with the vertical total 
sediment concentration(s) (ng g-1), TOC (%), total sulphur (S, %) sediment 
particle size (µm). Micro-scale pH and dissolved measurements were done in 
core 7 (Table 5.1).  
5.2.2. DGT sediment probes 
Details of DGT binding gel production and sediment probe configuration are 
provided in Chapter 3, section 3.3 and Chapter 4, section 4.3.4 respectively. 
Briefly, Bondesil® C8 sorbents were conditioned in LC-MS MeOH (~ 30 min). 
The sorbent was mixed into the gel solution (40 % BPA:H2O:MeOH v/v/v) 
using a magnetic stirrer, the APS and TEMED initiator reagents added and the 
solution cast between 200 x 70 mm glass plates, separated by 0.48 mm 
acetate spacers. Gels were left to set flat. Afterwards, binding gels were 
removed from the plates and stored at 4˚C in deionised water and were rinsed 
three times with water prior to use. DGT sediment probes were assembled by 
cutting the hydrated gels to DGT sediment probe dimensions (2.7 cm x 16.1 
cm). Clean acetate spacers (0.72 mm) were placed behind the binding gel 
which was overlain with a clean mixed-cellulose ester (MCE) membrane (0.15 
mm thickness and 0.45 µm pore-size, Merck Millipore Ltd Watford, UK), 
ensuring no air was caught between the diffusive membrane and the DGT 
binding layer. DGT sediment probes were stored at 4°C in 0.7 M NaCl and 
were deoxygenated with N2 for a minimum of 12 h before deployment. DGTs 
were deployed at intervals of 7 and 21 days only. 
After deployment, probes were subjected to methods described in Chapter 4, 
section 4.3.4. Briefly, binding gels were cut at 1 cm resolution(s) (gel area = 
1.9 cm2) using a Teflon™ coated razor blade on a clean acetate strip. Gel 
segments were eluted using the methods described in Chapter 3, section 4.2.2 
with elution’s done in 13 M methanolic acetic acid in clean 40 mL Oakridge® 
FEP tubes for 24 h in the dark by orbital shaking (240 rpm). Aliquots from 
elution were transferred to a 100 mL volumetric flask for derivatisation and pre-
concentration in 2 mL n-hexane (Chapter 3, section 3.2.2.2) and analysed 
using PTV-LVI-GC/MS (Chapter 2, section 2.8.2).  
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5.2.3. Total concentrations of organotins in sediment cores 
For analysis of total concentrations of MBT, DBT, TBT and TPhT in sediment 
cores over depth, core 8 was cut at 1 cm segments and triplicate sub-samples 
taken for dry weight analysis % and total organotin analysis (ng g-1) using 
methods described in Chapter 2, section 2.5. DPhT was not included in the 
total sediments suite and is discussed in Chapter 2, section 2.9. Sediments 
were ultrasonicated for 2 x 15 min in 13 M methanolic acid and the aliquots 
from both extractions combined in a 250 mL derivatisation flask. Organotins 
were derivatised using 1 % NaBEt4 and pre-concentrated into 2 mL n-hexane 
for measurement using splitless injection (2 µL) GC/MS. Sediments were 
analysed in conjunction with two certified reference materials (SOPH-1 and 
BCR-646 (n=3)) with concentrations in sediment profiles reported as ng g-1 
d.w.,  organotin cation.  
5.2.3.1 Sediment–water partition coefficient 
The sediment-water partition coefficient (Kd, L kg-1), often expressed as log Kd, 
is defined as the ratio between the concentration in water and sediment at 
equilibrium (Chapter 1, section 1.1.2.1). Using DGT CDGT (t=0) measurements 
against total concentrations of organotins, values for Kd were assigned to DGT 
profiles to identify trends in organotin affinity to sediment with depth and to 
compare DGT Kd values against reported values.  
5.2.4. Particle size analysis, TOC % and S % 
Particle size distribution is the % by weight of individual inorganic particles, in 
a number of different size classes. Sediment grain size can indirectly influence 
the adsorption of TBT by defining the amount of adsorbed organic material to 
the solid-phase, with the increased surface area of the finer fractions 
adsorbing a higher proportion of organic molecules (de Carvalho Oliveira & 
Santelli, 2010; German Rodriguez et al., 2010; Furdek et al., 2015). The 
disaggregation and separation of sediment is undertaken before laser 
diffraction analysis. Methods were in accordance with BS 1377-2:1990, with 
33 g of sodium hexametaphosphate and 7 g of sodium carbonate mixed in 1 
L of deionised water. Ten g of sediment was transferred to a 150 mL beaker 
and all macro-organic material (e.g. vegetation, algae) removed. Beakers 
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were placed in a fume hood and approximately 20-30 mL of hydrogen peroxide 
(H2O2) was added to the sample. Slurries were left for 2-3 days and stirred 
intermittently. Additional H2O2 (~ 10 mL) was added to samples after 1 day of 
exposure to further react with any remaining organic material in the sample. 
Using a hotplate, the mixtures were evaporated to leave a thick paste in the 
bottom of the beaker (2-3 h), ensuring they did not boil. Once cooled, 100 mL 
of sodium hexametaphosphate solution was added to the beaker and the 
mixture left to soak for 12 h. Samples were analysed by laser diffraction using 
a Malvern Mastersizer 3000, Malvern Instruments, Malvern, UK. 
The presence of organic matter increases the adsorption of TBT on to 
sediment (Unger, MacIntyre, & Huggett, 1988; Bangkedphol et al., 2009) with 
sediment TOC % investigated in this study against DGT J/CDGT and total 
sediment concentrations for organotins. Organic carbon is associated to the 
fine fraction of sediment (section 5.2.4) with natural sediments containing 
greater than 0.5% organic C, TBT sorption to mineral phases (as cation-
exchange interactions) is reportedly negligible in comparison to sorption via 
hydrophobic interaction with organic matter (Berg et al., 2001; Burton et al., 
2004).  
Extraction of sediments were undertaken using established methods at the 
University of Portsmouth, which are described in Yamamuro & Kayanne 
(1995). Briefly, sediments were sub-sampled from 1 cm profile sections of core 
8, dried at 50˚C in a drying cabinet and homogenised using a pestle and 
mortar. Sediments (~ 30-40 mg) were weighed into pre-treated (combusted at 
950˚C) ceramic crucibles and wetted with 30-40 µL of Milli-Q water. Samples 
were then placed into a desiccator above 4 x 100 mL beakers of concentrated 
(12 N) HCl and left for 24 h. After, samples were dried at 50 ˚C and weighed 
into tin capsules as triplicates (~ 10 mg). Samples were analysed by CHNS 
using a Thermo Flash 2000 Organic Elemental Analyser, Thermo Scientific, 
Warrington, UK.   
5.2.5. Fine-scale pH and oxygen measurements 
Using core 7 (Table 1.5), fine scale measurements (40-60 µm) at 1 mm 
resolution(s) were undertaken by a Unisense® OX-50 microsensor (for O2) and 
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a Unisense® pH-50 microelectrode (pH) with a pH/redox reference electrode; 
attached to a 4-channel microsensor amplifier and MM33 Micrometer 
manipulator apparatus (all Unisense, Aarhus N, Denmark). Data were logged 
using Unisense® SensorTrace Profile and SensorTrace logger software. For 
calibration, the oxygen sensor was exposed to O2 saturated sea-water (from 
Langstone Harbour) and 0.1 M NaCl sodium ascorbate solution. The pH 
calibration was undertaken by obtaining a calibration curve from pH buffers 4, 
7 and 10 (Fisher Scientific Ltd., Loughborough, UK). As measurements 
required temperature readings of sediment pore water, a Unisense® 
temperature sensor was calibrated in cold (4˚C) and warm (80˚C) water 
against mercury thermometer measurements. Due to the high resolution and 
sensitivity of instrumentation; measurements were restricted to the upper 3 cm 
of the sediment core profile and were used to observe discrete changes of pH 
and O2 near the SWI zone.  
 
 
 
 
 
 
 
 
 
 
Figure 5.1 Unisense OX-50 sensor (left) and pH-50 electrode (middle) 
deployed with a pH reference electrode (right) in sediment core 7 
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 Table 5.1 Sediment cores and analysis 
 
5.2.6. Data analysis 
Statistical analysis was done using SPSS v.22 software and was used to 
determine: 
1) Significant differences between individual DGT profiles for MBT, DBT 
and TBT measurements for J and CDGT.  
2) Any significant correlations of J and CDGT with depth (cm) for MBT, DBT 
and TBT. 
3) The degree of variation (CV) between DGT measurements for MBT, 
DBT and TBT, providing observations of heterogeneity between 
measurements over depth (cm).  
4) Any significant correlations of DGT data with sediment physiochemical 
parameters. 
5.2.6.1. Determination of CDGT (t=0)  
Using the models described in Chapter 4, Section 4.3.5, (equations (2) (3) and 
(4)), theoretical interstitial pore water concentrations of organotins in sediment 
cores (CDGT (t=0)) were calculated using the intercept values obtained from the  
regression models that provided the best fit with DGT data (Chapter 4, section 
Analysis Core 1 Core 2 Core 3 Core 4 Core 5 Core 6 Core 7 Core 8 
Deployment 
time 
1 week 3 weeks - - 
DGT x x x x x x 
 
 
Total 
organotin 
       x 
Particle size        x 
TOC %        x 
Total sulphur        x 
O2       x  
pH       x  
195 
 
4.4.4). Models used the same rate constants (k), lower limits (A) and linear 
terms (C) previously calculated in Chapter 4 section 4.3.5.  
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5.3. Results and discussion 
5.3.1. DGT profiles 
DGT profiles were analysed at 1 cm resolution(s) for 7 and 21 day 
deployments (n = 3), with DGT organotin flux (J) and the theoretical interfacial 
pore water concentration(s) (CDGT) shown in Figures 5.2 and 5.3. Method 
detection limits are shown in Chapter 4, Table 4.2.  
Due to increased mixing from aeration in the overlying water (+1-2 cm), flux 
rates were measured to be higher than those in pore water samples (with 
these values discounted from statistical analysis). After 7 days, the majority of 
measurements for MBT, DBT, DPhT and TPhT were below their respective 
MDLs (Figures 5.2 and 5.3). TBT had the lowest MDL (0.34 ng L-1) with its 
detection was possible after 7 days in core 2 but with intermittent regions 
falling below the MDL for DGT.  From deployments of 7 days, TBT had a 
maximum DGT flux = 8.16 × 10-7 and freely dissolved interfacial pore water 
concentration(s) (CDGT) of 1.2 ng L-1 (Figure 5.2). MBT was not detected in any 
of the DGTs after 7 days and was hypothesised to be from its higher MDL and 
reduced J and CDGT in sediment cores collected during February (section 
5.3.2.5). During 7 day deployments, DBT flux and CDGT were measured at only 
three intervals in the DGT profile (excluding those above the SWI); where, as 
a function of the DGT equation and the shorter deployment times, 
concentrations above DBT MDL were at their overall maximum; with DBT = 
5.2 ng L-1 in core 2 at –9 cm.   
After 21 days, the DGT in core 5 demonstrated the highest overall M for the 
experiment, along with the majority of DGT measurements demonstrating a 
near complete profile. TBT had masses that were in detectable ranges for 
GC/MS across all three cores. DGT J and CDGT for MBT and TBT were highest 
above sediment depths of –7 cm, with core 5 showing a spike in flux and CDGT 
between –2 and –4 cm depth intervals (maxima; J = 2.4 x 10-6, CDGT = 4.7 ng 
L-1). MBT had the highest DGT flux of all analytes at the SWI (maximum = 5.2 
x 10-6) (Figure 5.3) but also had the lowest overall flux and concentration in 
deeper sediments; with its detection limited to core 4 only. When comparing 
DBT DGT data of 7 day and 21 day deployments, it was found that the 
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availability of DBT in pore waters was much lower in comparison to 
concentrations measured in October cores.  DPhT was below the MDL for both 
deployment intervals, indicative of a season specific mobilisation mechanism 
for the disubstituted compounds (section 5.3.2.5). With the exception of core 
5, TPhT profiles were incomplete after 21 days, with core 4 below M DL, 
resultant of the seasonal variability in sediment-pore water exchange 
processes (section 5.3.2.5).  
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Figure 5.2 DGT flux (J) and CDGT of MBT, DBT and TBT in pore water after 7 days (blue) and 21 days (red)  deployment in coastal 
sediment cores, sampled on the 8th February 2016 
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Figure 5.3 DGT flux (J) and CDGT of DPhT and TPhT in pore water after 7 day (blue) and 21 day (red) deployments in coastal 
sediment cores sampled on the 8th February 2016 
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5.3.2. Statistical analysis 
Due to the insufficient number of detectable masses on binding gels after 7 
days, statistical analysis was not done for this time series. DPhT and TPhT 
were also excluded from analyses in sections 5.3.2.1, 5.3.2.2 and 5.3.2.3 as 
the majority of measurements were below their respective MDLs after both 
deployment intervals. Analysis was limited to the butyltin compounds after 21 
day deployments. 
5.3.2.1. One-way ANOVA 
Collectively, flux and CDGT data demonstrated non-homogenous variances 
across all profiles (p < 0.05) (Appendix 5.1), with Games-Howell analysis used 
on data sets. The mean(s) for J and CDGT in each DGT profile depth (cm) 
demonstrated significant differences between measurements; with MBT and 
TBT in core 5 having the highest overall mean(s) for J and CDGT in comparison 
to those measured in core 6 and 7 (p < 0.05). DBT measurements were 
significantly different across all DGT profiles (p < 0.001) resultant from the 
reduced J and CDGT measurements in February cores (section 5.3.2.5).    
5.3.2.2. Correlation analysis of J and CDGT 
Due to the statistical difference in mean(s) for the DGT profiles (section 
5.3.2.1); DGT profiles were analysed separately, with the distribution of data 
analysed for normality and correlation and then subjected to either Pearson’s 
analysis or Spearman’s rank analysis. Data above the SWI was excluded so 
as to reduce the bias from higher J and CDGT measurements above the SWI 
(Figures 5.2-5.5). Scatter plots for correlation analyses are shown in Appendix 
5.1.2. As concentrations were low, missing data in profiles made the 
correlation analysis of profiles difficult, with DBT omitted from cores 4 and 6. 
For DGT profiles in sediment cores 4 and 5, MBT J and CDGT decreased with 
depth (cm) (Pearson’s, r = 0.83-0.85, p < 0.05), with the measurements of the 
largest values nearest to the SWI. Core 6 demonstrated no correlation with 
depth for MBT, with the DGT profile observably more uniform throughout the 
profile (Figure 5.2). Core 5 provided a complete DGT profile for DBT; with a 
reduction in values observed over depth from the SWI (Pearson’s, r = 0.74, p 
= 0.05).  
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TBT exhibited a decrease of J and CDGT with depth (cm) below the SWI, 
although measurements from core 4 were limited to a small number of data 
points (n = 5) with flux demonstrating the only correlation for TBT when using 
Pearson’s analysis (r = 0.79, p < 0.01). Core 5 also demonstrated a decline in 
J and CDGT with depth (Spearman’s r = 0.78 p = 0.01) with data having a non-
normal distribution (resultant of the spike of J and CDGT observed at -2 to –5 
cm depths) (Figure 5.4). Core 6 provided a decrease in concentration over 
depth for J and CDGT (Spearman’s, r = 0.89 p < 0.01), with TBT the only 
compound exhibiting a decline from the SWI in this core.  
5.3.2.3. Degree of variation (CV) of J and CDGT 
The degree of variation was calculated from the means of J and CDGT 
(expressed as σ/mean) and was used to observe vertical profile homogeneity. 
For 21 day deployments, DBT in core 5 had the greatest heterogeneity 
throughout the profile, with measurements of CV = 1.0.  TBT had the lowest 
CV value = 0.38; indicative that the TWA J and CDGT in 21 day measurements 
were the most homogenous of the butyltin compounds.  MBT had intermediate 
CV at 21 days = 0.62-0.76.  
5.3.2.4. DGT CDGT (t=0) for interstitial pore-waters  
Unlike conventional DGT measurements’ that provide a concentration 
measurment that The use of time-series CDGT (t=0) provides a theoretical 
estimate of pore water concentrations, prior to DGT perturbation. The 
determination of CDGT (t=0) operated on the assumption that sediments 
collected during winter months would exhibit the same physical and chemical 
behaviour in cores sampled during October 2015 (Chapter 4, section 4.4); with 
pore water porosity and organotin sediment resupply kinetics assumed the 
same for all DGT sampling regimes. Using regression models in Chapter 4, 
section 4.4.4, organotin CDGT (t=0) was limited to the 21 day deployment 
intervals (Figure 5.4 and 5.5) due to the limited concentrations of organotins 
measured during 7 day deployments (yielding insufficient data to quantify CDGT 
(t=0)). TBT was detected in core 2 (7 days) and was incorporated into CDGT (t=0) 
modelling. Due to the large error in estimates determined from t=21 (section 
4.4.4.6), CDGT (t=0), results for 21 day deployments were confirmed to be 
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unreliable against model parameters for CDGT (t=0) estimation (with values 
plotted in Figures 5.4 and 5.5). Curve fitting of TBT in core 2 from CDGT (t=7) 
provided an estimate of CDGT (t=0) = 3.0 ± 0.1 ng L-1 and was the most reliable 
of organotin estimates in terms of its agreement with the modelled uptake 
found after 7 day deployments (Chapter 4, section 4.4.4.6).  
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Figure 5.4   CDGT (t=0) of butyltins using pore water depletion models in coastal sediment cores (sampled 8th February2016)  
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Figure 5.5   CDGT (t=0) of phenyltins using pore water depletion models in coastal sediment cores (sampled 8th February2016)   
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5.3.2.5. Seasonal comparison of DGT organotin data 
Seasonal changes in the behaviour of organotins have been widely reported, 
with Radke et al., (2012) identifying significant reductions in the concentration 
of butyltin compounds in sediment and the water column between February-
June in the Port of Gdynia, Poland. Seasonal changes have been attributed to 
an increase in the biodegradative and photodegradative processes occurring 
in the aquatic environment, along with higher rates of bioturbation, 
anthropogenic activity and the mineralisation of organic matter during summer 
months (Oliveira & Santelli, 2010; Radke et al., 2012). Seasonal changes in 
temperature and CO2 solubility has also been postulated as a mechanism for 
the increased release of TBT in sediments, with more alkaline conditions in 
summer influencing organotin solubility and desorption processes (Langston 
& Pope, 1995) (section 5.3.6). DGT measurements were in agreement with 
other studies, with organotin flux and CDGT measured to be lower in February 
in comparison to October; with a large proportion of analytes below the MDLs 
for DGT using GC/MS after 7 days of sampling. The most significant difference 
was observed for di-substituted compounds, with the non-detection of DPhT 
in winter DGT samples (in contrast to the high CDGT of DPhT measured during 
October deployments) (Chapter 4, section 4.4.3). A large reduction in DBT J 
and CDGT was also observed in winter deployments, with its detection in DGT 
during winter months near, or below the DGT MDL for 7 and 21 day 
deployments. MBT demonstrated similar J and CDGT to October deployments, 
with its non-detection at 7 days indicative of MBT uptake during the first week 
being slower in February compared to October (indicative of seasonal changes 
in the DGT supply kinetics and having implications for CDGT (t=0) estimations in 
section 4.4.4). As sediment cores were maintained at 20˚C, changes in 
organotin flux were not attributed to variances in temperature, but were 
considered resultant of different biogeochemical processes occurring in 
summer and winter cores. Many marine bacterial strains have an inherent 
capability to degrade toxic organotin compounds (Dubey & Roy, 2003), 
therefore, it can be postulated that a cessation in biodegradation of TBT in 
pore water (TBT to DBT) may account for the lack of labile concentrations 
detected by DGT. Furthermore, it may also be indicative that the half-life of 
DBT is shorter than of those of MBT and TBT.   Further testing with DGT in 
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conjunction with microbiological assays and the isolation of methyltin analytes 
is now required to better understand seasonal biotransformation and 
mobilisation processes.  
5.3.2.6. Total concentrations of organotins in the sediment profile  
Core 8 was cut at 1 cm intervals and analysed for MBT, DBT, TBT and TPhT 
(ng g-1) as triplicates. Certified reference materials SOPH-1 and BCR 646 were 
analysed in conjunction with core samples (n = 3) (Table 5.2). Measured 
concentrations of organotins were in agreement to with those from previous 
investigations at Langstone Harbour (Chapter 4, section 4.4.1), with measured 
concentrations marginally lower than those determined during summer 
sampling (June-September 2014). Concentrations of TBT were the highest for 
all analytes; with samples at depth(s) –2 cm, –8 cm and –9 cm showing a spike 
in concentration (> 2,000 ng g-1).  For DBT, concentrations ranged between 
96-468 ng g-1, whereas MBT was only detectable in –2 cm and –9 cm of the 
profile (corresponding to the TBT spike also measured at this depth). Using 
Pearson’s correlation analysis, total concentrations of DBT and TBT 
demonstrated no significant correlations with depth (cm) (p > 0.05). Correlation 
analysis of MBT with depth was not done due to the lack of detectable 
concentrations in the sediment profile. When comparing total concentration of 
butyltins with DGT J and CDGT measurements, no significant correlations were 
observed between these data and was attributed to the high heterogeneity and 
the large standard deviations found in triplicate measurements (Table 5.2). 
Concentrations of TBT and its degradation products yielded BDI values in the 
range of 0.17-0.52 (Chapter 1, section 1.1.3.1) indicative of poor butyltin 
degradation efficiency throughout the vertical profile of the sediment core, or 
from an increased input of degradation products (DBT, MBT) at the site.  
5.3.2.7. Sediment–water partition coefficient 
Due to the associated error of 21 day CDGT (t=0) data, Kd values were limited to 
TBT CDGT (t=0) using 7 day deployment data.  Total concentrations of TBT in 
sediment could not be directly attributed to each DGT measurement as 
concentrations did not correlate to DGT CDGT, with total concentrations in 
sediment determined from a separate core profile (as DGT core samples had 
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been perturbed by the sampler). Instead, values obtained in the calculation of 
log Kd were used to gain a comparison with those obtained in field samples 
from other studies.  As a wide variety of components influence the adsorption 
and partitioning of TBT; published distribution coefficients (Kd) of TBT onto 
natural sediments can vary by several orders of magnitude, with ranges = 3.4 
x 102 to 1.9 x 106  (log Kd = 2.5–6.3) (Hoch & Schwesig, 2004). Log Kd values 
were in agreement to this range (with TBT log Kd = 5.4 ± 0.3) although, this 
was found to be relatively high in comparison to in more recent studies; with 
Bangkedphol et al., (2009) reporting the log Kd of TBT = 3.3-3.8. Burton et al., 
(2006) suggested that this may be characteristic of measurements taken 
directly from field samples, opposed to short term laboratory equilibration 
experiments on treated sediment,  and may account for Kd values being in the 
higher range with other studies.  
 
Table 5.2 Concentrations of MBT, DBT, TBT and TPhT in sediment 
core 8, Langstone Harbour and in CRM materials 
  Compound (n = 3) 
Depth (cm) MBT DBT TBT TPhT 
-1 28 ± 4 176 ± 24 558 ± 83 57 ± 25 
-2 22 ± 9 468 ± 295   3,831 ± 2,744 157 ± 105 
-3 < 20 145 ± 33 748 ± 96 42 ± 9 
-4 < 20 139 ± 22 490 ± 92 45 ± 17 
-5 < 20 96 ± 10 433 ± 82 39 ± 33 
-6 < 20 163 ± 32 538 ± 5 78 ± 57 
-7 < 20 251 ± 165 532 ± 255 87 ± 23 
-8 < 20 362 ± 292 > 10, 000 97 ± 102 
-9 21± 11 267 ± 142 2200 ± 2,437  91 ± 109 
-10 < 20 306 ± 48 805 ± 481 127 ± 108 
-11 < 20 271 ± 92 687 ± 278 109 ± 104 
-12 < 20 347 ± 41 933 ± 81 29 ± 33 
Average < 20 249 ± 106 1181 ± 2857 80 ± 38 
SOPH-1* 157± 18 166 ± 11 129 ± 7 - 
Certified range* - 174 ± 9 125 ± 7 - 
BCR-646 494± 91 831 ± 29 431 ± 27 22 ± 1 
Certified range 610 ± 120 770 ±  90 480 ± 80 29 ± 11 
* = data reported as ng Sn g-1 
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Figure 5.6 Concentrations of MBT, DBT, TBT and TPhT in sediment core 
from Langstone Harbour (8th February 2016) 
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5.3.3. Particle size analysis 
TBT reportedly has a higher affinity to fine scale particles (< 63 µm) (Buggy & 
Tobin, 2006; Filipkowska, Kowalewska, Pavoni, Ł, & czyński, 2011; Wetzel, 
Winterscheid, et al., 2013), therefore, this parameter was tested to observe 
correlations between particle size and total sediment concentrations and DGT 
J and CDGT. Particle size analysis was undertaken using methods in section 
5.2.4.  
The results of the particle size analysis are summarised in Appendix 5.2. 
Langstone Harbour sediments provided a uniform distribution of particle sizes 
throughout the 12 cm profile. Mud-sized material (< 63 µm) (Burton et al., 
2005) was in the highest proportion for the sediment profile (~ 25 % clay w/w 
and ~ 66 % w/w silt) compared to sand which had a composition of  ≈ 9 % w/w; 
(with the top 2 cm yielding the highest proportions = > 15 % w/w). For DGT 
measurements, no correlation between DGT J/ CDGT and the proportion of clay, 
silt or sand was observed when incorporating all data from all profiles at each 
depth. For total concentrations of organotins, measurements of MBT were 
limited and could not be compared with sediment particle size. Total 
concentrations of DBT and TBT showed no correlation with particle size (p > 
0.05).   
5.3.4. TOC % and total sulphur (S, %) 
5.3.4.1. TOC % 
TOC % was expected to influence measurements in this current study, with 
the finer sediment fractions (< 63 µm) being higher in proportion over sandy 
material within sediments (section 5.3.3). For sediment core 8, TOC % 
demonstrated uniform distribution across profile depths with TOC = 1.44 ± 0.1 
% (Appendix 5); therefore adsorption of organotins in Langstone Harbour 
sediments was expected to be a function of hydrophobic association to natural 
organic matter (NOM). The proportion of TOC % demonstrated no correlation 
with DGT J and CDGT measurements (p > 0.05) or with total concentrations of 
organotin compounds (p > 0.05). Investigation in the analysis of dissolved 
organic carbon % (DOC %) was considered to be more relevant to future 
investigations with DGT.  
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5.3.4.2. Total Sulphur (S, %) 
Briant et al., (2016) postulated that the formation of TBTS (as TBT-sulphide) 
may attribute to the stabilisation of TBT in sediment pore waters. For core 8; 
the concentrations of S (%) increased after 1 cm depths (from 0.81 to 1.25 %) 
in accordance with increasing anoxic conditions determined by oxygen 
penetration measurements in the sediment core profile (section 5.3.5) 
(Appendix 5.3, Figure A5.7). Measurements of organotins using DGT 
demonstrated no significant correlation with S, % (p > 0.05). Total 
concentrations of MBT could not be included in analysis due to the limited 
number of detectable concentrations measured. For total concentrations of 
DBT,TBT and TPhT, no significant correlations with S % were found (p > 0.05).  
5.3.5. Fine-scale pH and oxygen measurements 
DGT J and CDGT correlated with depth with the highest measurements nearer 
to the SWI (section 5.3.2.2). In order to understand conditions in the upper 
portion of the sediment profile, pH and dissolved oxygen (DO) measurements 
were taken at 1 mm resolution(s) in the upper 3 cm of core 7. DO 
measurements allowed for the estimation of the oxic zone in sediments, with 
anoxic conditions occurring at 0.03 cm below the SWI. Biotic degradation in 
this zone may account for increased concentrations of degradation products 
measured in this region. The pH of sediment pore water was found to decrease 
from pH 8.0 (at the SWI) down to pH 6.7 at –18 cm. Under these conditions, 
both TBT and TPhT are above their respective PKa (of 6.25 and 5.20 for TBT 
and TPhT respectively) (Arnold et al., 1997; Burton et al., 2004) with the 
majority of species as hydroxide associated complexes, and the association 
of TBT to carboxylate and phenolate organic ligands also expected to be < 20 
% of total species composition (Arnold et al., 1998). It was postulated that 
within the pore water compartments deeper > - 1 cm, where the pH is < 7.5; 
an increased fraction of TBT will be associated with other ligand groups (e.g 
as associated inorganic and humic ligands) along with a very small proportion 
as non-associated cation species (as shown in Burton et al., (2004) and in 
Chapter 1, Figure 1.3). As a result, the solubility of TBT and TPhT species will 
show discrete variances to those measured at shallower depths, with a 
reduction of TBT Kow measured to increase with pH (Langston & Pope, 1995; 
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Burton et al., 2004; Barbara et al., 2012). From DGT data, it is postulated that 
an increase in organotin mobilisation observed at the SWI was partially 
influenced by the increase of pH at 1-2 cm below the sediment-water 
exchange layer, along with a more sandy composition observed in this region 
(section 5.3.4).  For the other organotin compounds, there is a paucity of data 
on PKa values, however a value of 2.78 has been reported for DBT (The 
Wishhart Research Group, 2016). Considering the conditions in this study, 
DBT would also present a high proportion of hydroxide characterisation with a 
reduction in pH also accounting for its increased mobilisation around the SWI.  
 
 
Figure 5.7 pH and DO (mg L-1) in sediment core 7 from Langstone 
Harbour (sampled 8th February 2016) 
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5.4. Summary 
Sediment cores sampled during February 2016 showed different DGT profiles 
to each other, with measurements of CV having variations from each other. 
When comparing DGT J and CDGT with the cores collected in October 2015 
(Chapter 4), the majority of DGT measurements at 1 cm profile resolutions 
were below the MDL after 7 days for GC/MS. For MBT and TBT, the majority 
of profile measurements were detectable at 21 days. Due to the limited data 
from 7 day deployments, estimates of initial pore water concentrations were 
considered to be inaccurate from the inherent CDGT (t=0) deviation observed 
during extended DGT deployment times (Chapter 4, section 4.5.3). After 21 
days, detection of MBT and TBT was possible, although non-detectable 
concentrations in the DGT profile still occurred within the deeper region(s) of 
the DGT profile. TPhT showed a similar performance, with the CDGT too low for 
their determination at 7 days in conjunction with incomplete DGT profiles 
measured after 21 days. Di-substituted compounds showed the most 
significant difference from the October sediment cores, with the mobilisation 
and detection of DBT and DPhT in pore water negligible (and in high contrast 
to DGT measurements obtained during summer months). Recent work by 
Furdek et al., (2015) suggests that in anoxic sediment pore waters, DBT 
degradation is more rapid than its formation rate and will not accumulate in 
sediment pore waters. Deployments of DGT support this hypothesis, but only 
for cores collected in winter months (with the sampling dates not specified by 
Furdek et al., (2015)).  It was postulated that in Langstone Harbour sediment 
cores, a seasonal and recurrent release (or pulse) of organotins was 
measured from both experiments, indicative of a seasonally mediated 
biogeochemical process occurring (Buggy & Tobin, 2006; Cledón, Theobald, 
Gerwinski, & E. Penchaszadeh, 2006). Briant et al., (2016) reported similar 
results to this study with concentrations of DBT in peeper samplers lower than 
of those obtained during summer deployments. Seasonal releases of 
organotins was postulated to be attributed from:   
1) Increased degradation rates of TBT and TPhT in pore waters during 
summer months, yielding a higher proportion of labile DBT and DPhT 
in pore waters. 
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2) Increased mineralisation and perturbation of sediment during summer; 
providing increased mobilisations of DBT, DPhT TBT and TPhT from 
the sediment-phase (Oliveira & Santelli, 2010; Radke et al., 2012) with 
process (1) occurring concurrently.  
3) Increased degradation of DBT and DPhT to inorganic Sn during winter; 
reducing its accumulation in sediment pore water (although similar 
concentrations of MBT observed in summer profiles are indicative that 
this is likely to not be a major contributor, with MBT a degradation 
product of DBT). 
From this study, the use of DGT provided in-situ measurements of seasonally 
mediated DBT fluxes in coastal sediment cores. Further work using biological 
assays is now required to further investigate the processes forcing DBT 
seasonal variability. Interpretation of the methylation pathways in sediment 
cores would also provide information on the fate of DBT with observations of 
competing methylation interactions (Amouroux et al., 2000).  
When analysing the distribution of butyltins in sediment cores after 21 days, it 
was found that a higher degree of organotin mobilisation in sediment pore 
waters was measured in the upper portion(s) of the core (section 5.3.2.2), with 
the reduction of J and CDGT occurring at depth. This was irrespective of total 
concentrations of organotins, which had no discernible relationship with depth 
(p > 0.05); although total concentrations cannot be attributed directly to pore-
water phase mobility as total concentrations were taken from a separate core 
to the perturbed sediment in DGT core samples (with site sediment 
heterogeneity making direct comparison difficult). DGT data showed no 
correlative relationship between total concentrations in sediment, TOC %, S 
% and particle size, although increased mobilisations of organotins near the 
SWI may be partially influenced by larger sand particles present near the SWI. 
Pore water pH was considered a possible driver in the mobilisation of 
organotins, with pore water pH decreasing with depth in the first – 1.5 cm 
depth(s) (from pH 8.0 to pH 6.7). It was hypothesised that in this zone, discrete 
speciation changes of organotins near the SWI would allow for its increased 
solubility and flux from the sediment to the water column. Additional Kd 
adsorption equilibrium experiments, similar to those described in Bangkedphol 
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et al., (2009) would be used to investigate this, with the control of pH and 
particle size/composition investigated under laboratory conditions 
Work in this study demonstrated a difference in flux between summer and 
winter sediment at Langstone Harbour, indicative of different biodegradation 
mechanisms occurring between seasons. No correlations between the 
physiochemical properties of sediment were observed, although increased flux 
nearer to the SWI were postulated to be from discrere differences in pH in the 
upper 3 cm of the sediment profile. In order to validate differences observed 
during this study,  microbiological assays done in conjunction with DGT 
deployments in Langstone Harbour sediment is required. To account for 
changes and reduced flux in winter cores, more sensitive analytical methods 
to determine organotins in-situ is needed. Due to the likely change in sediment 
kinetics, time series deployments should also be done as a DGT deployment 
strategy, with emphasis on early stage deployments (1-7 days) giving more 
accurate theoretical depletion curves.   
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 Summary and future work 
This thesis describes the development of a DGT technique for organotin 
compounds in sediment pore waters. Work in this thesis was co-sponsored by 
Cefas, who wish to utilise such technology in scientific evaluations of 
contaminated dredged material disposal sites as part of the SLAB 5 
programme; specifically for monitoring open sea capping trial sites, including 
Souter Point, Port of Tyne.  
6.1. Synopsis of Research 
Chapter 1 is a review on the current situation of organotins in the coastal 
environment and the theory regarding behaviour and in the aquatic 
environment, with work published in (Cole et al., 2014; Cole et al., 2015). 
Emphasis of the review is on the development of sensitive, cost effective 
methods to measure organotins at environmentally relevant concentrations in 
various compartments. Work in this chapter also discusses the current 
monitoring and management strategies used for organotins in England and 
Wales. 
6.1.1. Development of analytical techniques 
Organotin analysis had never been undertaken at the University of 
Portsmouth; with principal work focussed on the development of water and 
sediment analysis using GC/MS. For measurements in water, methods were 
developed in association with NRW procedures for TBT, where the 
simultaneous extraction and derivatisation of organotins was done in 250 mL 
volumes of water. Concentrations of TBT in coastal water were below LODs 
for splitless injection (2 µL); therefore the application of PTV-LVI was 
considered as a low cost strategy to improve the preconcentration of 
organotins during analysis and to improve the analytical sensitivity of GC/MS 
for their detection in the field. Injection volumes of 10 µL improved the 
sensitivity of the method but still had an LOQ for TBT near the field 
concentration(s) measured at Langstone Harbour, UK. The development of a 
50 µL injection method was completed in the latter stages of the project, with 
the performance of TBT and TPhT validated against RTC proficiency scheme 
samples. Measurements with PTV-LVI (50 µL) were in agreement to the 
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certified values of the standard. Optimal recoveries of DBT, DPhT, TBT and 
TPhT from unfiltered sea water were also observed (> 83 %), however MBT 
had poor recoveries and reproducibility resulting from the extended vent time 
and faster injection speeds (1 µL s-1). For analysis requiring the quantification 
of MBT, DBT, TBT, DPhT and TPhT, 10 µL PTV-LVI injections were used (and 
applied to all DGT experimentation) with slower injection speeds (0.41 µL s-1) 
used to retain MBT in the GC inlet (Cole et al., 2016).  
Total concentrations of organotins in coastal sediments can occur at several 
orders of magnitude higher than those in sea water; therefore splitless injection 
(2 µL) was used to for the analysis of organotins in sediment. A similar 
approach to Cefas methods were trialled, but with the substitution of NaBH4 
with NaBEt4. Alkaline saponification was unsuitable for ethylation, so 13 M 
methanolic acetic acid was trialled as the extractant using 2 x 15 min 
ultrasonication, with sample aliquots derivatised separately from the sediment 
phase (in 250 mL glass volumetric flasks with 10 mL, 20 % NaOH and 10 mL 
1 M sodium acetate buffer solution).  DBT and TBT recovery and precision (%) 
were in agreement to CRM SOPH-1, with 97 ± 7 % and 96 ± 6% for DBT and 
TBT respectively. Further validation using other certified reference materials 
were done, with TBT having optimum recoveries (104 ± 6 %) from PACS-2. 
Recoveries of MBT were 88 ± 31 % and were in agreement to the semi-
quantitative value attached to the CRM. For DBT, recoveries from PACS-2 
were consistently low for all replicates, but demonstrated a high reproducibility 
(± 4 %).  It was suggested that due to the age and unknown history of the CRM 
(from its use in other projects), DBT degradation may have occurred. To 
incorporate phenyltins into the analytical suite; validation using BCR-646 was 
done. Improvement in the recovery of DBT was observed (93 ± 9 %) with 
recoveries of MBT, TBT and TPhT from BCR-646 also in the certifiable ranges 
of the CRM (with MBT = 81 ± 12 %, TBT = 93 ± 9 %). TPhT recoveries were 
measured to be relatively high but were still in agreement to the BCR-646 
certified range (with a recovery of 117 ± 19 %). DPhT recoveries were 
measured to be low and demonstrated poor reproducibility (51 ± 32 %). It was 
decided that as the performance of key organotins (DBT, TBT) were optimised 
using ‘in-house’ methods, DPhT analysis would be excluded from the total 
sediments analytical suite (limiting total sediment determination to MBT, DBT, 
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TBT, TPhT). The acetic acid constituent in the methanolic acid gave 
interferences with the MS SIM ion group for MPhT. Despite best efforts, 
interferences were not negated and MPhT was excluded from the analytical 
suite for all analysis.  
6.1.2. Development and validation of a DGT binding gels 
Solid-phase extraction of Empore® disks using organotin spiked deionised 
water was investigated as a technique to develop the preconditioning method 
of octyasilyl (C8) and octadecylsilyl (C18) phases and to observe the % 
recoveries of organotins from the sorbent phase. Extraction was achieved 
using 13 M methanolic acid under ultrasonication with derivatisation done in 
glass 100 mL volumetric flasks (with 10 mL, 20 % NaOH and 10 mL 1 M (pH 
4.20 ± 0.1) sodium acetate buffer solution). Recoveries from C8 Empore® disks 
for MBT = 68 ± 35 % DBT = 67 ± 17 %, TBT = 81 ± 6 % and TPhT = 50 ± 14 
%. C18 Empore® disks had recoveries of MBT = 76 ± 24 % DBT = 113 ± 23 %, 
TBT = 118 ± 7 %, TPhT = 96 ± 8 %. 
Production of a novel DGT binding gel containing sorbents was done. Due to 
the long alkane structure of C8 and C18, sorbent phases are very hydrophobic 
and require adaptations of the DGT-BPA 1:1 BPA: H2O (v/v) solution. Ratios 
of 40 % BPA:H2O:MeOH  at 3:1:1 (v/v/v) provided the best mixing of C8 and 
C18 sorbents into the gel solution. A selection of candidate sorbents were 
tested for suitability; with 5 µm spherical sorbent particles of unfeasible for 
mixing into the gel. Bondesil® sorbents of ~ 40 µm (irregular shape) improved 
mixing performance, but were limited by the % C as C8/C18 in the total gel 
matrix (m/v). C8 or C18 > 2 % (m/v) compromised the gel structure and hindered 
the casting efficiency between glass plates. For C18 (2 %, m/v), casting was 
difficult due to the increased hydrophobic interaction between particles, 
whereas 1 % (w/v) loadings demonstrated a non-uniform distribution 
throughout the gel. C18 was excluded as a candidate phase, but was 
incorporated as a mixed-phase gel (C8/C18, as 1 % C8 and 1 % C18 (1:1) w/w) 
alongside 1 % Bondesil® C8 gels.  
When validating the performance of the gels, Bondesil® C8 gels, mixed-phase 
Bondesil® gels and 3M C18 Empore® disks showed no statistical difference in 
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uptake and elution efficiencies (%) for DBT, TBT, DPhT and TPhT, at pH 
ranges (4-9) and ionic strengths (0.01-1.0 M, NaCl) (p > 0.05). MBT 
demonstrated increased reproducibility in recoveries at higher ionic strengths 
and was postulated to be from increased ionic competition with NaCl for 
charged binding sites on the FEP vessel walls. Bondesil® binding gels and 
Empore® disk phases demonstrated no change in performance over ranges in 
concentration for organotins at pH 4.0 (0.5-5.0 µg L-1) (p > 0.05).  
For MBT, poor reproducibility was measured for the Bondesil® C8 gel under 
variables of pH (notably at the pH ranges of 4-6). Mixed-phase gels had 
improved recoveries for MBT over tested pH ranges, but suffered interferences 
in filtered sea water (with the mass balance of MBT unobtainable). Mixed-
phase gels were therefore excluded from further testing, with the Bondesil® C8 
gel selected as the primary DGT binding gel.  
The elution efficiencies for the Bondesil® C8 binding gel were; MBT = 105 ± 41 
%, DBT = 74 ± 26 %, TBT = 104 ± 22 %, DPhT = 67 ± 26 % and TPhT = 66 ± 
10 %, with values able to be rounded, as determined from one-way ANOVA 
tests.   
6.1.3. Organotin DGT measurements 
To measure freely dissolved concentrations of analytes in sediment pore water 
(CDGT), diffusion coefficients (D, cm2 s-1) of analytes across the diffusive layer 
is required. Calibration tanks were trialled for this work, with optimal conditions 
achieved using a nominal concentration of 50 µg L-1 in a 20 L glass tank in a  
non-flow through system (with analyte D determined at pH 8.0 at 0.7 M NaCl, 
at 20˚C). DGT uptake was measured during 96 h with linear uptake observed 
in during 72 h of sampling. All analytes had a departure from linearity at the 96 
h. Two explanations were considered; (1) the capacity of the binding gel had 
been reached, with the decrease in mass caused by binding site competition 
with other analytes (e.g. MPhT, which was not included in the DGT analyte 
suite) (2) the anisotropic adsorption of organotins to the C8 phase, where the 
concentration gradient between the binding gel and the water in the tank had 
diminished, causing the partial offloading of butyltins back into solution.  DBT 
had reduced D in comparison to MBT and TBT and was hypothesised to be a 
219 
 
function of the anisotropic properties of organotins and their affinities to the C8 
phase; with TBT’s increased affinity to C8 providing a larger concentration 
gradient between the binding gel and the tank solution. Conversely, the more 
polar properties of MBT allowed for a higher rate of diffusion through the MCE 
membrane in comparison to DBT, where diffusion was less influenced by 
hydrophobic potential, in conjunction with decreased polarity compared to 
MBT.  
Prior to DGT deployments in sediments, a survey of three coastal locations 
around Portsmouth, UK were done to ascertain which site would yield the 
highest range and concentration of organotins. Total concentrations of 
organotins in sediment were highest at Langstone Harbour, with 
concentrations ranged between 270-2,945 ng g-1.  
Concentrations in Portsmouth were comparable with other studies; with 
sediments in Southampton Water yielding concentrations of TBT = 65-1,200 
ng g-1 (Langston et al., 2015). Concentrations of MBT, DBT and TPhT were in 
relative agreement to other studies (shown in Chapter 1, section 1.1.6). DPhT 
was not detected in any of the samples and was considered to be from its poor 
analytical performance rather than its reduced presence in the environment. 
Sediments in Langstone Harbour contrasted those from Farlington Marshes, 
where a maximum concentration of TBT = 43 ng g-1 was measured, along with 
higher BDI values calculated for the samples. Portsmouth Hard Interchange 
demonstrated intermediate concentrations of the three sites, with TBT ranged 
between 27-2,189 ng g-1, although only one sample yielded a concentration > 
1000 ng g-1 with the average concentration of TBT = 310 ng g-1 considered to 
be more representative of the site.   
DGT deployments in sediment cores (collected in October 2015 from 
Langstone Harbour) were done at intervals of 2, 7, 14, 21 and 28 days in a 
controlled environment (in the dark at 20˚C). The mass of organotins (M, ng) 
on the DGT binding gel increased during 0-3 week deployments, however 
demonstrated no further increase from week 3 to 4. Conversely, J and CDGT 
decreased over time, with the mean flux rate = MBT > DPhT >DBT >TPhT > 
TBT). The overall reduction in J and CDGT with time was indicative that a limited 
supply of organotins was available at the DGT sampler interface and that a 
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non-sustained uptake scenario was occurring. Standard deviations between 
vertical profile measurements decreased in latter DGT deployments (21 and 
28 days), with 2 and 7 day profiles  having increased resolution over 1 cm 
depth(s). This difference was a function of the DGT TWA, where the 
‘smoothing’ of profiles resulted from the increased deployment times; yielding 
mean deployment times with lower standard deviations (or more homogenous 
variances). By week 4, it was hypothesised that the DGT sampler had reached 
a non-sustained maximum and that a negligible resupply of analytes to the 
sampler was occurring with a significant reduction in organotin mass (M, ng) 
measured on the binding gel in comparison with 21 day deployments. It was 
postulated that other organic constituents present in sediment (such as NOM) 
would be simultaneously adsorbed on to the binding gel during uptake and 
would subsequently compete for adsorption sites on the sorbent phase. 
Because of this, a significant reduction in organotin mass was measured (M, 
ng) at 28 days with the saturation of binding gel. It is hypothesised that the 
Bondesil® C8 binding gels are subject to the same kinetics as the Empore® 
disks with offloading from the phase considered to be occurring during this 
time.  
An overall ‘step’ increase for MBT and TBT was measured at 0-8 cm depths. 
DBT had more erratic variations in flux throughout the profile, with no 
discernible trend seen in the upper 0-8 cm of the sediment profile (with DBT 
flux increasing at depths > 8 cm for week 2 deployment interval). Phenyltin 
compounds had a more consistent flux throughout the sediment profile, but 
yielded ‘hot spots’ in the week 4 DGT profile. Results were indicative that 
increased mobility of MBT and TBT was occurring near the SWI in Langstone 
Harbour sediments in October.  
6.1.3.1. Initial sediment pore water concentrations using DGT 
The use of time weighted regression curves were investigated as a new 
approach to estimate sediment pore water concentrations prior, to DGT 
uptake. Curves were plotted by calculating the mean CDGT from each profile 
and calculating the depletion rate(s) of pore waters from DGT perturbation. 
From this, theoretical concentrations in pore water at t=0 (CDGT (t=0)) were 
obtained. Observational data were subjected to different regression analyses 
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to determine which regression term would provide the optimum fit with CDGT. 
The fitting of curves was limited to 5 time points (t), with estimations of CDGT 
(t=0) in preliminary DGT experiments subjective. None the less, depletion 
curves provided an indication of the performance of the DGT and the optimal 
deployment times required for DGT organotin profiling in October cores (~ 7 
days). MBT and DPhT demonstrated an exponential decline with a linear term, 
indicative of two uptake regimens occurring, as a function of the anisotropic 
adsorption properties of organotins through the MCE membrane (as described 
in section 4.4.2). It was hypothesised that during earlier stage deployments (2-
7 days) a proportion of the analytes were diffused via linear uptake, where the 
increased availability and short-term replenishment of dissolved MBT and 
DPhT at the DGT sampler interface was occurring (as a function of its lower 
Kow) An exponential decline measured during latter stage deployments (14-
28) and was postulated to be from the depletion of analytes in pore water(s). 
This would support measurements of TBT, where due to its reduced flux and 
low concentration in comparison to MBT and DPhT, a slow but replenished 
supply of analyte to the DGT sampler occurred for the duration of sampling (2-
28 days) with linear depletion measured only. Both DBT and TPhT had an 
exponential decline only and was a function of their mean flux being lower than 
those of MBT and DPhT (with dissolved fractions having a lower depletion 
rate), but greater than that for TBT (providing a separate uptake regime).  
For October sediments, CDGT (t=0) for MBT = 20.7 ng L-1 DBT = 35.6 ng L-1, TBT 
= 3.5 ng L-1, DPhT = 40.6 ng L-1 and TPhT = 11.7 ng L-1 and were in agreement 
to published concentrations in coastal sediment pore water (Chapter 1, Table 
1.4). 
Further work on understanding the drivers of DGT uptake kinetics is now 
required. 
6.1.4. Environmental parameters influencing organotin DGT 
measurements 
Following October 2015 DGT deployments, sediment cores from Langstone 
Harbour were sampled during February 2016 and were subject to triplicate 
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DGT measurements at intervals of 7 and 21 days only. Additional 
physiochemical tests were done using separate core samples. 
6.1.4.1. Seasonal variability 
Reduced flux and CDGT were measured in February 2016 cores. After 7 days, 
the majority of DGT measurements were below the MDL for DGT using 
GC/MS, with TBT being the only analyte showing a near-complete profile (core 
5). After 21 days, the mass of MBT and TBT were at detectable quantities; 
although non-detectable masses still occurred at deeper resolutions of the 
DGT profile. TPhT had a similar performance to MBT, with CDGT below the 
MDL for its detection at 7 days, in conjunction with incomplete DGT profiles 
measured at 21 days. Di-substituted compounds were in greatest contrast to 
data in October DGT experiments, with negligible mobilisation and detection 
of DBT and DPhT observed. As deployment conditions were the same for both 
October and February deployments, it was determined that DGT provided an 
in-situ comparison of seasonally mediated DBT and DPhT fluxes in coastal 
sediment cores. The seasonal differences in di-substituted organotin 
mobilisation was speculated to be from 1) increased degradation rates of TBT 
and TPhT in pore waters during summer months (yielding a higher proportion 
of labile DBT and DPhT in pore waters) and 2) increased mineralisation, 
bioperturbation of sediment during summer (causing increased mobilisations 
of organotins in October cores). Further experimentation is required to test this 
hypothesis and would need to include biological assays to determine what 
biotransformation processes are occurring over season.  
It was concluded that seasonal variations in organotin flux and behaviour had 
now been identified from in-situ DGT deployments, with further work 
investigating drivers of organotin flux using DGT and biological assays and 
deployments over different months. 
6.1.4.2. Sediment physiochemical parameters 
A separate core was cut at 1 cm intervals and analysed for MBT, DBT, TBT 
and TPhT (ng g-1) as triplicates. Correlation analysis of MBT with depth was 
not done due to the lack of detectable concentrations in the sediment profile. 
Total concentrations of DBT and TBT demonstrated no significant correlations 
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with depth (cm) (p > 0.05). When comparing total concentrations of DBT, TBT 
and TPhT with DGT J and CDGT, no significant correlations were observed 
between data. Log Kd for TBT (from 7 day DGT data CDGT (t=0) = 3.0 ng L-1) and 
was comparable to those reported in the literature (with TBT log Kd in this study 
= 5.4).   
When comparing organotin DGT data and total sediment concentration data 
with particle size, no correlation between measurements was observed (p > 
0.05), although a higher proportion of sand was measured in the top 2 cm of 
the profile (with particle size > 63 µm potentially contributing to a greater 
organotin DGT flux near the SWI).   
TOC % was expected to influence measurements, with the finer sediment 
fractions (< 63 µm) in higher proportions over sandy material in sediments; 
although no correlation between these parameters was observed. TOC % was 
uniformly distributed throughout the sediment profile, with the proportion of 
TOC % having no correlation in measurements with DGT J and CDGT 
measurements (p > 0.05) or with total concentrations of organotin compounds 
(p > 0.05). Similarly, measurements of organotins using DGT demonstrated 
no significant correlation with S, % (p > 0.05). For total concentrations of DBT, 
TBT and TPhT, no significant correlations with S % were found (p > 0.05) and 
was likely a function of sediment heterogeneity.  
Pore water DO and pH was hypothesised to be a driver in the mobilisation of 
organotins, with pore water pH decreasing with depth, notably in the first – 1.5 
cm depth(s) (from pH 8.0 to pH 6.7). It was speculated that discrete changes 
in organotin-ligand association would occur with changes of pH, increasing the 
mobility and solubility of organotins nearer the SWI (from reduced Kow of 
hydroxide associated species). Higher DO would therefore yield increased 
degradation rates under oxic conditions and was thought to be another driver 
of flux near the SWI. Further work using DGT is now required to specify these 
geochemical parameters in their control of organotin flux. Crucially, 
investigation of pore water concentrations of metals, DOC (as humic acid 
species) redox and pH are required to elucidate which factors are drivers in 
the diffusion and leaching of these compounds from the soli-phase into the 
dissolved phase. 
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6.2. Organotin DGT as a monitoring and research tool 
Cefas currently use total sediment concentrations of MBT, DBT and TBT for 
organotin risk assessment(s) at dredged material disposal sites and require 
information on the mobilisation of organotins in sediment at the SWI. 
Investigations of organotins in the pore water phase require 1) the isolation of 
sample from sediment ex-situ, or 2) the use of expensive equipment to 
measure freely dissolved concentrations in-situ (Briant et al., 2016). DGT 
allows for the in-situ preconcentration of analytes from pore waters and 
negates many of the issues associated with its extraction and analysis. As 
organotins are accumulated in a C8 binding gel, concentrated masses of the 
analyte allow for its detection at environmentally relevant concentrations using 
conventional laboratory extraction and measurement (GC/MS).  
6.2.1. Organotin DGT as a monitoring tool 
The organotin DGT sampler has the potential to be used as a Cefas monitoring 
tool by providing the following: 
1) The organotin DGT provides 1 cm resolution(s) in sediment pore waters 
as DGT flux and CDGT, typically at depths of ~ 7-14 cm below the SWI. 
Measurements can be obtained over 2-7 days and will be dependent 
on the severity of contamination. These measurements are unique and 
not easily achieved via other technologies and will allow for the direct 
observation of MBT, DBT, TBT, DPhT and TPhT mobilisation in 
sediment.  
2)  The DGT is relatively low cost and negates the use of highly sensitive 
and specialised equipment. Cefas use a GC-PFPD for the routine 
analysis of organotins and would have even greater sensitivity in 
comparison to GC/MS.   
3) The sample extraction method is relatively simple, with protocols similar 
to conventional extraction procedure(s) for organotins in sediment. The 
method can be done in large batches and allows for the simultaneous 
processing and analysis of samples.    
4) DGT reduces contamination risk and the losses of analyte during 
extraction which can occur from conventional extraction methods.  
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5) Using the time series sampling regime described in this thesis; 
deployment in sediment cores would allow for estimation of sediment 
pore water concentrations as CDGT (t=0) and would allow for comparisons 
against international directives and Quality Guideline Values, as well as 
potentially acting as a proxy for Cbiota measurements.    
6) DGT can be incorporated with other technologies and be used in 
conjunction with other measurements, notably, with sediment profile 
imaging (SPI) (Teal et al., 2009).   
7) Using short term deployments and GC-ICP-MS (also at Cefas) MDLs 
will be below the EU WFD limit of 0.2 ng L-1 for surface waters, along 
with increased resolutions gained from reduced TWA measurements  
(Chapter 1, Table 1.7).  
6.2.2. Organotin DGT as a research tool 
The DGT has the potential to provide the following applications in research: 
1) The DGT binding gel can be cut at resolutions < 1 cm; with DGT 
measurements of metals by ICP-MS undertaken at 1 mm resolutions 
(Fones, Davison, & Hamilton-Taylor, 2004). A similar approach could 
be applied to the Bondesil® C8 binding gels to obtain fine-scale 
resolution of organotins in marine sediment using GC-ICP-MS.  
2) The organotin DGT has the potential to be used as a biological 
surrogate in toxicology studies, with deployment(s) in mesocosms 
spiked at known concentrations (ng g-1). DGT measurements would 
therefore assist the OSPAR Co-ordinated Environmental Monitoring 
Programme (CEMP) and allow for more accurate quantification in 
comparison to biological indices. 
3) The sampler developed in this study would easily be incorporated as a 
DGT water column sampler and should theoretically be able to achieve 
concentrations mandated by international directives and Quality 
Guideline Values (Chapter 1, Table 1.9).  
4) Improvements to the analytical method can incorporate the use of 
isotope dilution standardisation, reducing LODs in mass spectral 
assays. 
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5) The Bondesil C8 gel is currently used for butyl- and phenyl-tin 
adsorption. These phases are used for a wide range of analytes in SPE.  
Further work would include measurements of methyl tin analytes; with 
either C8 or C2 investigated as a binding gel sorbent. Work would 
require a review and adaptation of methods in this thesis to include the 
more volatile organotins. The determination of other non-polar analytes 
may also be achieved; with research focussing on 
dichlorodiphenyltrichloroethane (DDTs), PAHs, polybrominated 
diphenyl ethers (PBDEs) polychlorinated biphenyls (PCBs) and dioxins 
(Taylor, Waddell, Reiner, & MacPherson, 1995).  
6.3. Limitations and Future work 
A number of key limitations were identified, with work required to address 
them.  
6.3.1. Measurements of MPhT  
To the best of knowledge, other organotin analytical procedures do not 
describe difficulties in the determination of MPhT when using extractant 
reagents. For its quantification, the use of an alternative reagent from 13 M 
methanolic acid or the use of an alternative detector is required. As MPhT was 
low in the priority of analytes in the suite, it was excluded from this project. 
More time to investigate and incorporate this compound is now required.  
6.3.2. DPhT in total sediment concentrations 
Poor performance of DPhT in total sediment analysis was found, with its non-
detection in field samples. Further work would involve the incorporation of 
complexation reagents (e.g. tropolone) to try and improve the recoveries of 
this analyte. MBT was also low in field sample sediment and it is suggested 
that this may also be a factor in its reduced detection in field samples, where 
other interferences may be occurring (although this is speculative and would 
need to be verified).  
Testing the recoveries from spiked sediment samples from the field would 
identify weaknesses in the sediment analytical method.  
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6.3.3. DGT diffusion coefficients  
Organotin diffusion coefficients were determined at pH 8.0, 0.7 M NaCl at 
20˚C. Due to difficulties arising from calibration tank experiments, time 
constraints meant that this was the only measurement done. Under these 
conditions, TBT and TPhT was expected to be (for the majority) hydroxide 
associated (Burton et al., 2004) with measurements of D relevant to coastal 
deployments. To broaden the application of the DGT device in estuarine and 
freshwater conditions, determinations of D at pH ranges 4 and 7 and at 0.01 
M and 0.1 M need to be done to account for changes in deployment conditions.  
6.3.4. Validation of CDGT 
At this stage, validation of DGT CDGT against measurements using centrifuged 
extracts is required. Due to the limitations of time and the sensitivity of the 
GC/MS; this was not done and is now a priority of research.  
6.3.5. Reproducibility of Bondesil® C8 binding gel 
In filtered sea water (pH 8.0); the recoveries and reproducibility of organotins 
from the binding gel was measured as MBT = 120 ± 20 %, DBT = 75 ± 12 %, 
TBT = 81 ± 16 %, DPhT = 72 ± 30 % and TPhT = 58 ± 10 %. Reproducibility 
of metals in Chelex-100 (Zhang & Davison, 1995) and for antibiotics using o-
DGT with a XAD-18 resin (Chen et al., 2012) are higher than those for 
organotins using a Bondesil® C8 binding gel. This was attributed to the different 
adsorption mechanisms associated with these phases, where for the organotin 
DGT, hydrophobic adsorption and electrostatic interaction dominated.  
6.3.6. Early stage determination of CDGT (t=0)  
Regression analysis of CDGT with deployment time was limited to five data 
points, with greater disagreements from the fixed term model(s) observed in 
longer deployment times (14-28 days). For summer deployments at Langstone 
Harbour, measurements after 2 days were measured to be near DGT MDLs 
using GC/MS, with their detection in winter cores likely to be negligible at this 
time. As CDGT (t=0) regression analysis requires measurements from earlier 
deployments, more sensitive analytical equipment (e.g. GC-ICP-MS) is 
required to continue this work.  
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Methods described in this thesis introduce a new theoretical approach for DGT 
sediment sampling, but is now subject to validation and improvements in 
regression modelling (from increased early stage deployment data).  
6.3.7. Field deployments of DGT  
DGT measurements were done using sediment core extractions. Whilst 
extensively used for organotin partitioning experiments (Berg et al., 2001) and 
other DGT mobilisation studies (Fones et al., 2001), ex-situ sediment cores 
would not provide the accuracy obtained from in-situ field measurements (e.g. 
dredged material disposal sites).  
Crucially, temperature would be the overriding difference in these 
measurements, where for colder, field deployments, the sensitivities of GC-
ICP-MS would likely be required to compensate for the reduced flux 
encountered in field deployed DGT. 
Further work to observe the behaviour of DGT under lab and field deployment 
variables is now required.   
6.3.8. Contributions to knowledge 
Contributions to knowledge include: 
1) The development of a GC/MS technique for the large volume injection 
(50 µL) of DBT, TBT, DPhT and TPhT and a 10 µL LVI for MBT, DBT, 
TBT, DPhT and TPhT (Cole et al., 2016). 
2) A method for the incorporation of hydrophobic phases into a DGT 
binding gel; providing scope for the determination of non-polar analytes 
by DGT.  
3) Organotins had never been sampled by DGT. This thesis serves as a 
proof of concept in its application and provides scope for its optimisation 
and improvement.  The methods described in Chapter 3 and 4 are 
relatively simple and of low cost, making them accessible to 
organisations undertaking organotin measurements in sediment.  
4) An in-situ measurement of seasonally induced organotin release was 
done; reinforcing previous work by other authors describing changes in 
organotin concentration and mobilisation potential at different times of 
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the year. It is anticipated that research using DGT deployment in 
seasonal core samples would provide further understanding of 
organotin mobilisation fluxes in surface sediments during an annual 
cycle.  
5) A new approach for estimating mean pore water concentrations is 
presented in this thesis. Further work to validate this is now required 
using sediment pore water extractions and more sensitive analytical 
instrumentation. It is postulated that this will be of benefit to users of 
DGT studies and may have application with other classes of analyte. 
The regression of pore water depletion provides quantitative estimates 
for use against international directive compliances and quality guideline 
standards.  
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Abstract 
Organotin compounds are toxic and have long-term persistence in the 
environment. Consequently very low environmental quality standards are set 
internationally for TBT, the major of substance of concern in water. The 
fulfilment of these regulatory demands has necessitated the development of 
highly sensitive and selective analytical techniques for the measurement of 
these compounds. These developments have been coupled with novel 
extraction and pre-concentration methods that have the potential to be used 
with automated on-line procedures. Quantification using isotopically enriched 
tin standards in mass spectrometric-based techniques have allowed for 
improvements in robustness and precision of analytical methods. In parallel to 
these laboratory techniques, there have also been enhancements in 
monitoring methods, particularly the use of passive samplers. This review 
gives an overview of organotin compounds in the aquatic environment and 
current trends for their analysis and monitoring within the context of meeting 
the statutory regulatory environmental standards for tributyltin.  
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Introduction 
The use of organotin compounds as a marine antifoulant is banned under the 
International Convention on the Control of Harmful Anti-fouling Systems on 
Ships (AFS Convention Annex 1, 2001). This is due to the high toxicity (effects 
in the aquatic environment seen at < 1 ng L-1) of tri-substituted organotins 
(R3SnX), primarily tributyltin (TBT). Such effects are well documented, for 
example, thickening of oyster shells and imposex in gastropods [1-4]. 
Organotin compounds have teratogenic properties and can cause disruptions 
to the reproductive function in mammals, as well as acting as endocrine 
disruptors, hepatoxins, immunotoxins, neurotoxins and obeseogens [5-7]. 
Recent studies have shown a significant reduction in pollution by TBT along 
coastlines, as well as the biological recovery of many marine species [8]. 
Despite the observed improvements from reduced concentrations of organotin 
compounds; sediment legacy of TBT is still associated with shipping facilities, 
i.e. ports, docks and maintenance facilities, offshore shipping routes and 
anchorages. The half-life of TBT within aquatic compartments is somewhat 
ambiguous and is largely dependent on the composition of the surrounding 
water and the associated benthic deposits (with anoxic marine sediment 
demonstrating greatest half-lives of > 10 years) [8]. Organotins are lipid 
soluble and adsorb easily into the fatty tissues of marine biota. As these 
compounds can move through trophic levels and pose a risk to commercial 
fish stocks, low regulatory limits are set for these chemicals (Table 1). In the 
European Union, there is currently no agreed Environmental Quality Standard 
(EQS) for TBT in sediments; however, the Water Framework Directive (WFD, 
2000/60/EC, 2008/105/EC) sets the EQS for TBT in unfiltered water as 0.2 ng 
L-1 (allowable annual average) and 1.5 ng L-1 (maximum allowable 
concentration). In order to attain these concentrations, the limit of detection 
(LOD) for TBT by compliant laboratories is 50 pg L-1 (under 2009/90/EC in 
Technical Specifications for Chemical Analysis and Monitoring of Water 
Status). Such low regulatory limits are generally considered unfeasible for 
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routine sampling and analysis; with only a small number of publications 
reporting LODs at this concentration [9,10]. Currently, trends in the analysis of 
organotins are focussed on the development of routine, highly sensitive 
speciation and detection methods, as well as associated enhancements in 
monitoring techniques that are capable of meeting the requirements of these 
international directives.  
This paper provides a brief summary of the sources and behaviour of 
organotins within the aquatic environment, followed by a review of the current 
analytical methods used for their laboratory analysis and monitoring.  
2. Organotins in the environment 
2.1 Uses, entry and fate of organotins 
The biogeochemical cycle of organotins within the aquatic environment is 
shown in Figure 1. Discounting the biochemical methylation of tin; organotins 
are not synthesised via natural processes. In terms of their use, organotins are 
the most heavily used organometallic compound in the world, with global 
consumption reported in the ranges of 40–80,000 t a year; notably through 
their use as PVC plastic stabilisers (dibutyltin – DBT), chemical catalysts and 
as precursors in glass coating (monobutyltin – MBT) [18]. Tri-substituted 
organotin compounds are used within textiles and in other household 
commodities as anti-fungal agents. The European Commission Decision 
2009/425/EC of 4th June 2009 has restricted the use of DBT, dioctyltin (DOT) 
and tri-substituted organotin compounds in products exceeding 0.1 % (by 
weight of tin). The use of triphenyltin (TPhT) as an agricultural pesticide has 
also been subject to restrictions (following EU Commission Decisions 
2002/478/EC and 2002/479/EC) [19]. ‘Non-historical’ modes of entry of 
organotins to the environment are by either direct introduction or the 
contamination of municipal waste water. In terms of studies focussed on ‘non-
historical’ emissions, methyltin and butyltin compounds within landfill 
leachates and sewage sludge have received most attention (Table 2) (Figure 
1, process (1)). ‘Historical’ or legacy TBT is still the major contributor to 
pollution in the aquatic environment; being sourced from anti-fouling paints 
and preservatives (Figure 1, process (2)). TPhT is also linked with its use as 
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a co-toxicant in antifouling paints. TBT associates with finer sediment fractions 
(< 63 µm) [20], with its degradation attributable mainly to biochemical 
interactions with algae, bacteria, and fungi (Figure 1, process (3)) [21], 
occurring step-wise by loss of the organic moiety (e.g. TBT → DBT → MBT → 
Sn(IV)).  
Within the water column, the highest concentrations of organotins are found 
at the surface microlayer [29], where abiotic influences (UV degradation) also 
play a degradative role (Figure 1, process (4)). Adsorption of organotins to the 
solid-phase is a reversible process, with desorption occurring by the hydrolysis 
of electrostatic bonds between the organotin cation compound and the solid-
phase sediment/particulate bound ligands found on the organic material 
surface [30] (Figure 1, process (5)). Natural derivatisation of the organotin 
cation under anoxic conditions is an important fate process; with biological and 
chemical addition of hydride and methyl groups to the tin atom allowing for 
more mobile organotin species [31] (Figure 1, process (6)). Methylated 
organotins have a lower affinity for the sediment phase in comparison to non-
methylated species; therefore, these have a higher propensity to desorb to the 
water column and volatilise into the atmosphere [31] (Figure 1, process (7)).  
3. Analysis of organotin compounds 
Table 3 shows a summary of the main analytical methods reported since 2004 
for the analysis of organotin compounds. LOD values have been converted to 
the same units (ng g-1 and ng L-1 as organotin cation) for comparative 
purposes.  
Most methods are multi-step, and for gas chromatographic (GC) applications, 
involve a derivatisation stage (section 3.2). Because of this, recent trends have 
focussed on eliminating potential sources of error, reducing the number of 
procedural steps and the manual handling involved with samples. For 
example, more recent methods use on-line techniques that promote high pre-
concentration factors; including solid-phase microextraction (SPME), solid-
phase extraction (SPE) or stir-bar sorptive extraction (SBSE). For accurate 
internal quantification, isotope dilution (ID) is preferred due to its easy 
incorporation and its applicability to biotic, sediment and water matrices 
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(section 3.5). Modern methods used for the analysis of organotins in biota, 
sediment and water have LODs at the ng g-1 or ng L-1 range, with only a few 
reports at sub ng L-1 concentrations.  
Amongst the methods reported in Table 3, validation is commonly undertaken 
using commercially available certified reference materials (CRMs). These 
include: PACS-2 from the National Research Council Canada for butyltins in 
marine sediment; BCR-646 from the European Commission Joint Research 
Centre for organotins (MBT, DBT, TBT, monophenyltin - MPhT, diphenyltin - 
DPhT, TPhT) in fresh water sediment, ERM‐CE 477 for butyltins (MBT, DBT, 
TBT) in mussels from the Institute for Reference Materials and Measurements 
(IRMM) and NIES No. 11 from The National Institute for Environmental Studies 
(NIES) for TBT and TPhT (non-certified) in fish tissue.  
3.1 Extraction of organotins 
3.1.1 Reagents 
Extraction of organotins is complicated by the dualistic binding mechanism 
associated with hydrophobic partitioning and the possession of counter ions 
and associated bound ligands [32]. From the studies presented in Table 3, 
extraction can be broadly categorised under: 1) co-solvent (leaching with a 
medium-polar solvent and weak acid (e.g. methanol:acetic acid)), 2) leaching 
under acidic conditions exclusively (often acetic acid or HCl only) [33,34]. Due 
to their lipophilic nature, TBT and TPhT require extractions using medium-to-
low polarity solvents (e.g. dichloromethane, n-hexane, pentane, or 
tetrahydrofuran). For less organically substituted compounds, such as MBT, 
the influence of electrostatic binding is more typical of a trace metal [34], so 
extraction is often undertaken with an acidic constituent (acetic acid, HCl) 
followed by the extraction into a non-polar solvent [9] (e.g. dichloromethane, 
n-hexane, toluene). Complexing agents (commonly carbamates or tropolone) 
can be added to the organic solvent to increase the extraction yields for more 
polar, lesser substituted compounds [32] (e.g. MBT); although these cannot 
be applied in low pH conditions [33]. Alkaline digestion with hydroxide 
solutions, or by the addition of enzymes, can be used for the decomposition 
and extraction of organotin within biological materials [32].   
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3.1.2 Techniques  
The extraction methods used for organotins have undergone a significant 
evolution from the conventional liquid-liquid extraction (LLE), Soxhlet and 
solid-liquid extraction (SLE) procedures; where extraction can be time 
consuming, expensive and use high volumes of toxic solvents. Microwave 
assisted extraction (MAE) and accelerated sample extraction (ASE) (also 
known as pressurised liquid extraction) are more prevalent methods, providing 
benefits of autonomous rapid extraction times, high sample throughput and 
often reduced solvent consumption [35]. SPE is used widely owing to its 
general availability, often yielding a higher pre-concentration factor relative to 
the other conventional techniques [36]. Octadecylsilyl (C18) (either as 
cartridges, columns or bound disks) is the most commonly used sorbent (Table 
3). Other sorbents such as Carbopack, C2, C8, C60-fullerenes and cation-
exchange phases are used to a lesser extent [32, 36-38]. On-line SPE coupled 
to LC is an attractive option, offering benefits in the reduction of analysis time, 
labour costs and a reduction in matrix effects. LODs of 20 ng L-1 in water (3.0 
mL sample) using a C18 pre-column and LC-MS have been reported [38]. Off-
line SPE applications have also received attention. Methods include the in-situ 
extraction of organotins from water samples using dispersive molecularly 
imprinted polymers (MIPs), with isolation of TBT from water samples achieved 
using Fe3O4 and molecularly imprinted templates [39,40]. SPME and liquid-
phase microextraction (LPME) have received much interest [41], owing to their 
sensitivity, the reduction/elimination of harmful solvents and incorporation of 
simultaneous in-situ on-line extraction and derivatisation. SPME can be used 
either with direct immersion (DI-SPME) or headspace sampling (HS-SPME), 
typically using polydimethylsiloxane (PDMS) as the pre-concentration phase 
(although alternative phases are emerging [42]). pH, temperature and 
stirring/agitation of the extractant need to be optimised for efficient adsorption 
of organotins on to the SPME fibre; which with investment into auto-sampling 
equipment, can be undertaken autonomously (with on-line extraction, 
derivatisation and desorption of analytes into the GC injector). For LC, a 
special desorption chamber is required to allow mobile phase access to the 
SPME fibre [43]. SPME can suffer from sample matrix interferences (reduced 
using HS-SPME), increased sample carry over as well as significant costs 
263 
 
associated with PDMS fibres. Despite these relative disadvantages, low LODs 
(0.025 ng L-1 for TBT) have been reported [6]. LPME is an adaption of liquid-
liquid extraction (LLE) and is receiving attention owing to benefits in solvent 
reduction and the subsequent high pre-concentration factors from a decreased 
volumetric ratio of the solvent acceptor-donor phase [41]. LPME can achieve 
high sample throughputs with rapid extraction times, as well as increased 
selectivity using either a single solvent (α, α, α-trifluorotoluene) [44] or a 
mixture of solvents (e.g. methanol/tetrachloromethane) [45]. Analysis of the 
resultant extracted organotins is by conventional GC injection. The most 
recent LPME procedures used with organotins include dispersive liquid-liquid 
microextraction (DLLME) [46], headspace-single drop micro-extraction (HS-
SDME) [47] and direct immersion-single drop microextraction (DI-SDME) [44]; 
with LODs using tandem mass spectrometry (MS-MS) and inductively coupled 
plasma-mass spectrometry (ICP-MS) ranging between 0.4–3.0 ng L-1 [44,47]. 
Stir-bar sorptive extraction (SBSE) is similar to SPME with both solvent less 
direct immersion or headspace sampling applications [7,48,49]. SBSE 
provides an increased pre-concentration capacity of 50–250 times over SPME 
[47], however, uptake and elution conditions (e.g. sample pH, stirring speed, 
and temperature) must also be optimised for the target analytes. Recovery of 
extracted organotins is by liquid desorption [48] or on-line thermal desorption 
[49] (using a specialised unit). Using PDMS stir bars and 2D gas 
chromatography-tandem mass-spectrometry (GC-GC-MS-MS) or LC-MS-MS, 
LODs of 0.01–0.8 ng L-1 for butyltins in sea water have been reported [7,50]. 
Commercially available SBSE sorbent coatings were previously limited to 
PDMS; however, bespoke adaptations (e.g. C18) are emerging [48]. 
 
3.2 Derivatisation 
Derivatisation is fundamental to the analysis of organometallics by GC; with a 
review of in-situ borate methods by Zachariadis et al. [51]. Derivatisation 
strategies for organotins include alkylation using Grignard reagents or 
alkylborates (commonly NaBEt4) or conversion using borohydride species 
(e.g. sodium borohydride - NaBH4). NaBEt4 is the most popular reagent (Table 
3), due to its application within aqueous matrices, its functionality in on-line 
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and off-line simultaneous derivatisation and extraction and its extended range 
to phenyltin compounds [47]. Grignard reagents (e.g. ethyl-, pentyl- or hexyl-
magnesium bromides) are used post extraction within a non-polar phase and 
can be used to manipulate GC retention times for organotin derivatives. 
Although high derivatisation yields are possible with most sample matrices 
[52], Grignard reagent is less favoured due to the requirement of expert 
handling techniques together with dry conditions to avoid reactions with water, 
acids ketones and alcohols [52]. Derivatisation with NaBEt4 is simpler; 
undertaken in the aqueous phase converting organotins into their ethyl 
derivatives. The pH must be regulated (pH 4-6) to allow for nucleophilic 
substitution of ethyl groups to the organotin cation. NaBEt4 is made-up at 
concentrations 1–5 % within deionised water or methanol, having a short shelf 
life (~ 3-4 days at 4˚C). Reagent life-times can be extended by freezing, 
although most methods use a fresh solution for each batch of extractions [34]. 
NaBH4 can be used with aqueous matrices for simultaneous derivatisation and 
extraction, however, due to the volatility of these organotin derivatives losses 
can occur. NaBH4 can suffer from interferences with complex matrices (e.g. 
biota and sediments); mainly from interactions with metals and the subsequent 
production of metal borides (inhibiting the formation Sn-H bonds on organotin 
compounds) [52]. Due to the robustness of the above procedures, 
investigations for alternative reagents have received little attention, however, 
there is interest in developing automated on-line methods to promote 
consistency and reduce labour costs.   
3.3 Separation  
3.3.1 Gas Chromatography 
Capillary GC is the most common technique used for the separation of 
organotins, owing to its high resolving power and the variety of sensitive and 
selective detectors available. Modern methods can separate differing organic 
moieties (butyl, phenyl, propyl) in one run [32] using a non-polar column (e.g. 
5% phenyl-methylpolysiloxane stationary phase). Typically, columns are 25-
30 m long, with inner diameters of 0.25 mm and stationary phase film 
thicknesses of 0.1-0.3 µm [33]. Analysis is undertaken using splitless injection 
(1–5µL, 250–280˚C) initially with the oven temperature held just below the 
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boiling point of the extractant solvent, then increased ~ 40 to 280˚C over a 
cycle). Other injection techniques such as on-column and programmed 
temperature vaporisation-large volume injection (PTV-LVI) can be used to 
improve LODs [68]. PTV-LVI is an on-line solvent evaporation technique, 
where larger injection volumes (10–100 µL) are evaporated within the inlet. 
Loss of early eluting compounds (e.g. ethylated MBT and TPrT) can be 
problematic and the method needs careful optimisation. Cryo-apparatus for 
cooling the inlet < 20˚C can improve the retention of early eluting compounds. 
Sample run times range from 10–40 min, and are dependent on the mass 
range of analytes separated and the type of organic species produced in the 
derivatisation step.  
3.3.2 Liquid Chromatography 
Derivatisation is not required for LC allowing faster analytical procedures and 
eliminating a potential source of cross-contamination. Limitations include 
sensitivity and the types of detectors, as well a limited range of organic 
moieties separated with one analytical sequence. Commonly used detectors 
are MS, MS-MS, ICP-MS [71], with fluorimetry now reported less. A variety of 
mobile and stationary phase combinations are used. The latter include ion-
exchange, reversed phase, normal phase, ion-pair, size exclusion, micelle and 
vesicle-mediated and supercritical fluid systems [32]. Stationary phases can 
broadly be categorised by either ion-exchange or reversed phase 
chromatography [32,72]. Ion-exchange stationary phases are typically based 
on styrene divinylbenzene resin or silica, where cationic organotin species 
compete with the mobile phase counter ions for ionic sites [32,72]. Styrene 
divinylbenzene resins swell causing compression effects. Cross-linking 
overcomes this but causes a decrease in the mass transfer process [32,72]. 
Silica groups are more stable allowing faster elution and use of high column 
pressures. Silica columns are pH sensitive and stable at pH 2–8, therefore, 
buffer solutions are used to reduce peak tailing [32,72]. With ion-exchange 
chromatography, strong retention of mono-substituted organotins is 
problematic, and complexing agents and pH gradient elution are often needed 
[71]. For silica-based columns, mobile phases use methanol (50–90% v/v) with 
an added salt (e.g. ammonium acetate or citrate at 0.005–0.2 mol L-1) [32,72]. 
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With reversed phase chromatography, the mobile phase is typically water with 
an organic modifier where the elution strength is increased over time [29,32].  
3.4 Detection  
The most sensitive detection methods are coupled with GC, where tin-specific 
element detection (ICP-MS, PFPD, and microwave induced plasma-atomic 
emission detection (MIP-AED)) provides instrument detection limits (IDL) at 
sub pg (Table 4). Method detection limits (MDLs) are dependent on the sample 
concentration in the analytical procedure, as well as the capacity of the 
chromatographic procedure [33]. In terms of meeting the  analytical 
compliance for the EU WFD for TBT (50 pg L-1), IDLs of detectors achieving 
sub pg detection (ICP-MS, PFPD, MS-MS) can theoretically attain the required 
sensitivity, when using large sample volumes (~ 1 L), and a pre-concentration 
stage. Consideration must be given to achieving very low procedural blanks. 
In routine laboratories these optimal procedures are rarely found, being 
impaired by day-to-day changes in the instrument sensitivity, high procedural 
blanks and complications related to field sampling (see section 4).  
Hyphenation of sensitive detection systems (e.g. ICP-MS) to GC and LC is 
complex to set-up and expensive to operate. For example, LC-ICP-MS 
requires additional oxygen to the nebuliser argon gas flow (for higher 
temperature combustion of organic solvents), increased power to the plasma, 
de-solvating equipment and a refrigerated spray chamber to avoid blockages 
of the interface [48]. LC applications can suffer reduced sensitivity (Table 4); 
typically being two orders of magnitude higher than GC-ICP-MS. The 
sensitivity of GC-ICP-MS is enhanced by using oxygen/nitrogen/argon plasma 
gas mixtures, which give an efficient breakdown and transmission of ethylated 
tin compounds [73] and permit higher tolerances to impurities in the sample 
matrix [51]. With ICP-MS detection, additional cleaning and maintenance of 
interface cones is required due to carbon deposition from solvents used in GC 
and LC applications. Conventional MS detection is more widely used, with 
IDLs (in selected ion monitoring (SIM) mode) being adequate for measuring 
organotins in biota and sediment samples (typically µg g-1 to ng g-1 ranges) 
[34]. MS-MS methods using ion trap [7] and triple quadrupole techniques [64] 
have been described recently; allowing for greater sensitivity and selectivity 
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over single MS detection methods at sub pg concentrations. Flame 
photometric detectors (FPD) (and the more recent pulsed flame photometric 
detector) have a slightly reduced selectivity in comparison to mass selective 
detectors and can suffer matrix interferences (in particular from sulphur 
compounds sometimes found in sediment samples) [56]. Despite the 
requirement for increased sample clean-up, photometric methods have LODs 
in the sub pg range [74].  
3.5 Quantification  
Quantification can be undertaken by external calibration or using isotopically 
enriched organotin compounds in ID procedures. When using derivatisation, 
the use of internal standards (typically tripropyltin) is important to correct for 
the efficiency of this step and the extraction yield. Pre-derivatised standards 
(as ethylated tin compounds) are available commercially, but are expensive to 
purchase in comparison to their non-derivatised analogues. Non-derivatised 
standards can be obtained either as pre-made stock solutions (within a 
miscible solvent for ethylation), or as alkyl-tin liquids and salts. Non-derivatised 
standards should be made up as matrix-matched equivalents to the sample(s) 
being analysed. Quantification using ID is the main technique for measuring 
butyltins. ID uses 119Sn enriched MBT, DBT and TBT spiked into the sample. 
The concentration of each organotin in the sample is then calculated as a ratio 
from the known isotopic abundances of both the spike and sample [79]. ID 
reduces sample and standard processing and accounts for interactions and 
conversions by the different organotin species in the sample [80]. High 
sensitivity can been achieved, with LODs ~ 0.18–0.25 ng L-1 in 100 mL of water 
[81]. Commercially available isotopically enriched standards are expensive, 
but this can be offset from the reduction of analysis time compared with 
external quantification methods. 
4. Monitoring of organotins 
Sampling organotins in water and sediment needs special precautions. 
Usually amber shaded glass bottles are used, but polycarbonate, PTFE and 
aluminium materials are alternatives [20]. Polyvinyl chloride (PVC) should be 
avoided as di-substituted butyltins are used as stabilisers in this material. 
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Short-term storage of sediment samples is optimal at 4˚C (with long-term 
storage at -20˚C being preferred) [33]. Sampling of organotins in water is 
problematic as normally large volume samples are needed in order to achieve 
the sub ng concentrations necessary to fulfil the current EQS requirements for 
TBT in the WFD. Ultra-clean sampling containers and laboratories are 
necessary to achieve low background blanks, along with the associated 
sensitive and robust instrumental methods. An alternative method for 
monitoring organotin compounds in water is the use of passive sampling, and 
this technique has received some attention over the past decade.  
Passive samplers can effectively reduce LODs of the analytical procedure to 
within the EQS ranges for TBT, as well as reducing some sources of error 
inherent with spot water sampling methods. The devices can be used to 
sequester the bioavailable fraction of organotins in the water column, and 
depending on their mode of operation, allow for estimation of time-weighted 
average (TWA) concentrations of pollutants over their deployment [67]. 
Samplers also allow the detection of intermittent pollutant events that can be 
potentially missed using low frequency spot sampling methods. Organotin 
compounds detected in the aquatic environment have range of log 
octanol/water partition coefficients (log Kow), with TBT having reported log Kow 
= 3.49-5.07, depending on the associated anionic ligands [82]. Table 5 shows 
the types of passive sampler used to monitor organotins in the aquatic 
environment, which can be broadly considered as non-polar types of device. 
The organotin Chemcatcher® uses a 47 mm C18 3M Empore® solid-phase 
extraction disk as the receiving phase overlain with a thin cellulose acetate 
diffusion-limiting membrane. Both are contained in PTFE housing. Aguilar-
Martinez et al., (2008) [83] using a laboratory calibration tank with varying 
water temperatures and turbulences, determined the sampler uptake rates of 
different organotins  as MBT = 6–18 mL d-1, DBT = 41-204  mL d-1, TBT = 29-
202 mL d-1 and 26-173 mL d-1 for TPhT. Limits of detection ranged from 0.2–
7.5 ng L-1. Due to the small active sampling area (17.4 cm2) of the 
Chemcatcher® (and hence lower uptake rates compared with other methods) 
lower LODs (at sub ng L-1 for TBT) have been achieved using large silicone 
rubber sheets (active sampling area = 300 cm2) [67] (Figure 2). The more 
hydrophobic compounds with the higher log Kow gave the largest sampling 
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rates with MBT = ~1.0 L d-1, DBT = ~1.8 L d-1 and TBT = ~2 L d-1. Smedes et 
al. [67] found that diffusion coefficients of organotins were relatively slow, with 
di-substituted organotins having the lowest diffusion coefficients. The diffusion 
coefficients for ionic species were also found to be much lower than neutrally 
associated organotins [67]. LODs of < 0.1 ng L-1 for TBT were anticipated using 
this technique.  
Biofouling of samplers and the influence of the diffusive boundary layer at the 
water-sampler interface (as a function of flow rate variations) can cause 
inaccuracies with the measurement of TWA concentrations. These factors 
need to be considered as part of the overall validation procedure when using 
passive samplers. As samplers sequester the freely dissolved concentrations 
of target analytes, their direct use can be problematic within the WFD and 
other statutory regulations, where the determination of ‘total’ concentrations is 
mandated. However, the measurement of the freely dissolved (sometimes 
referred to as the ‘bioavailable fraction’) concentration may more accurately 
reflect environmental risk and this aspect is presently under discussion with 
scientists, policy makers and regulators    
5. Conclusions 
Due to its ubiquitous presence, persistence, and high toxicity at low 
concentrations, TBT will remain on the regulatory agenda for some time. 
Current monitoring and analytical methods are able to meet sediment and 
biota EQS requirements for TBT. These, however, cannot routinely achieve 
those stipulated for surface waters within the WFD. It is challenging to achieve 
these low concentrations for TBT, requiring dedicated laboratories and a high 
capital investment in instrumentation. The use of isotopically enriched 
organotin standards help in allowing more sensitive analyses and these can 
be readily incorporated into mass spectrometric assays. Despite these 
advancements in quantification, analysis of organotins is still comparably 
complex and time consuming, with extraction and derivatisation procedures 
accounting for the highest sources of analytical error. In terms of autonomy, 
miniaturisation, and the reduction in labour; on-line SPME and LPME show 
potential as sample extraction and pre-concentration procedures; although 
these still may not be seen as routine methods and require significant 
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investment in equipment for large sample throughputs. In-situ long-term 
deployment of silicone rubber passive samplers, used in conjunction with 
highly sensitive analytical methods may offer a path forward to attain the 
measurement of the low aqueous concentrations of organotins as required in 
many international directives.   
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Table 1. International regulatory limits and guideline quality 
standards for tributyltin (TBT).       
Country
/Region 
Guideline 
publication/ 
legislation Matrix Ref 
 
  Salt  water Fresh water Sediment Biota   
Europea
n Union 
EU WFD 
surface water 
limits for TBT 
0.2 ng L-1 annual average and 1.5 ng L-
1 maximum allowable concentration  
- - 
11 
OSPAR 
Region 
OSPAR 
CEMP 
assessment 
reports/EACs 
0.1 ng L-1 water concentration 
0.02 µg kg-1 
sediment dry 
weight 
12 µg 
kg-1 
mussels 
dry 
weight 12 
United 
States of 
America 
US EPA 
One-hour 
average 
concentration not 
exceeding 0.42 
µg L-1 more than 
once every three 
years (acute 
criterion). Four-
day average 
concentration 
does not exceed 
0.0074 µg L-1 
more than once 
every three 
years (chronic 
criterion) 
One-hour average 
concentration 
does not exceed 
0.46 µg L-1 more 
than once every 
three years (acute 
criterion). Four-
day average does 
not exceed 0.072 
µg L-1 more than 
once every three 
years (chronic 
criterion) 
- - 
13 
Australia 
Toxicant 
Guidelines for 
the Protection 
of 
Aquaculture 
Species 
(under 
review). 
Australian 
Sediment 
Quality 
Guidelines for 
TBT 
Salt water 
production: 
 < 0.01 µg L-1 
Fresh water 
production:  
< 0.026 µg L-1  
Low value:  
5 ng g-1 , 
Trigger value: 
 70 ng g-1  
- 
14 
Canada 
Canadian 
Water Quality 
Guidelines of 
Organotins for 
the Protection 
of Aquatic Life 
0.001 µg L-1  
0.008 µg L-1  
(and 0.022 µg L-1  
for triphenyltin) 
- - 
15 
Italy 
Italian 
Parliament 
(Legislative 
Decree 
219/2010) for 
Priority and 
Priority 
Hazardous 
Substances in 
Sediments 
- - 0.5 µg kg-1  - 
16, 17 
Norway 
Norwegian 
Sediment and 
Marine Water 
Quality 
Guideline 
Values for 
TBT 
Group 1 - 
Background (0 
ng L-1) Group 2 - 
Good (0 ng L-1) 
Group 3 - 
Moderate (0.2 ng 
L-1) Group 4 - 
Polluted (1.5 ng 
L-1) Group 5 - 
Severely polluted  
(3 ng L-1) 
- 
Group 1 - 
Background (0 
µg kg-1), 
Group 2 - 
Good (1 µg kg-
1), Group 3 - 
Moderate (5 
µg kg-1), 
Group 4 - 
Polluted (20 
µg kg-1), 
Group 5 - 
Severely 
polluted (100 
µg kg -1) 
- 
17 
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Table 2. Concentrations of organotins in sewage sludge, landfill leachate and landfill gas. 
Sample type Study MMT DMT TMT MBT DBT TBT TPhT Unit (cation) Ref 
Sewage 
sludge 
Data from review 
of micro-pollutants 
in sludge (3 
studies) 
- - - ND-6,000 ND-7,500 ND-6,000 < 20-9,000 ng g-1 22 
Sewage 
sludge 
GC-PFPD method 
for organotins in 
sewage sludge 
- - - 265 376 100 - ng g-1 23 
Landfill 
leachate 
Transformation of 
organotin 
compounds in 
landfill leachate. 
Municipal  non-
hazardous waste 
landfill, Ljubljana, 
Slovenia 
 
99 188 289 149 16 23 - ng L-1 24 
Landfill 
leachate 
Municipal non-
hazardous waste 
landfill, Barje, 
Ljubljana, Slovenia 
(excluding 
hazardous landfill) 
144-258 54-198 167-469 161-195 57-141 9.7-51 - ng L-1 25 
Landfill 
leachate 
Municipal landfill,  
South of France 
(2005-2006) 
ND-169 38–1,002 165–8,958 ND-458 ND-215 195-3314 - ng L-1 26 
Landfill 
leachate 
Municipal landfill 
(excluding 
hazardous landfill), 
Bavaria, Germany 
ND-27 ND-1227 37-2894 ND-843 ND-411 ND-37 - 
ng L-1, As 
reported 
median(s) 
27 
Landfill gas  TeMT TMET DMDET TEMT TBMT TeET    
Landfill gas 
(volatile 
organotin 
species) 
Municipal landfill 
(excluding 
hazardous landfill), 
Bavaria, Germany 
6,468 -> 240,000  - - - - - - ng m-3 27 
Landfill gas 
(volatile 
organotin 
species) 
Municipal landfill, 
South of France 
(2005-2006)  
2,106-> 34,000 196-1,467 948–6,322 282-1,392 ND ND-24  ng m-3 26 
DMDET = dimethyldiethyltin, DMT = dimethyltin, GC = gas chromatography, ND = not detected/below detection limit, PFPD = pulsed flame photometric detector, TBMT = tributylmethyltin, TeET = tetraethyltin, TEMT = 
methyltriethyltin, TeMT = tetramethyltin, TMT = trimethyltin, TMET = trimethylethyltin
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Table 3. Selected extraction and analytical procedures for the analysis of organotins from 2004. 
 
Extraction 
method 
Matrix Method  Extraction and derivatisation Instrument 
Method detection limits (MDL) Units  
 
Ref 
TBT DBT MBT TPhT DPhT MPhT 
Accelerated 
solvent 
extraction (ASE) 
Marine sedimenta 
artificial sea  
waterb 
ASE at 100°C at 
1,500 psi 
1:1 (v/v) MeOH:0.5 M acetic acid LC-MS-MS 
3.7a 
244b 
     
ng g-1a 
ng L-1b 
53 
 Marine sediment 
ASE at 50˚C at 
13,790 kPa 
750 mL MeOH,  250 mL of H20, 1 mol of 
acetic acid, 1 mol anhydrous sodium 
acetate and 
0.6 g tropolone. Derivatised using NaBEt4.  
GC-FPD        54 
 Marine sediment 
ASE at 100°C at 
1,500 psi 
1 M sodium acetate, 1 M acetic 
acid:MeOH (1:1). Derivatised using 5 % 
NaBEt4. 
GC-MS 1.0 1.0 1.0    ng g-1 55 
 Marine sediment 
ASE at 125˚C at 
14 MPa 
0.01 M HCl Grignard reagents (pentyl 
magnesium bromide). 
Extracted into hexane/tropolone 
GC-MS 3.7      ng g-1 35 
 Marine sediment 
ASE at 50˚C at 
13,790 kPa 
750 mL MeOH, 250 mL of H20, 1 mol of 
acetic acid, 1 mol anhydrous sodium 
acetate and 0.6 g tropolone. Derivatised 
using NaBEt4. 
GC-FPD 19 3.7 10 14 18 13 ng g-1 56 
 Mammalian liver 
ASE at 125°C at 
800 psi 
1 M acetic acid and 1 dm-3 of MeOH–
water. Derivatised using 2 % NaBEt4. 
Extracted into n-hexane. 
GC-FPD 15 14 15 38 17 28 ng g-1 57 
Liquid phase 
microextraction 
(LPME) 
Estuarine water DLLME 
780 µL of MeOH and 20 µL of CCl4.  
Derivatised using 2 % NaBEt4. 
GC-MS 1.7 2.5 5.9    ng L-1 45 
 Sea water HS-SDME 
Sample pH adjusted to 5. NaBEt4
a and 
NaBH4
b derivatisation. Extracted into n-
decane. 
GC-ICP-MS 0.80a, 20b 1.8a, 60b 
1.4a, 
480b 
   ng L-1 47 
 Mussel tissue,   
PACS-2 sediment 
HS-SDME and 
UAE 
5 mL HCl : MeOH (0.12 mol L-1). Optimal 
derivatisation with NaBEt4. 
GC-ICP-MS        47 
 Sea water 
DI-SDME into α, α, 
α-trifluorotoluene 
pH adjusted to 3. Tetrakis(4-
fluorophenyl)boratea and  NaBEt4
b 
derivatisation. 
GC-MS-MS 0.36a. 6.3b   2.9a. 0.85b   ng  L-1 44 
Solid phase 
microextraction 
(SPME) 
Mussel tissue 
UAE HS-SPME 
with PDMS fibre 
10 % NaOH: MeOH). 
Derivatised using 2 % NaBEt4. 
GC-MS-MS 7.3 5.9 4.4    ng g-1 58 
 Fresh water 
HS-SPME with 
PDMS fibre 
Sodium acetate to buffer to pH 4.0. 
Derivatised using 4 % NaBEt4. 
GC-MS 4.1 2.4 1.4 6.7 5.0 3.6 ng L-1 59 
 
 
 
Marine sediment 
UAE and HS-
SPME with PDMS 
fibre 
HCl : MeOH (1:20 v/v). 
Derivatised using 2% NaBEt4. 
GC-FPD 1.7 4.5 5.3 20 17 8.4 ng g-1 60 
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Extraction 
method 
Matrix Method Extraction and derivatisation Instrument 
Method detection limits (MDL) Units  
 
Ref 
TBT DBT MBT TPhT DPhT MPhT 
 
Sea water, 
effluents 
HS-SPME PDMS 
fibre investigated 
NaCl added to sample, sodium acetate 
buffer to pH 5. Derivatised using 2 % 
NaBEt4. 
GC-FIDa 
GC-MSb 
100a 
0.025b 
  
1000a 
0.5b 
100a 
0.025b 
 ng L-1 6 
 
Fresh water and 
sea water 
HS-SPME with 
DVB/CAR/PDMS  
1 mL buffer solution 5 mL sample. 200 µL 
of 2 % NaBEt4 added. SPME for 15 min
-1 
at 40˚C. 
GC-MSa 
GC-MS-MSb 
27a 
9.0b 
17a 
33b 
28a 
4.0b 
   ng L-1 61 
 Sea water 
SWCN using HS-
SPME 
Sodium acetate buffer to pH 5.3. Solution 
magnetically stirred at 45˚C and 
derivatised with NaBEt4. 
GC-MS 2–5 for butyltins    ng L-1 42 
 Fresh water and 
sea water 
(DI-SPME). 
PDMS/DVBa and 
CW/TPRb 
investigated. TMT 
and TPrT included 
in study 
NaCl added to 75 g L-1. Sample 
magnetically stirred during SPME 
immersion. 
LC-ICP-MS 449a   32a   ng L-1 43 
Microwave 
assisted 
extraction (MAE) 
Marine sediment 
Samples 
microwaved at 
100˚C for 4 
minutes at 200 W 
Acetic acid a and tartaric acidb. pH adjusted 
to pH 5. Derivatised using 2 % NaBEt4. 
Extracted into iso-octane. 
GC-MS 
126a,13
3b 
82a, 70b 63a, 32b    ng L-1 62 
 NMIJ CRM 7306-a  
marine sediment 
MAE at 120°C in 
10 min then held 
for 10 min. ID 
spiking used for 
quantification 
Toluene with 0.1% tropolone, 
10 mL 1 mol L−1 acetic acid: MeOH. 
Derivatised with NaBEt4. Extracted into 
toluene.  
GC-ICP-MS        63 
Solid phase 
extraction (SPE) 
Mineral water 
Strata C18-E
a, 
SCX, and 
Chromabond® 
aminopropyl 
phases (NH2/C18). 
ID spiking for 
quantification 
Adjusted to pH 5. Derivatisation using 0.5 
% NaBEt4 (H2O) and 10 % NaBEt4 in THF.  
DCM, ethyl acetate, THF, MeOH 
investigated for C18 elution.  
GC-ICP-MS 0.50a      ng L-1 2 
 Marine sediment 
Post extraction 
purification 
undertaken on 
Florisil and silica 
columns 
10 mL tetrahydrofuran solution (containing 
0.6 M HCl). Extracted into 20 mL of 0.01% 
tropolone–hexane (m/v). Derivatisation 
using Grignard’s reagent. 
GC-MS-MS 0.4–1.5 ng g-1 64 
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Sea water C18 cartridges 
C18 pre-treated with 5 mL MeOH and 10 
mL of 10-2 M HCl.  Eluted using 2 mL 
MeOH. 
LC-MS 20-80  ng L-1 65 
Extraction 
method 
Matrix Method Extraction and derivatisation Instrument 
Method detection limits (MDL) Units  
(as 
cation) 
Ref 
TBT DBT MBT TPhT DPhT MPhT 
 
Fresh water and 
sea water 
Online SPE (C18) 
coupled with LC 
electrospray 
ionisation mass 
spectrometry 
Adjusted to pH 2.7. 3 mL of sample 
introduced on to C18 pre-column. Elution 
by 0.1 % (v/v) formic acid and 5 mM 
ammonium formate. 
LC-MS 20   20   ng L-1 38 
 
Marine sediment 
and water assays 
Development of a 
multi-method on-
line derivatisation 
sequence 
incorporating SPE 
EnviTM 18 
cartridges 
SPE conditioned using 3 mL ethyl acetate, 
3 mL MeOH, 3 mL H2O and 3 mL 5 % HCl. 
Elution by 3 x 0.5 mL ethyl acetate. 
Derivatisation using NaBH4. 
GC-MS        66 
SPE -  
Molecularly 
imprinted 
polymer solid-
phase extraction 
(MISPE) 
Mussel tissue 
Fe3O4 
nanospheres with 
MIP 
poly(ethyleneglyco
l dimethacrylate) 
layer with a TBT 
template. 
Supplemented 
with UAE. 
MeOH:  acetic acid (1:1 v/v). Washed with 
6 mL of 4:1 MeOH: CH2Cl2. Final elution 6 
mL of 0.1 M formic acid in MeOH; 
reconstituted in formic acid and H2O (1:9 
v/v). 
LC-MS-MS 
1.0-
2.8 
     ng g-1 39 
Soxhlet 
extraction 
Sea water 
Passive sampling. 
Deployment (7 
weeks) of silicone 
rubber sheets 
within sea water 
200 mL acetonitrile: 3 mL acetic acid. 20 
% NaBEt4 in ethanol. LLE = n-hexane. 
GC-MS 
0.04-0.1 (freely dissolved concentrations). 
 
ng L-1 67 
Stir-bar sorptive 
extraction 
(SBSE) 
Fresh water, sea 
water, fresh water 
sediments and 
marine sediment 
100 µm silica C18 
particles, fixed 
with PDMS. Stir 
bar pre-treated 
with methanol. 
Optimised to pH 4 
Desorption undertaken with formic acid 
(10% v/v) triethylamine (5%) oxalic acid 
(10 mmol L-1) and 40 % (v/v) methanol. 
LC-ICP-MS 16 16 29    ng L-1 48 
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for 30 minutes at 
600 rpm  
 Sea water, tap 
water 
HSSE-TD. PDMS 
stir ba. 
pH adjusted to 4.8. Derivatisation using 2 
% NaBEt4. 
GC-MS  3.9 4.4    ng L-1 49 
 Sea water 
Method for SBSE 
(PDMS) using in-
situ derivatisation 
and LVI 
MeOH added to 40 % in 30 mL sample. 
Extracted into n-pentane Derivatisation 
using NaBH4.  
GC-MS 23      ng L-1 68 
 Sea water 
Method 
development of 
SBSE with PDMS 
stir bar 
Sample adjusted to pH 2. Elution by 
ultrasonication with acetonitrile and formic 
acid (0.1 % v/v). 
LC-MS-MS 0.80      ng L-1 50 
 
LC-MS, sea, 
industrial effluent, 
tap and mineral 
water 
SBSE with PDMS 
stir bar. Use of 
deuterated (TBT-
d27) internal 
standard. 2 h 
stirring at 750 rpm 
1% NaBEt4 solution. 
GC-GC-MS-
MS 
0.01      ng L-1 7 
 
Estuarine watera, 
marine sedimentb 
and biotac 
(HSSE-TD) PDMS 
stir bar 
Sediments extract = 2 mol L-1 HCl with 
anion exchange resin and ultrasonication. 
Biota samples = 10 % KOH-MeOH. 
Derivatised using 0.1-2 %NaBEt4. 
GC-MS 
0.8a,  0.04b, 
0.03c 
0.4a, 
0.04
b,0.0
1c 
2.0a, 0.03b, 
0.02c 
   ng L
-1 a,  
ng g-1 b,c 
69 
Supercritical fluid 
extraction (SFE) 
Clam tissue 
SFE and SPME. 
SFE  = 45˚C at 30 
MPa, 1.2 L min-1 
CO2 modified with 5 % MeOH. 
Derivatised using 2 % NaBEt4. 
GC-MS        70 
CCl4 = tetrachloromethane, CW/TPR = Carbowax/templated resin, DCM = dichloromethane, DI-SDME = direct immersion-single drop microextraction, DLLME = dispersive liquid-liquid microextraction, DVB = divinylbenzene, DVB/CAR/PDMS = 1 
divinylbenzene/Carboxen/polydimethylsiloxane, FPD = flame photometric detector, GC = gas chromatography, GFAAS = graphite furnace atomic absorption spectrometry, HS-SDME = headspace-single drop microextraction, HSSE-TD = headspace 2 
sorptive extraction-thermal desorption, HS-SPME = headspace-solid-phase microextraction, ICP-MS = inductively coupled plasma-mass spectrometry, ID = isotope dilution, LC = liquid chromatography, LLE = liquid-liquid extraction, LVI = large 3 
volume injection, MAE = microwave assisted extraction, MIP = molecularly imprinted polymer, MQL = method quantification limit, MS = mass spectrometry, MS-MS = tandem mass spectrometry, NaBEt4 = sodium tetraethylborate, NaBH4 = sodium 4 
borohydride, PDMS = polydimethylsiloxane, PFPD = pulse flame photometric detector, SWCN = single walled carbon nanotubes, THF = tetrahydrofuran, UAE = ultrasonic assisted extraction, a,b,c = experimental variables.5 
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Figure 1. Biogeochemical cycle of organotin compounds in the 
aquatic environment, adapted from reference 20 and 28 (with 
permission).  
 
 
 
Figure 2. Silicone rubber passive sampler sheets attached to 
deployment frame (reproduced with permission from 88).  
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A simple, low cost GC/MS method for the sub-nanogram per litre 
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ABSTRACT 
Tributyltin (TBT) is a legacy pollutant in the aquatic environment, 
predominantly from its use in anti-foulant paints and is listed as a priority 
hazardous substance in the European Union’s Water Framework Directive 
(WFD). Measuring low concentrations of TBT and other organotins (e.g. 
monobutyltin (MBT), dibutyltin (DBT), diphenyltin (DPhT) and triphenyltin 
(TPhT)) at sub ng/L concentrations in coastal waters using standard laboratory 
instrumentation is very challenging. Conventional, low injection volume gas 
chromatography/mass spectrometry (GC/MS) combined with liquid-liquid 
extraction typically achieves limits of detection for TBT ~10 ng L-1. We describe 
a simple, programmed temperature vaporisation-large injection volume (50 
µL), GC/MS selected ion monitoring method for measuring DBT, TBT, DPhT 
and TPhT in coastal waters at lower concentrations. Quantification of MBT 
was not possible using these injection volumes  but was achieved using a 10 
µL injection volume together with a reduced injection speed.  
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This new approach offers: 
 When using a 50 µL injection, limits of detection = 0.70 ng L-1 and 
limits of quantification = 2.1 ng L-1 for TBT were achieved in 
derivatised standards   
 Recoveries of TBT and TPhT from coastal water > 97 % 
 Time consuming, off-line sample pre-concentration methods are 
unnecessary 
ARTICLE INFO 
Method name: Measurement of organotins in coastal water using GC/MS 
Keywords: Organotins, Tributyltin, Coastal water, Gas chromatography/mass 
spectrometry, Large volume injection, Liquid-liquid extraction, Ethylation   
Method details  
Safety protocol 
Organotin compounds are toxic and harmful to the environment, 
requiring care in use [1]. Sodium tetraethylborate (NaBEt4) is spontaneously 
flammable in air and produces toxic fumes when added to water. Great care 
must be exercised when using these compounds and adequate control 
measures put in place to manage risks before performing the method 
described in this article. For example: (1) Standards and solutions must be 
handled in a fume hood fitted with a carbon filter. (2) Purchasing small 
quantities (~ 1 g) of NaBEt4, negating the requirement for weighing out and 
reducing its exposure time to air. (3) Waste stock standards (as non-
derivatised analogues) disposed of as ‘chlorinated organotin waste’.  
 
Preparation of glassware 
Glassware is treated using the procedure described in reference [2]. 
Briefly, glassware is cleaned using a 10% Decon-90 solution at 85˚C (Decon 
Laboratories Ltd., Hove, UK), followed by soaking in hydrochloric acid (HCl, 
12 M) for 24 h. Afterwards, glassware is rinsed with water, then methanol and 
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dried (60˚C). This procedure gives low procedural blanks for all organotins 
measured. 
 
Reagents and standards 
Chemicals (analytical grade or better) are from Fisher Scientific Ltd. 
(Loughborough, UK) unless specified. Deionised water (> 15 MΩ cm, Purite 
Ltd., Thame, UK) is used as the laboratory water. Salts of the organotins 
(butyltin trichloride 97%, dibutlytin dichloride 97 %, tributyltin chloride 95%, 
diphenyltin dichloride 98%, triphenyltin chloride 95%) are used to make stock 
standards (1 g L-1) in methanol (LC-MS Chromasolv®, Sigma-Aldrich, Poole, 
UK) with storage and expiry dates as per manufacturer’s instructions. From 
these an intermediate stock solution is prepared at 1.0 mg L-1 and further 
diluted to give a working standard solution of 0.05 mg L-1 (as organotin cation 
equivalents). Tripropyltin (TPrT) chloride (2.0 mg mL-1 in dichloromethane) 
internal standard is diluted in methanol (1.0 mg L-1, as cation equivalent). 
Standards are stored in amber vials at 4˚C and sealed with foil-lined caps and 
are stable for 6 months under these conditions. Sodium acetate buffer solution 
(1 M, pH 4.20 ± 0.1) is used to control the pH of samples during derivatisation. 
Here, 136 g of sodium acetate trihydrate is added to a volumetric flask (1 L) 
and dissolved in water (500 mL). Glacial acetic acid (200 mL) is added slowly 
and then the solution diluted to volume using water. The buffer solution is 
stable for 6 months when stored at room temperature.  
Organotins are ethylated using 1 % (m/v) NaBEt4. In a fume hood, a vial 
of NaBEt4 (1 g, 97 %) is filled to the neck with water and the slurry rinsed (4-5 
separate washings) into a volumetric flask (100 mL) to ensure the NaBEt4 is 
completely dissolved. The solution is then diluted to volume using water (100 
mL). Solutions of 1 % NaBEt4 are stored at -20˚C and are stable for up to 2 
weeks. 
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Sampling 
Coastal water samples are collected in clean borosilicate glass bottles 
(1 L), sealed with aluminium foil-lined caps and are then transported to the 
laboratory in cool boxes [3]. Samples not analysed immediately are kept in the 
dark at 4˚C until analysis (within 14 days). 
  
Extraction and derivatisation of standards and coastal water 
Calibration standards are made up in volumetric flasks (250 mL) on the 
day of analysis. Standards (250 mL) and coastal water samples (250 mL) are 
analysed in the same manner using the following procedure: 
1. Add 20 µL of internal standard (TPrT, 1.0 mg L-1) and the appropriate 
volume of calibration standard to a labelled 250 mL volumetric flask. 
2. Using a glass funnel, add deionised/coastal water to the volumetric 
flask and make up to the mark. 
3. Add n-hexane (2.0 mL) and shake by hand (~ 1 min) to mix the two 
phases. 
4. Place flask on a mechanical shaker for 15 min at 400 oscillations min-
1. 
5. Allow the n-hexane/water phases to separate (~ 5 min). Add sodium 
acetate buffer solution (1.0 mL) to flask and invert to mix.  
6. In a fume hood, add 1 % NaBEt4 (1.0 mL) to flask, stopper and 
manually shake for 1 min). Place flask on a shaker for 10 min (400 
oscillations min-1) to ethylate the organotin compounds.  
7. Allow the layers to separate (~ 30 min). Transfer carefully the n-
hexane layer to a glass vial (10 mL). Add ~ 4 g of anhydrous sodium 
sulphate to the vial, seal with a foil-lined cap and shake to remove any 
residual water in the sample. Transfer the extract into an amber vial (2 
mL) for instrumental analysis. 
Derivatised extracts not analysed immediately are stored at -20˚C in the dark 
for no longer than 1 week. 
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GC/MS and large volume injection conditions 
An Agilent 7890A/5975C GC/MS (Agilent Technologies, Santa Clara, USA) 
with a programmed temperature vaporisation-large volume injector (PTV-LVI) 
and a CTC-PAL auto-sampler (CTC Analytics AG, Zwingen, Switzerland) is 
used for all analyses. The SKY™ Liner, baffled PTV (1.5 mm x 3.0 mm x 71 
mm, Cat. No. 23433.10) is from Thames Restek (Saunderton, UK). The GC 
guard column (Rxi® Guard Column (Cat. No. 10029), Thames Restek) is 
attached to the analytical column (HP5-MS (Cat. No. 19091S-233), Agilent 
Technologies Ltd, Stockport, UK) using a Universal press-tight glass 
connector (Cat. No. 20400) (Thames Restek). Table 1 and Figure 1 show the 
instrument conditions and timing intervals of the PTV-LVI programme (with 
flow and temperature settings adapted from reference [4]). 
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Table 1 
GC/MS conditions used for the analysis of organotin compounds. 
Instrument conditions 
 
Temperatures 
Injector temperature programme 40˚C, held for 1 min 
Ramp 1 
Ramp 2 
Final 
300˚C at a rate of 600˚C min-1, held for 1.9 min 
200˚C at a rate of -10˚C min-1, held for 1 min 
Inlet cooled to 40˚C 
Oven programme 35˚C for 1.5 min 
Ramp 1 15˚C min-1 to 300˚C (hold 2 min) 
MS interface 280˚C 
 
Injection conditions 
Injector PTV-LVI 
Syringe volume               
Injection volume 
100 µL 
50 µL 
Injection speed                                  1 µL s-1 
 
Flow rates 
Carrier gas Helium  
Injector mode PTV solvent vent 
Purge flow to split vent 50 mL min-1 
Vent 100 mL min-1 
Inlet pressure 0.479 psi until 0.81 min 
Gas saver 20 mL min-1 after 2 min 
Column flow rate 2.5 mL min-1 
 
Columns 
Guard column Non-polar Rxi® retention gap (1 m x 0.25 mm i.d.) 
Analytical column HP5-MS (30 m x 0.25 mm x 0.25 µm film thickness) 
 
Mass spectrometer conditions 
Mode Electron ionisation (70 eV) 
Solvent delay 8 min 
EMV mode Relative 
Acquisition mode Selected ion monitoring 
Dwell time  20 (ms per mass) 
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Fig. 1. PTV-LVI temperature and flow programmes used for analysis 
organotins (adapted from reference [4]). 
Data acquisition  
Data acquisition is undertaken with the MS in electron ionisation mode 
(70 eV) using selected ion monitoring (SIM). Quantification and confirmation 
ions used are shown in Table 2.  
Table 2 
SIM acquisition parameters used for ethylated organotins.  
Ethylated 
organotin 
compound 
Parent 
organotin 
compound 
SIM group 
start time 
(min) 
Quantification 
ion (m/z) 
 Confirmation 
ion (m/z) 
Tripropylethyl-tin  
(ITSD) 
TPrT 9.6 193 235 
Butyltriethyl-tin MBT 8.0 162 179 
Dibutyldiethyl-tin DBT 10.5 261 263 
Tributylethyl-tin TBT 11.7 289 291 
Diphenyldiethyl-tin DPhT 14.5 301 303 
Triphenylethyl-tin TPhT 16.0 349 351 
ITSD = internal standard 
PTV temp 
GC temp 
Purge status 
Injection and solvent 
elimination 
PTV = 40˚C 
Oven = 30˚C 
Solvent purge on  
Vent flow = 100 mL min-1 
Vent pressure = 0.48 psi 
 
Sample transfer from 
inlet to column 
PTV cool down PTV = 300˚C 
Oven ramp 
Solvent purge off 
Inlet pressure 
(initial) = 6.35 psi 
psi 
Purge on  
Purge flow = 50 mL min-1 
0.00 min 0.81 min 1.50 min 22.00 min 
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Validation 
 External calibration is undertaken using 0, 2, 4, 8, 16, 32, 64, 80 ng L-1 
standards; with the low calibration range matching concentrations of 
organotins found typically in coastal waters. The external calibration solutions 
are prepared as follows. Appropriate amounts of the working standard solution 
(0.05 mg L-1, see above) together with internal standard solution (20 µL, to 
give a concentration of TPrT = 80 ng L-1) are added to a 250 mL volumetric 
flask and diluted to volume using water. Organotins in the calibration solutions 
are pre-concentrated in n-hexane (2 mL) and derivatised using the procedure 
as above. Linear regression of the internally standardised calibration plot 
typically gives correlation coefficients (R2) of MBT = 0.947, DBT = 0.993, TBT 
= 0.998, DPhT = 0.992 and TPhT = 0.993.                                                                                               
 Limits of detection (LoD) and limits of quantification (LoQ) are 
calculated using the International Conference on Harmonisation method [5]; 
where the standard deviation of the instrument response of the lowest 
calibration standard (σ) is divided by the  slope (s) of the calibration curve 
(where LoD = 3.3σ/s, LoQ = 10σ/s). LoD and LoQ are shown in Table 3. 
Recoveries of organotins are derived by spiking aliquots of unfiltered coastal 
water (250 mL, collected from Langstone Harbour, Portsmouth, UK, on 12th 
February 2016) with 10 ng (≡ 40 ng L-1) of each compound (n = 5). The natural 
concentration of organotins in the sample of coastal water are given in Table 
3. Both di- and tri-substituted compounds had acceptable recoveries from sea 
water (> 83 %). Recovery of MBT is reduced (58 %) and is attributed to 
increased evaporative losses in the injection liner during solvent venting (MBT 
has a higher volatility than di- and tri-substituted organotin compounds). For 
measuring just MBT in coastal waters, a smaller injection volume (10 µL) at a 
slower injection speed (0.41 µL s-1) increases retention and gave a higher 
recovery (~ 100%). 
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Table 3 
Summary of performance data for PTV-LVI GC/MS-SIM method. 
Compound 
Natural 
conc. 
(ng L-1) 
Measured 
conc.  
(ng L-1) 
% 
Recovery 
% 
RSD 
LoD rounded 
(ng L-1) 
LoQ rounded 
(ng L-1) 
MBT 11.5 34.7 58 19 * * 
DBT 3.2 36.7 84 8 0.2 0.5 
TBT 5.4 44.7 98 8 0.7 2.2 
DPhT ND 33.6 83 8 0.9 2.6 
TPhT ND 38.7 97 5 0.4 1.4  
Degrees of freedom (n = 5), ND = not detected. *not measureable using a 50 µL injection 
 An external proficiency scheme sample (RTC, Product ID QC1566, Lot 
LRAA2561, Sigma-Aldrich) containing TBT and TPhT in water is used to 
evaluate the performance of the method. The concentrations measured are in 
good agreement with the acceptance limits of the certified value (Table 4).  
Table 4 
Analysis of proficiency scheme sample for TBT and TPhT. 
Analyte 
Certified value 
(ng L-1) 
Acceptance limits 
(ng L-1) 
Measured concentration 
(ng L-1) (n = 3) 
TBT 43.8 ± 1.5 24.1-63.5 43.0 ± 0.5 
TPhT 33.0 ± 1.1 18.2-47.9 31.1 ± 1.0 
 
Additional information 
Organotins are the most heavily used (estimated global consumption 
40–80,000 t yr-1) organometallic compounds in the world; with uses including 
PVC stabilisers (DBT), chemical catalysts and precursors in glass coating 
(MBT) [6] and pesticides (TPhT) [7]. TBT is a legacy pollutant from its use as 
an anti-foulant, having a high toxicity and persistence in the aquatic 
environment. DBT and MBT are environmental degradation products of TBT. 
Since the banning of organotins in anti-foulant coatings (under the 
International Convention on the Control of Harmful Anti-fouling Systems on 
Ships (AFS Convention Annex 1, 2001) concentrations of TBT in coastal 
waters have declined [8] [9] [10]. Despite this decrease, concentrations in 
coastal waters can often exceed those harmful to aquatic biota (concentrations 
R2 = 0.91 
R2 = 0.997 
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of TBT up to 10 ng L-1 in the UK typically) [9]. These values exceed the WFD 
environmental quality standards (EQS; maximum allowable concentration = 
1.5 ng L-1 and annual average = 0.2 ng L-1 allowable concentrations of TBT).  
In order to achieve compliance with these EQS values, highly specialised, 
hyphenated instrumentation, such as GC-inductively coupled plasma-mass 
spectrometry [7] [8] and GC-tandem mass spectrometry [7] [11] [12] are 
required.   
Currently, standard laboratory instrumentation (e.g. GC/MS and GC-
flame ionisation or photometric detection) cannot meet the LoQ needed to 
detect organotins in coastal waters. In order to achieve these limits, additional 
time consuming and often costly, pre-concentration (solid-phase extraction, 
stir-bar sorptive extraction, or solid-phase microextraction) methods are 
needed [12] [13] [14].  The novel PTV-LVI GC/MS-SIM method described here, 
adaptable to most standard instruments, provides a simple, low-cost solution 
for the measurement of DBT, TBT, DPhT and TPhT at concentrations found 
typically in coastal waters worldwide.  
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Appendix 3: Uptake and Elution experiments 
3.1 Adsorption of organotins to FEP centrifuge tubes at ranges of ionic 
strength and pH  
For uptake experiments (Chapter 3, section 3.4.2.1) the gel/disk exposure 
solutions were spiked to the same concentration as those for gel/disk under 
the same experimental conditions (2 µg L-1 for pH and ionic strength 
experiments).  
It was found that in absence of the 47 mm Bondesil™ gel/Empore™ disk 
phases, adsorption to the vessel walls was much higher. It was therefore 
determined that for the experiments including the C8 of C18 phase; overall 
organotin affinity was much higher for gels/disks at equilibrium (notably for 
TBT and TPhT), with the kinetic uptake to gels reducing the concentrations 
available for partitioning to the vessel wall (Figure A3.1). Variables on phase 
affinity are shown in Chapter 3, section 3.4.4. Figure A3.2 shows the % 
adsorption of organotin species to the FEP uptake solution container over 
experimental ranges of pH, ionic strength and concentration.  
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Figure A3.1 Simplified diagram of the partitioning kinetics for 
organotin compounds at equilibrium between gel/disks, uptake 
solution (aqueous phase) and the FEP centrifuge vessel wall; where 
(i) high uptake to gel/disk phase(s) occurring, with (ii) negligible 
desorption from the gel/disks. Adsorption of organotins to the FEP 
wall occurs (iii), however, the affinity to this phase is much lower, 
therefore offloading to the aqueous phase occurs at a higher rate, 
providing more analytes in the aqueous phase for uptake to the high 
capacity, high affinity gel/disk phase(s).   
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Figure A3.2. Adsorption to FEP vessel walls under variables of (i) 
pH at 0.01 M NaCl, 2 µg L-1 (ii) NaCl ionic strength at pH 8.0 and (iii) 
organotin concentration(s) at over concentration, with pH 4.0, 
NaCl 0.01 M, for MBT  DBT  TBT  DPhT  and TPhT .  
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3.2 Preparation of buffered solutions 
For uptake and elution (%) experiments; solutions were made up as fresh 1 L 
batches prior to undertaking the experiments. For the pH ranges (4-9), all 
solutions were made to 0.01 M NaCl, using 0.001 M equivalent(s) of each 
buffer. Solution preparation and experiments were undertaken at 20 ˚C.  
For pH 4 and 5 solution at 0.01 M NaCl.  
0.59 g of NaCl was weighed and rinsed into a 1000 mL Class A volumetric 
flask. The flask was then filled with approximately 600 mL of deionised water. 
140 mg of sodium acetate was weighed and rinsed into the volumetric flask 
(for 0.001 M in 1 L). A magnetic stirrer and a calibrated pH meter (Mettler 
Toledo SK20, Leicester UK) were placed into the 1000 mL volumetric flask 
and the solution was stirred until all solutes were dissolved. The pH of the 
solution was adjusted to pH 4 or 5 using 0.1 M HCl, after which the solution 
was diluted to 1000 mL.     
For pH 6 and 7 solution at 0.01 M NaCl.  
0.59 g of NaCl was weighed and rinsed into a 1000 mL Class A volumetric 
flask. The flask was then filled with approximately 600 mL of deionised water. 
0.14 g of potassium orthophosphate was weighed and rinsed into the 
volumetric flask (for 0.001 M in 1 L). A magnetic stirrer and a calibrated pH 
meter (Mettler Toledo SK20, Leicester, UK) was placed into the 1000 mL 
volumetric flask and the solution was stirred until all solutes were dissolved. 
The pH of the solution was adjusted to pH 6 or 7 using 0.1 M HCl, after which 
the solution was diluted to 1000 mL.     
For pH 8 and 9 solution at 0.01 M NaCl.  
0.59 g of NaCl was weighed and rinsed into a 1000 mL Class A volumetric 
flask. The flask was then filled with approximately 600 mL of deionised water. 
0.38 g of sodium tetraborate was weighed and rinsed into the volumetric flask 
(for 0.001 M in 1 L). A magnetic stirrer and a calibrated pH meter (Mettler 
Toledo SK20, Leicester, UK) was placed into the 1000 mL volumetric flask and 
the solution was stirred until all solutes were dissolved. The pH of the solution 
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was adjusted to pH 8 or 9 using 0.1 M HCl, after which the solution was diluted 
to 1000 mL.     
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Appendix 4: DGT experiments 
4.1 Organotin diffusion coefficients  
4.1.1 Calibration tank experiment 1 - Introduction. 
At the start of the project, sourcing a 20 L glass chromatography tank to the 
same specifications used by Aguilar-Martinez et al., (2008) was unsuccessful, 
with tank suppliers either no longer in existence or unable to manufacture the 
tanks as a commercial product.  Stainless steel was therefore investigated as 
a substitute for experiments.  
4.1.1.1 Calibration tank experiment 1 - Method  
A flow through system was assembled to a 48 L stainless steel tank in a 
temperature controlled laboratory (15˚C). Tap water was introduced to the tank 
by a mains water supply, set to a flow rate of 30 mL min-1.  An organotin mixed 
solution containing MBT, DBT, TBT, TPhT (40.4 µg L-1) of 1:3 (v/v) MeOH: 
deionised water was introduced to the calibration tank using a peristaltic pump 
(at a rate of 0.3 mL min-1 under continual stirring). The analyte delivery system 
was constructed using PTFE tubing, with 20 cm peristaltic tubing inserted at 
the pump mechanism interface (Figure 4.10). It was calculated that this 
configuration would provide a theoretical tank concentration of 0.4 µg L-1, with 
the full replenishment of the tank achieved every 36 h (Vrana et al., 2006). A 
stainless steel passive sampler carousel was placed into the tank and rotated 
at 40 rpm using an overhead stirrer (Figure A4.1). Samples were taken in 
triplicates at regular intervals over the 100 h experiment and analysed using 
the methods described in Chapter 2, section 2.4. During experiments, 
recordings of pH and conductivity were monitored. 
 For stage 2 of the experiment, the tank was left to fully flush (30 mL min-1 tap 
water only), with no organotin feed solution introduced. After complete 
flushing, the feed solution was introduced with the Initial conditions were kept 
the same as before. Once tank equilibration was achieved and stabilisation 
measured, the organotin feed solution was increased to 80.8 µg L-1. At this 
stage of the project, a PTV-LVI method had not been developed; therefore 
analysis was undertaken using GC/MS 2 µL splitless injection. 
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Figure A4.1 Stainless steel flow-through calibration tank (with top 
removed).  
 
4.1.1.2 Calibration tank experiment 1 – Results 
A stainless steel, flow through calibration tank containing tap water (flow rate 
of 30 mL min-1) was mixed using a continuous spike of 1:3 MeOH:deionised 
water organotin mix (40 µg L-1 at a rate of 0.3 mL min-1) over 100 h. Figure 
A4.2 (i) shows the results of the calibration tank experiment using 40.4 µg L-1  
organotin stock solution. It was found that over time concentrations of DBT, 
TBT and TPhT increased during the first 55 h of the experiment. After this time, 
the concentration of DBT, TBT and TPhT stabilised, with DBT and TBT at 0.25 
µg L-1, The concentrations of DBT and TBT measured in the tank were much 
lower than those calculated (~ 60 % recovery) but were at similar 
concentrations to each other. TPhT equilibration was measured at lower 
concentrations (0.10-0.12 µg L-1); with recovery of TPhT < 30 % of the 
expected recovery. MBT was below its LOD (27 ng L-1) during the experiment.  
Flow rate control for tap water (30 
mL min-1).  
Overhead stirrer (40 rpm) 
attached to stainless steel 
sampler carousel.   
Peristaltic pump at 0.3 mL min-1.    
1:3 (v/v) MeOH: deionised water 
organotin mix solution (40 µg L-1).   
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It was considered that these lower concentrations were attributable to the high 
uptake of organotin species to the tank wall/flow through fixtures, where the 
uptake and offloading under flow through conditions provided a state of 
equilibrium at much lower concentrations than anticipated. To account for the 
loss of compounds to the experimental apparatus, the experiment was 
repeated, with the initial feed solution made at 40.4 µg L-1 and then doubled to 
80.8 µg L-1 to observe if increased concentrations of organotin stock solution 
allowed for the direct increase in the concentration of organotins in the 
aqueous phase (Figure A4.2 (ii)).  
 
Figure A4.2 Concentrations of MBT , DBT  , TBT  and TPhT  
measured in the stainless steel tank during (i) 100 h experiment with feed 
solution concentration of 40 µg L-1 and (ii) 320 h experiment with feed 
solution concentration increase to 80.4 µg L-1 (80.4 µg L-1 introduction 
time ) (n = 3).  
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After increasing the concentration of the mixed organotin feed solution to 80 
µg L-1, the concentration of all compounds increased during experiments, with 
DBT, TBT and TPhT tank equilibration measured at 0.4-0.5 µg L-1. 
Concentrations of MBT increased above its respective LOD, but were still 
found to be below the LOQ when using 2 µL splitless injections (LOQ = 81 ng 
L-1).  For pH, measurements ranged between pH 6.6-7.2 for the duration of 
both stages of the experiment. Conductivity was measured at 551-667 µS cm-
1. 
It was found that during the first flow through experiment (Figure 4.11(i), 
preliminary exposure of the tank to organotins provided a prolonged 
equilibration exceeding 36 h, with the adsorption of organotins to active sites 
of the tank apparatus occurring. By 50 h, the effect of this was significantly 
reduced, allowing for increased concentrations of DBT, TBT (and to a lesser 
extent, TPhT) at equilibrium.  MBT was considered to have the highest 
proportion of interaction(s) with the tank apparatus, where at the time of 
equilibration, concentrations of MBT were still non-detectable in the aqueous 
phase. It was considered that the higher electrostatic interactions of MBT (i.e. 
having a higher charge from the RSnX3 structure) increased the interaction of 
MBT to experimental apparatus.  
For the second phase of experiments (Figure A4.2(ii)), equilibration time of 
DBT, TBT and TPhT in the tank was found to be in agreement with the time of 
complete tank replenishment (36 h) and was thought to be most likely from the 
pre-treatment of apparatus to organotins from the first experimental stage. 
After a prolonged experimental run time (160 h), concentrations of DBT, TBT 
and TPhT were found to remain relatively stable in in the tank.  When doubling 
the concentration of the organotin stock solution to 80.4 µg L-1, concentrations 
of DBT, TBT and TPhT also represented a near equally proportionate increase 
in concentration in the tank water (Figure A4.2(i)). MBT was detected during 
the second run of experiments, but at concentrations below its LOQ (< 81 µg 
L-1). A small increase in MBT was measured after the increase in stock solution 
(0.06-0.07 µg L-1), but remained below the experimental concentration (Figure 
4.2(ii)). Preconditioning of the tank/apparatus with MBT was postulated to be 
attributable to its detection in the second phase of the experiment.   
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4.1.2 Calibration tank experiment 2 - Introduction. 
MBT iinteraction with the stainless steel tank and apparatus were considered 
to be the primary mechanism affecting its recovery. To improve recoveries, a 
plastic coating with an adhesive backing was introduced to the walls of the 
calibration tank. The plastic was initially identified as PTFE and was sourced 
for a similar application by a previous project student. The inside of the 
stainless steel tank was lined with the material, ensuring that no gaps were 
present between the walls of the tank. The use of a PTFE carousel for 
Chemcatcher® passive sampler tank deployments (Vrana et al., 2006) was 
used instead of a stainless steel carousel. The lined tank was filled with tap 
water and was left static for 7 days with the carousel set to 40 rpm. The water 
in the tank was then sampled, and was spiked using an organotin mixed 
standard (1 g L-1) to a calculated concentration of 0.4 µg L-1. To determine if 
adsorption of organotins was occurring to the walls of the lined tank, the flow 
through system was not turned on for the duration of the experiment. During 
the experiment, samples were taken in triplicates and the concentration of 
organotins in the tank water measured by splitless injection (2 µL) GC/MS. 
During the first day of the experiment, samples were taken every hour for 7 h 
to observe any change in organotin concentrations after spiking.  
At this stage of the project, DPhT had been added to the analytical suite.  
Figure A4.3 Plastic lined tank with Chemcatcher® carousel  
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4.1.2.1 Calibration tank 2 – Results  
Figure A4.4 Concentrations of MBT , DBT  , TBT  , TPhT   and DPhT  
measured in the plastic-lined tank (non-flow through) over 80 h (n = 3). 
Butyltin compounds are shown in (i) and phenyltin compounds are 
shown in (ii).  
The plastic lined tank was filled with tap water and left for 7 days with the flow 
through system and organotin feed solution disconnected. After sampling, the 
tank was spiked to 0.4 µg L-1 using a 1 g L-1 mixed organotin with the water in 
the tank was sampled at 7 h intervals for the first day and once a day for the 
following three days. The results for butyltin before spiking, MBT, TBT, DPhT 
and TPhT were not detected in the tank. DBT was measured at 0.23 µg L-1 
after 7 days of the tank water exposed to the plastic lining.  
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After spiking, all organotins were detected in the tank, however were still found 
to be below the concentrations calculated for the spike (with the exception of 
DBT). TBT and TPhT were measured at ~ 50 % less than 0.4 µg L-1.  During 
the first day, concentrations of MBT were found to fluctuate around the LOD 
and were still measured to be below the LOQ = 0.81 µg L-1.  Concentrations 
of DBT following spiking were measured to be nearly double the concentration 
calculated for the spike (at ranges of 0.71-0.83 µg L-1) and continued to show 
an increase over the 48 h of the experiment. DPhT was found to decrease 
after the first day of the experiment, with its loss attributable to adsorption to 
the wall of the tank or degradation during the experiment. After the experiment, 
tap was introduced to the tank at 30 mL min-1 and sampling continued. It was 
found that all compounds were removed from the tank water to concentration 
below their respective LOQs; with the exception of DBT, which returned to a 
starting concentration of ~ 0.20 µg L-1.  
It was found that the plastic lining was found to leach DBT, with the increase 
of its concentration observed in non-flow through conditions. Therefore this 
tank was discounted from further experimentation.  
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4.1.3 Glass calibration tank experiment 
4.1.3.1 Glass calibration tank experiment - methods 
A glass chromatography tank of the same specifications to Aguilar-Martinez et 
al (2008) was sourced from Manchester NHS Teaching Hospitals, 
Manchester, UK in July 2014. A different approach from those described in 
Appendix 4 was adopted, where a non-flow through system, similar to those 
in other DGT and Chemcatcher® experiments was adopted (Ahkola et al., 
2015; Hutchins et al., 2012; Panther et al., 2014). For this, 20 L of 0.7 M NaCl 
solution was made up in the tank using deionised water, with 0.001 M borax, 
buffered to pH 8.10 ± 0.1 using 37 % HCl (monitored during the experiment 
with a pH electrode). The temperature of the tank solution was recorded during 
the experiment to ensure a nominal temperature of 20 ± 1˚C was maintained 
for the duration of the experiment.  A PTFE carousel was placed in the tank 
and rotated at 40 rpm using an overhead stirrer, where the pH of the tank 
solution was monitored for 2 days before the deployment of DGTs. The tank 
was spiked to 50 µg L-1 using a 1 g L-1 organotin mix solution in methanol (at 
60 h after pH stability start). The tank solution was sampled before the spike, 
then at regular intervals afterwards (as 10 mL triplicates) so as to observe any 
losses of analytes to the tank over time. Samples were derivatised and 
extracted by spiking into 250 mL volumetric flasks, which were then made up 
to the line with deionised water and analysed using the same procedure as 
described in Chapter 2, Section 2.4. Once stability and control of the of 
organotins in solution was established, Bondesil™ C8 binding gels overlain 
with 0.6 mm agarose diffusive gel and an MCE membrane were assembled in 
custom PTFE housings. Samplers were stored in 0.7 M NaCl for 24 h before 
deployment into the tank. Samplers were removed in triplicates at intervals of 
24, 48, 72, and 96 h (duplicates analysed for non-deployed blanks), with the 
mass (M, ng) on the Bondesil™ C8 binding gels determined by methods in 
Chapter 3, Section 3.4.2.2. Removed samplers were replaced by non-loaded 
PTFE housings, so as to preserve tank solution kinetics (Gunold, Schäfer, 
Paschke, Schüürmann, & Liess, 2008). During DGT deployments, the 
concentration of organotin compounds in the tank was monitored and 
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corrected by additional spiking to correspond with the reduction in mass in 
from the uptake by DGT.  
4.1.3.2 Results 
Figure A4.5 shows the pH of the glass tank over time. The stability of the pH 
in the tank was monitored throughout the duration of the experiment and also 
after DGT deployments to observe the efficiency of the borax pH buffer. It was 
found that the experiment water pH was stable, but demonstrated a small rate 
of decrease over time from the uptake of CO2 from the air. To account for this, 
the pH was raised using 20 %, NaOH, via the slow addition (1-2 mL) into the 
tank using a Pasteur pipette (with NaOH introduction times shown in Figure 
A4.5). Before 200 h, the pH was found to be stable at pH 7.8-8.2 for 
approximately 48 h between NaOH additions, with intervention required at 
approximately every 2 days. After this time, the pH of the water was found to 
fluctuate more frequently, with the intervals of time required between pH 
adjustments reduced. Tank stability was found to be suitable for DGT 
deployments.  
Figure A4.5 pH of the glass tank solution in 0.7 M NaCl with 10 mM borax, 
over time (h) with the additions of  20 % NaOH (w/v).  
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4.3.2.2 Stability of organotins in tank solution 
Figure A4.6 Concentration of butyltins in calibration tank solution, with 
intervals of spiking DGT deployment time  and overall mean 
concentration  
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Figure A4.7 Concentration of DPhT and TPhT in calibration tank solution, 
with intervals of spiking , DGT deployment time   and overall 
mean concentration   
Concentrations of MBT were found to be within quantifiable ranges (> LOQ = 
0.14 µg L-1, for 10 mL sample(s) using 10 µL PTV-LVI injection). After 1 h, 
MBT was measured at 41 µg L-1, however, decreased to 30 µg L-1 during the 
first 24 h of the experiment. MBT remained stable during the following 24 h, 
but was proceeded by a reduction to 25 µg L-1 the following day. Similarly, 
DBT also showed a decrease in concentration during the first 24 h of the 
experiment; but with higher variability between measurements. The 
concentration of DBT was measured to be > 50 µg L-1, with a mean 
concentration of 69-71 µg L-1 during the first 2.5 days of the experiment. TBT 
and TPhT was found to have the most optimum stability; with concentration(s) 
of 40-44 µg L-1 during the first 2.5 days of the experiment. Initially, 
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concentrations of DPhT were excessively high, with concentrations > 180 µg 
L-1. It was uncertain as to why this occurred as DPhT  was not detected in pre-
spiking samples, indicative of no carry over from previous tank exposures. A 
discrepancy with the spiking standard was therefore considered the most likely 
cause for this result. During the first 3 days, DPhT exhibited the greatest loss 
of all organotins from solution (with a decrease > 80 µg L-1).  
To observe the response of the tank under additional spiking (where the supply 
of organotins adsorbed by DGT is replenished with one spike), a calculated 
nominal mass of 200 µg mixed standard of each compound was spiked into 
the tank (to increase the concentration of each organotin by 10 µg L-1) This 
was undertaken by the addition of 200 µL of 1 g L-1 standard into the tank at 
61 h. Spiking was found to increase the concentration of all organotin 
compounds, with TBT and TPhT increased by of 4-7 µg L-1. MBT, DBT and 
DPhT had increased concentrations of 8-10 µg L-1 after spiking.  
At 79 h into the experiment, DGT sampling devices were deployed into the 
tank on the rotating PTFE carousel (40 rpm). Water samples (10 mL) were 
collected every 2 h, for 8 h.  After 40 h of DGT deployments, a decrease in 
MBT was observed and was considered to be from the uptake of the more 
polar organotins diffusing into the sampler(s) at a faster rate. TBT and TPhT 
had a negligible decrease in water concentration; with TBT measured as 
having lower reproducibility for the first 2 days of DGT deployment. TPhT 
demonstrated small fluctuations in concentration. It was considered that for 
this to occur, a degree of resupply to the aqueous phase from the glass tank 
walls was also occurring. DPhT showed a continual decline in concentration; 
with low reproducibility observed during the first 6 h after DGT deployment. At 
100-110 h, concentrations of DPhT had stabilised to ~43 µg L-1. 
Concentrations in the tank were monitored during the remaining time for DGT 
deployments and were re-spiked with 200 µg of each organotin at 117 h and 
177 h intervals during the experiment. At 150 h of the experiment, MBT 
showed the highest fluctuation in concentration; with a reduction of MBT 
measured at 1.7 µg L-1 (at 152 h). DPhT also demonstrated losses during this 
stage of experimentation (24 µg L-1), but to a lesser extent than MBT. DBT, 
TBT and TPhT remained the most stable during the last 50 h of the experiment.   
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It was determined that the high concentration, non-flow through glass tank 
experiment provided the most optimal performance in terms of organotin 
stability and allowed for the control of water pH and ionic strength(s) in the 
tank.  The non-flow through tank also allowed for the deployment of DGT 
devices over a period of 120 h. It was determined that using concentration(s) 
of  two orders of magnitude higher than in the other experiments, faster 
conditioning of the tank with MBT was likely to have allowed for its dissolution 
in the aqueous phase during the first 100 h in the experiment.  
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4.4 Regression model standardised residuals 
4.4.1 MBT analysis 
 
Figure A4.7 Standardised residual measurements of MBT observational 
data from (i) linear regression modelling (ii) Log(concentration of MBT) 
linear regression modelling (iii) exponential regression modelling (iv) 
exponential regression modelling with a linear term. 
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4.4.2 DBT analysis 
Figure A4.8 Standardised residual measurements of DBT observational 
data from (i) linear regression modelling (ii) Log(concentration of DBT) 
linear regression modelling (iii) exponential regression modelling (iv) 
exponential regression modelling with a linear term. 
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4.4.3 TBT analysis 
Figure A4.9 Standardised residual measurements of TBT observational 
data from (i) linear regression modelling (ii) Log(concentration of TBT) 
linear regression modelling (iii) exponential regression modelling. 
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 4.4.4 DPhT analysis 
Figure A4.10 Standardised residual measurements of DPhT 
observational data from (i) linear regression modelling (ii) 
Log(concentration of DPhT) linear regression modelling (iii) exponential 
regression modelling (iv) exponential regression modelling with a linear 
term. 
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4.4.5 TPhT analysis 
 
 
Figure A4.11 Standardised residual measurements of TPhT 
observational data from (i) linear regression modelling (ii) 
Log(concentration of TPhT) linear regression modelling (iii) exponential 
regression modelling  
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Appendix 5: Physiochemical ancillary data 
5.1 Statistical analysis of DGT profiles 
5.1.1 One-way ANOVA using Games-Howell analysis  
  MBT  
Core 7 8 9 
7    
8    
9    
    
 DBT   
Core 7 8 9 
7    
8    
9    
 
 
 
 
 
 
Figure A5.1 ANOVA Games-Howell analysis summary for MBT, DBT and 
TBT DGT profiles. 
 
 
 
 
  
  TBT  
Core 7 8 9 
7    
8    
9    
  p < 0.05 
  p < 0.001 
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5.1.2 Correlation analysis for DGT profiles (February 2016)  
Table A5.1 Pearson’s correlation for butyltins with depth (cm) in core 4. 
 Depth MBT CDGT 
DBT 
CDGT 
TBT 
CDGT 
MBT 
flux 
DBT 
flux TBT flux  
Pearson 
Correlation 1 .691  -.104 .827
*  .948* 
 
       
N 11 8 2 5 8 2 5 
* = correlation is significant at 0.05 level, ** = correlation is significant at 0.01 level 
 
Figure A5.2 Scatter plots for DGT in core 4 for (i) MBT flux (ii) TBT flux. 
  
(i) 
(ii) 
r = 0.83 
r = 0.95 
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Table A5.2 Pearson’s correlation of MBT and DBT with depth (cm) in 
core 5. 
  Depth MBT flux DBT flux MBT CDGT DBT CDGT  
Pearson 
Correlation 1 .848
** .743* .847** .742* 
            
N 11 10 10 10 10 
 * = correlation is significant at 0.05 level, ** = correlation is significant at 0.01 level 
 
Figure A5.3 Scatter plots for DGT in core 5 for (i) MBT flux (ii) DBT flux 
(iii) MBT CDGT (iv) DBT CDGT. 
 
 
Table A5.3 Spearman’s correlation of butyltins with depth (cm) in core 
5. 
(i) (ii) 
(iii) (iv) 
r = 0.85 
r = 0.85 
r = 0.74 
r = 0.74 
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 Depth TBT flux TBT CDGT 
Spearman's rho 
  
1.000 .782** .782** 
      
 N 
 
11 11 11 
* = correlation is significant at 0.05 level, ** = correlation is significant at 0.01 level 
 
Figure A5.4 Scatter plots for DGT in core 5 for (i) TBT flux (ii) TBT CDGT.  
 
Table A5.4 Spearman’s correlation of butyltins with depth (cm) in core 
6. 
      Depth 
MBT 
flux TBT flux 
MBT 
CDGT TBT CDGT 
Spearman'
s rho 
Dept
h 
Correlatio
n 
Coefficient 
1.000 .400 .886** .400 .886** 
   
      
  N 
9 9 8 9 8 
* = correlation is significant at 0.05 level, ** = correlation is significant at 0.01 level 
(i) (ii) 
r = 0.78 
r = 0.78 
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Figure A5.5 Scatter plots for DGT in core 6 for (i) TBT flux (ii) TBT CDGT.  
 
 
 
 
 
 
 
 
 
 
(i) (ii) 
r = 0.89 r = 0.89 
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5.2 Particle size analysis 
 
Figure A5.6 Particle size composition (%) of core 8 at 1 cm resolution. 
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5.3 TOC % and total sulphur (%)  
 
Figure A5.7 TOC % and total sulphur (% S) in sediment core 8. 
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Appendix 6 Ethics certificate and Research Ethics Review Checklist 
 
Certificate of Ethics Review 
Project Title: The measurement of organotin compounds in 
marine sediment pore-water by diffusive gradients in 
thinfilms technique 
User ID: 324682 
Name: russell francis cole 
Application 
Date: 
12/09/2016 11:36:53 
You must download your certificate, print a copy and keep it as a record of this 
review. 
It is your responsibility to adhere to the University Ethics Policy and any 
Department/School or professional guidelines in the conduct of your study 
including relevant guidelines regarding health and safety of researchers and 
University Health and Safety Policy. 
It is also your responsibility to follow University guidance on Data Protection 
Policy: 
• General guidance for all data protection issues 
• University Data Protection Policy 
You are reminded that as a University of Portsmouth Researcher you are 
bound by the UKRIO Code of Practice for Research; any breach of this code 
could lead to action being taken following the University's Procedure for the 
Investigation of Allegations of Misconduct in Research. 
Any changes in the answers to the questions reflecting the design, 
management or conduct of the research over the course of the project must 
be notified to the Faculty Ethics Committee. Any changes that affect 
the answers given in the questionnaire, not reported to the 
Faculty Ethics Committee, will invalidate this certificate. 
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This ethical review should not be used to infer any comment on the academic 
merits or methodology of the project. If you have not already done so, you are 
advised to develop a clear protocol/proposal and ensure that it is 
independently reviewed by peers or others of appropriate standing. A 
favourable ethical opinion should not be perceived as permission to proceed 
with the research; there might be other matters of governance which require 
further consideration including the agreement of any organisation hosting the 
research. 
GovernanceChecklist 
A1-BriefDescriptionOfProject: The development of a sampling 
device for organotin compounds in the marine environment A2-Faculty: 
Science 
A3-VoluntarilyReferToFEC: No 
A5-AlreadyExternallyReviewed: No 
B1-HumanParticipants: No 
HumanParticipantsDefinition 
Certificate Code: 6FBC-F9D8-E80B-870D-71E7-6E95-DFCA-
E451 Page 1 B2-HumanParticipantsConfirmation: Yes 
B4-InvolvesNHSPatients: No 
B5-NoConsentOrDeception: No 
B7-InvolvesUninformedOrDependents: No 
B9-FinancialInducements: No 
C1-DrugsPlacebosOrOtherSubstances: No 
C2-BloodOrTissueSamples: No C3-
PainOrMildDiscomfort: No 
C4-PsychologicalStressOrAnxiety: No C5-
ProlongedOrRepetitiveTesting: No 
C6-SafetyRisksBeyondAssessment: No 
D2-PhysicalEcologicalDamage: No 
PhysicalEcologicalDamageWarning 
D4-HistoricalOrCulturalDamage: No 
HistoricalOrCulturalDamageWarning 
E1-ContentiousOrIllegal: No 
ContentiousOrIllegalWarning 
E2-SociallySensitiveIssues: No 
SociallySensitiveWarning 
F1-InvolvesAnimals: No 
InvolvesAnimalsWarning 
F2-HarmfulToThirdParties: No 
HarmfulToThirdPartiesWarning 
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G1-ConfirmReadEthicsPolicy: Confirmed 
G2-ConfirmReadUKRIOCodeOfPractice: Confirmed 
G3-
ConfirmReadConcordatToSupportResearchIntegrity: 
Confirmed 
G4-ConfirmedCorrectInformation: Confirmed 
Certificate Code: 6FBC-F9D8-E80B-870D-71E7-6E95-DFCA-E451
 Page 2 
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FORM UPR16 
Research Ethics Review Checklist 
 
Please include this completed form as an appendix to your thesis (see the 
Postgraduate Research Student Handbook for more information 
 
 
 
Postgraduate Research Student (PGRS) Information 
 
 
Student ID: 
 
324682 
 
PGRS Name: 
 
 
Russell Cole 
 
Department: 
 
 
SEES 
 
First Supervisor: 
 
Dr Gary Fones 
 
Start Date:  
(or progression date for Prof Doc students) 
 
 
01/10/2012 
 
Study Mode and Route: 
 
Part-time
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MD 
 
Professional Doctorate 
 
 
 
 
 
 
 
Title of Thesis: 
 
 
Determination of organotin compounds in coastal sediment pore-water by diffusive 
gradients in thin-films (DGT) technique 
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Thesis Word Count:  
(excluding ancillary data) 
 
 
63,097 
 
 
If you are unsure about any of the following, please contact the local representative on your Faculty Ethics Committee 
for advice.  Please note that it is your responsibility to follow the University’s Ethics Policy and any relevant University,  
academic or professional guidelines in the conduct of your study 
Although the Ethics Committee may have given your study a favourable opinion, the final responsibility for the ethical 
conduct of this work lies with the researcher(s). 
 
 
 
UKRIO Finished Research Checklist: 
(If you would like to know more about the checklist, please see your Faculty or Departmental Ethics 
Committee rep or see the online version of the full checklist at: http://www.ukrio.org/what-we-do/code-of-
practice-for-research/) 
 
 
a) Have all of your research and findings been reported accurately, honestly and 
within a reasonable time frame? 
 
 
YES 
NO    
 
 
 
 
 
b) Have all contributions to knowledge been acknowledged? 
 
 
YES 
NO    
 
 
 
 
 
c) Have you complied with all agreements relating to intellectual property, 
publication and authorship? 
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d) Has your research data been retained in a secure and accessible form and will 
it remain so for the required duration?  
 
YES 
NO    
 
 
 
 
 
e) Does your research comply with all legal, ethical, and contractual requirements? 
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